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Preface to ”Land Use and Water Quality”
This reprint of the special issue on Land Use and Water Quality in WATER is from the
4th International Conference ‘Land Use and Water Quality—LUWQ’ held at Aarhus University
from 3–6th June 2019. The Danish Centre for Environment (DCE) and Energy and Department of
Bioscience, Aarhus University was the Danish organizers together with RIVM National Institute
for Public Health and the Environment, The Netherlands, Geological Survey of Denmark and
Greenland (GEUS), Copenhagen, Denmark and Umweltbundesamt (UBA), German Environment
Agency, Dessau, Germany.
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Abstract: The interaction between land use and water quality is of great importance worldwide as
agriculture has been proven to exert a huge pressure on the quality of groundwater and surface waters
due to excess losses of nutrients (nitrogen and phosphorous) through leaching and erosion processes.
These losses result in, inter alia, high nitrate concentrations in groundwater and eutrophication of
rivers, lakes and coastal waters. Combatting especially non-point losses of nutrients has been a hot
topic for river basin managers worldwide, and new important mitigation measures to reduce the
input of nutrients into groundwater and surface waters at the pollution source have been developed
and implemented in many countries. This Special Issue of the Land use and Water Quality conference
series (LuWQ) includes a total of 11 papers covering topics such as: (i) nitrogen surplus; (ii) protection
of groundwater from pollution; (iii) nutrient sources of pollution and dynamics in catchments and
(iv) new technologies for monitoring, mapping and analysing water quality.
Keywords: land use; water quality; nutrients; surplus; management; mitigation measures; monitoring
and mapping technologies
1. Introduction
Agriculture provides food, fibre, energy and, last but not least, a living for many people around
the world [1–3]. A drawback of agricultural production is pollution of the terrestrial environment
with nitrogen via atmospheric deposition [4] and the aquatic environment by nutrients, pesticides
and trace elements [5–9]. Thus, growth of agricultural production, as has occurred in Europe and
North America since the 1950s and more recently in many other parts of the world, threatens the
quality of groundwater and surface waters or has already led to deterioration of the quality of these
waters [10–12]. Problematic hotspot areas are found in all countries around the world with typical
examples in Denmark, the Netherlands, Germany, Belgium, United Kingdom, northern Italy, France,
China, the United States and New Zealand.
Policies to abate the deterioration of water quality have been developed and programmes
to improve water quality implemented around the world. For example, the European Union has
adopted directives (the Nitrates Directive in 1991 [13]; the Water Framework Directive in 2000 [14];
the Groundwater Directive in 2006 [15]) with the objective of obtaining good quality in all waters
by 2027.
Experience from the last 15 to 25 years shows that it will be a great challenge to realise the
objectives of these policies in the remaining years of this decade, not only because the easy, low-cost
measures have already been implemented, but also because the need for food for a growing world
population creates a pressure to increase agricultural production. Since the easy, low cost measures
generally have already been introduced, there is a need for answers to questions like ‘Which measures
Water 2020, 12, 2412; doi:10.3390/w12092412 www.mdpi.com/journal/water1
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are most effective and at the same time the most cost-effective for water quality improvement’? As most
of the additional measures will have a larger effect on farm management, their implementation may be
less straightforward. This raises the question ‘Should measures be enforced by law or implemented on
a voluntary basis’?
Schoumans et al. [16] developed a new system for implementing mitigation measures in agricultural
systems to reduce phosphorus losses to water. Moreover, within the EU Cost-Action 869 programme,
a wide range of mitigation measures for reducing nutrient emissions from agriculture was collected [17].
Mitigation of nonpoint source nutrient pollution can be grouped into eight categories: (1) nutrient
management; (2) crop management; (3) livestock management; (4) soil management; (5) water
management within agricultural land; (6) land use change; (7) landscape management and (8) surface
water management. These mitigation measures can be further divided into source and transport
measures (Figure 1) [18,19].
Figure 1. Categories of mitigation options for nonpoint source nutrients in a landscape and
catchment context.
Source measures typically belong to groups 1–4 and 6, whereas transport measures belong to
groups 5, 7 and 8 (Figure 1). Mitigation measures can be adapted as mandatory requirements for
farmers as was the case during the period 1987–2015 in Denmark. This strategy was successful as
demonstrated by a reduction of nitrogen and phosphorus concentrations and loadings in streams and
rivers of nearly 50% and 70%, respectively, since 1990 [20]. A new era of management has, however,
evolved in Denmark involving the application of targeted mitigation measures in agriculture, including
local N-retention in groundwater and surface waters [21], as well as identification of phosphorus loss
hotspots in agricultural catchments (P-risk mapping) [22]. Currently, development, scientific testing
and application of new mitigation measures are ongoing worldwide. Research into new and more
engineered types of mitigation measures assisting in removing and capturing nutrients during the
transport from source to recipient waters is in progress [18,19].
Some of the above issues are touched upon in this Special Issue from the Land use and Water
Quality (LUWQ) conference series, of which the most recent, LuWQ2019, was held at Aarhus University
from 3 to 6 June 2019.
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2. History and Themes of the LuWQ Conference Series 2013–2021
The Land use and Water Quality conferences have their origin in the series of so-called international
MonNO3 workshops focusing on monitoring the effectiveness of the European Nitrates Directive action
programmes. The first MoNO3 workshop was held in The Hague in 2003 and the second in Amsterdam
in 2009. The workshops were limited to invited researchers and policy advisors from north-west
and central European countries. At the latter workshop, the importance of the European Water
Framework Directive for nutrients and other agriculture-related pollutants became clear. Furthermore,
in countries outside the European Union, interesting developments in agri-environmental research,
water management and policies have taken place. Therefore, we decided to broaden the scope of the
meetings and to continue them in the form of conferences.
Thematically, LuWQ currently covers a wide range of topics covered by the nine themes.
Three themes relate to more fundamental research:
(a) to increase our knowledge about ‘system functions’, i.e., basic hydrogeological and biogeochemical
processes and related tools and methodologies,
(b) water quality monitoring which is about improving the effectiveness and increasing the added
value of monitoring,
(c) impact of weather variability and climate change on water quality.
Three themes deal with the impact of policy and measures on water quality on plot, field,
catchment and national scales:
(d) assessing national or regional policy, e.g., with regard to the effectiveness of programmes of
measures on water quality,
(e) improving water quality by farm management practices (monitoring and modelling) and changes
in land use,
(f) improving water quality by establishing eco-technological mitigation measures and discussing
development, testing, implementation and operation to quantify the effects of such measures.
The last three themes cover management and social–economic aspects:
(g) managing protected areas for water supply and nature conservation including risk assessment
techniques, monitoring and modelling,
(h) decision-making on Programmes of Measures with topics which look into the role of stakeholder
input and science in policy decision-making, and
(i) implementation of Programmes of Measures that focusses on social and economic incentives and
regulatory mandates that drive implementation (carrots and sticks).
At the first LuWQ conference in The Hague in 2013, we had a total of 170 participants from
30 different countries from all continents. Since then, the number of participants rose to 175 at the
conference in Vienna in 2015, to 195 at the conference in The Hague in 2017 and to 240 participants in
Aarhus in 2019. Feedback of participants resulted in a separate theme about monitoring in 2017 and
distinguishing explicitly separate themes on farm management and technical measure for improving
water quality in 2019. Furthermore the setup of the conference developed, for example, by introducing
special sessions and workshops giving more room for in-depth discussion. However, the key strength
of the LuWQ conferences remained which is twofold: (1) LuWQ has a well-defined narrow focus on
‘agriculture and water quality’ and (2) the conference is broadly oriented with regard to the various
professional disciplines related to the conference topics.
3. Contributions
This Special Issue from the LuWQ2019 Conference hosted by Aarhus University, Danish Centre
for Environment and Energy and Department of Bioscience, includes a total of 11 papers related to land
3
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use and water quality. The papers are grouped into four sections according to their main aims. The first
section includes three papers discussing the use of the nitrogen surplus as an indicator to assess the
impact of agri-environmental policies and climate change on water quality. Protection of groundwater
from pollution is the guiding theme of the second section. The common theme of the three papers in
the third section is sources and dynamics of nutrients in catchments, and the last section contains four
papers that discuss new technologies for monitoring, mapping and analysing water quality.
3.1. Nitrogen Surplus
The nitrogen (N) surplus is an appealing indicator for assessing agri-environmental policies.
Klages et al. [23] used this indicator to demonstrate the effect of the sunny and dry summer of 2018
on the environment. The 2018 drought resulted in yield reductions between 10 and 35% of the main
crops grown in Germany, which led to an additional average N surplus of 30 kg/ha. Their calculations
showed that this surplus would have been higher (43 kg/ha) if farmers had not changed their regular
fertilisation practices. Klages et al. [23] referred to data showing an increase in mineral N in soil
(upper 0.9 m) in southern Germany of 36 kg/ha between spring 2018 and spring 2019. They therefore
concluded that water shortages in a changing climate not only impacted agricultural production and
yields but also created further challenges and threats to nutrient management and the environment.
To provide farmers with tools to reduce these risks, they discussed measures for bringing down N
losses in autumn and winter, counteracting the risk of crop failure and to increase N-efficiency during
the cropping season.
However, in a second paper, Klages et al. [24] questioned the use of the N surplus as a unified
indicator for water pollution at farm level in Europe. They analysed the methods of fertilisation planning
and nitrogen budgeting at farm level in fourteen European countries and came to the conclusion that
there is no unified indicator to the assist management of nutrients and water quality at farm level.
Although fertilisation planning is defined as “good agricultural practice” in the Nitrates Directive,
the directive does not accept the N surplus as an indicator for the success of its implementation into
national legislation. The authors argued that this is an obstacle to harmonising the methodology of
using nitrogen budgets as agri-environmental indicators at farm level. Additionally, the lack of farm
specific data for calculating budgets makes the N surplus at farm level less reliable. Nevertheless,
Klages et al. [24] state that nitrogen budgets at farm level can serve as a simple benchmark instrument,
next to autumn mineral nitrogen values of the soil, to identify the best management practices under
defined environmental and farming conditions.
A model-based assessment of the nitrogen surplus can also be used to analyse the fate of
agricultural nitrogen inputs into groundwater and nitrate concentrations in leachate as described in
the paper by Wendland et al. [25]. They coupled a water balance model, an agro-economic model
and a reactive transport model to calculate nitrate concentrations in leachate from N emissions from
agriculture, urban systems and small sewage plants in North Rhine-Westphalia with a spatial resolution
of 100 by 100 m. Wendland et al. [25] compared the modelled nitrate concentrations in leachate of
different land uses with measured nitrate concentrations in groundwater from 1500 monitoring wells.
The model results corresponded well with the measured results, with the exception of wells located in
aquifers with high denitrification capacities due to the fact that denitrification in groundwater was not
accounted for in the modelled nitrate concentrations in the leachate. Wendland et al. [25] highlight the
importance of considering systematically not only agricultural N-emissions when modelling nitrate
concentrations in densely populated regions, but argued that N-inputs from all sources (including
small sewage plants, urban systems and nitrogen oxides deposition) should be included, and such
a model seems promising for evaluating the relative contribution of each pollutant to the overall
N-pollution. The latter has supported the selection and adequate dimensioning of regionally adapted
agricultural N reduction measures.
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3.2. Protection of Groundwater from Pollution
The paper by Nicholson and colleagues [26] is a comprehensive review carried out within the
framework of the FAIRWAY project where approaches to protect drinking water from nitrate and
pesticide pollution have been assessed. The authors reviewed more than 150 decision support tools
(DSTs) applied by farmers, advisors, water managers and policy makers across the European Union
with the aim to identify tools applicable at farm scale. Out of these, 12 DSTs were selected for practical
testing at nine case study sites across Europe, based on their pertinence to the local challenges at the
nine locations. It turned out that the exchange of DSTs across Europe is still challenging because
of the different legislative environments, advisory frameworks, country-specific data/calibration
requirements, regional climate/soil differences, and language issues. Specifically, the authors found
that although many countries have developed comparable DSTs for similar problems, these—albeit
being based on the same input data—may deliver very different results. The authors conclude that the
potential for exchange of DSTs between countries is limited at present but necessary in order to promote
a more effective drinking water protection within EU, for instance by collecting the required data in
such a way that any transnational DST can be used consistently and thereby increase the comparability
between regions. Although the paper focuses on Europe, the concept may also be applicable in other
regions experiencing problems with high nitrate and pesticide concentrations in groundwater sources.
3.3. Nutrient Sources and Dynamics in Catchments
The paper “Influence of Farming Intensity and Climate on Lowland Stream Nitrogen” by
Goyenola et al. [27] elucidates the patterns and driving factors behind N fluxes in lowland stream
ecosystems differing in land use, soil characteristics and climatic-hydrological conditions. For the
purpose of the paper, three complementary monitoring sampling characteristics were applied to 43
selected streams showing contrasting farming intensities in a humid subtropical climate with flashy
conditions in Uruguay and a humid cold temperate with stable discharge conditions in Denmark.
The results proved that, in both study regions, farming intensity determined the concentrations in
and loss to streams of total dissolved N, nitrate and total N in spite of the differences in soil and
climatic–hydrological conditions between the case study areas. Ammonium and dissolved organic N
concentrations did not show significant responses to the farming intensity or climatic/hydrological
conditions, whereas a high dissolved inorganic N to total dissolved N ratio was associated with the
temperate climate and high base flow conditions but not with farming intensity. As for nitrate pollution
of surface waters, the authors touched upon an issue of general importance in many lowland areas.
In the Danish catchments, artificial drainage through tile drains is widespread, these acting as a shortcut
pathway for the transport of nitrate from the soils to surface waters. As part of the nitrate leached from
soils is transported directly in tile drains to streams and thus escapes from the denitrification processes
in the groundwater of lowland areas, connected streams draining intensively farmed catchments are
characterised by higher nitrate concentrations than streams in intensively farmed catchments without
drainage systems such as the subtropical streams in Uruguay.
Chen et al. [28] draw attention to the source apportionment and spatiotemporal dynamics of
nitrogen distribution and transport in hilly areas with a monsoon climate. Specifically, the paper
presents the results of applying a SWAT model to the Qiandao Lake Basin (China) to identify drivers
and transport processes in order to facilitate effective nutrient management. The simulation showed
that the basin’s annual average total nitrogen load between 2007 and 2016 of ca. 11,500 tons was
represented realistically by the model. The authors conclude that most of all available optimised
localised SWAT model parameters suitable for hilly areas with a monsoon climate, such as shallow
soil layers, were needed to provide reliable estimates, e.g., with regard to realistic representation of
the N loss peak from fertilised tea plantations in the subsurface flow in the period before the rainy
season. For such areas with intensive agriculture and high total nitrogen (TN) yields, the authors
suggest that water conservation practices should be implemented. Another main finding was that
the largest contributors to the N loads were domestic sewage (ca. 22%) and livestock production
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(21%), which highlights the need for not only constructing more wastewater treatment plants in areas
identified as sites of high domestic and industrial pollution but also for increasing their operational
efficiency. Although the paper focuses on a Chinese catchment, the concept of optimised localised
SWAT model parameters may be relevant for application in similar monsoon basins elsewhere that
experience problems with nitrate pollution of surface waters.
Ta et al. [29] performed a distributed model analysis on the gap between the current water status and
the good ecological status stipulated by the European Water Framework Directive (WFD) for an entire
region of Germany (state of Schleswig-Holstein) by applying the model system GROWA-MEPhos
with high spatial resolution. The model results on water balances and phosphorus sources and
emissions showed that phosphorus target concentrations were exceeded in 60% of the 6407 analysed
sub-catchments. The authors also found that a 269 tons P year-one reduction of the phosphorus input
to rivers and lakes in Schleswig-Holsten is required, corresponding to approximately 31% of the total
emissions to surface waters. As most of the phosphorus emissions into surface waters are derived
from agricultural diffuse sources, Ta et al. [29] concluded that the implementation of measures directed
against fertilisation and erosion control is needed. Moreover, improved treatment of waste in sewage
treatment plants may be an option, especially when they play a major emission role in urban areas.
Finally, the authors found that technically sound and plausible methods are required to better describe
the phosphorus retention processes in rivers and lakes in order to improve the model results.
3.4. New Technologies for Monitoring, Mapping and Analysing Water Quality
Song et al. [30] investigated the effects of land use on water quality across multiple spatial
scales based on both circular and riparian buffers in a rapidly urbanised region in Hangzhou City,
China. Their results showed that total nitrogen (TN) and total phosphorus (TP) concentrations were
closely related to land use at circular buffer scale, while relatively strong correlations were found
between land use and algae biomass at riparian buffer scale. At circular buffer scale, significant
positive correlations appeared between land use and TN concentrations when areas of industrial land,
urban greenspace and roads increased, whereas negative correlations were found with forests, lakes,
ponds and rivers. In the case of TP, significant correlations emerged between land use and industrial
areas at circular buffer scale, the correlation improving with increasing buffer size (100 m to 1000 m).
In addition, significant correlations existed between land use and algae biomass (total chlorophyll a),
with the clearest correlation occurring at the riparian buffer scale, and the authors therefore concluded
that riparian buffer zones might play a key role in the conservation of aquatic ecosystems. Finally,
the variation in water quality explained by landscape metrics increased with increasing buffer size,
implying that land use patterns may have a closer correlation with water quality at larger spatial scales
than those of this investigation (maxima of 1000 m for circular buffers and 300 m for riparian buffers).
Zhang et al. [31] investigated a water quality predictive model based on a combination of Kernal
Principal Component Analysis (kPCA) and a Recurrent Neural Network (RNN) to forecast the trend of
dissolved oxygen based on sensor data on electrical conductivity, pH, turbidity and chlorophyll-a in the
Burnett River, Australia. Enormous amounts of water quality data are collected by advanced sensors,
and the authors therefore foresee that use of data-driven models for predicting trends in water quality
will increase in the future. The water quality variables used in their investigation were reconstructed
based on the kPCA method, which aims to reduce the noise from raw sensory data and preserve
usable data. Due to the RNN’s recurrent connections, their model was able to include previously
gathered information to predict a trend for the future of water quality data. The kPCA-RNN model
achieved R2 scores up to 0.908, 0.823 and 0.671 in predicting the concentration of dissolved oxygen in
the upcoming 1, 2 and 3 h, respectively, using data from the previous 24 h time intervals as the model
input. The predictive accuracy of the kPCA–RNN model was at least 8-17% better than that of other
comparative models. Zhang et al. [28] concluded that the model inputs can be improved to include
extra information such as rainfall and to cover longer periods of time and, also, that the water quality
predictive model can be extended to support simultaneous prediction of multiple water variables.
6
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Hashemi et al. [32] investigated nutrient concentration–discharge (C–Q) relationships for hysteresis
behaviours and export regimes in 87 Nordic small streams draining mini-catchments from three Nordic
countries (Finland, Sweden and Denmark). The classification applied is based on a combination of
stream export behaviour (dilution, constant, enrichment) and hysteresis rotational pattern (clockwise,
no rotation, anticlockwise). The classification is intended to assist in the development of pollution
monitoring and management in catchments as it requires an in-depth understanding of spatial and
temporal factors controlling nutrient dynamics in streams. Hashemi et al. [32] documented that
the dominant nutrient export regimes were enrichment for NO3− and constant for total organic N
(TON), dissolved reactive P (DRP), and particulate P (PP). Nutrient hysteresis patterns were primarily
clockwise or no hysteresis. A Principal Component Analysis (PCA) considering the effects of catchment
size, land use, climate, and dominant soil type showed that land use and air temperature were the
dominant factors controlling nutrient C–Q types. Therefore, the nutrient export behaviour in streams
draining Nordic mini-catchments seems to be dominantly controlled by their land use characteristics
and, to a lesser extent, their climate.
Kim et al. [33] investigated lag time as an indicator of the link between nitrogen (N) surplus
in agriculture and groundwater nitrate concentrations utilizing a cross correlation analysis method.
The authors used groundwater monitoring data from three case study sites with groundwater-based
drinking water abstraction: Tunø and Aalborg-Drastrup in Denmark and La Voulzie in France. In these
case study sites, soil surface N surplus and long-term groundwater monitoring data were available for
the analysis. Kim et al. [33] found that for Tunø and La Voulzie, where matrix flow is the dominant
groundwater pathway, the N lag times continuously increased with an increasing distance from the
agricultural N source (in Tunø: from 0 to 20 years between 1.2 to 24 m below the land surface (mbls);
at La Voulzie: from 8 to 24 years along the groundwater pathway). However, in Aalborg-Drastrup
where both matrix and fracture flows are important groundwater pathways, the N lag times showed a
greater variability with depth: for instance, a 23-year lag time at 9–17 mbls compared to a 4-year lag
time at 21–23 mbls. The N lag times estimated in the study were generally found to be comparable to
groundwater ages measured by chlorofluorocarbons (CFCs). Kim et al. [33] concludes that the lag
time may be a useful indicator to reveal the hydrogeological links between the agricultural pressure
and water quality state, which is fundamental for a successful implementation of drinking water
protection plans.
To sum up, this Special Issue clearly fills in a gap in the knowledge about the many linkages
between land use and water quality. Special thanks are due to all the authors for accepting the call and
to the publishers for their professional assistance at all stages.
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Abstract: The hot summer of 2018 posed many challenges with regard to water shortages and
yield losses, especially for agricultural production. These agricultural impacts might further pose
consequent threats for the environment. In this paper, we deduce the impact of droughts on
agricultural land management and on water quality owing to nitrate pollution. Using national
statistics, we calculate a Germany-wide soil surface nitrogen budget for 2018 and deduce the
additional N surplus owing to the dry weather conditions. Using a model farm approach, we compare
fertilization practices and legal restrictions for arable and pig breeding farms. The results show that,
nationwide, at least 464 kt of nitrogen were not transferred to plant biomass in 2018, which equals an
additional average nitrogen surplus of 30 kg/ha. The surplus would even have amounted to 43 kg/ha,
if farmers had continued their fertilization practice from preceding years, but German farmers applied
161 kt less nitrogen in 2018 than in the year before, presumably as a result of the new implications
of the Nitrates Directive, and, especially on grassland, owing to the drought. As nitrogen surplus
is regarded as an “agri-drinking water indicator” (ADWI), an increase of the surplus entails water
pollution with nitrates. The examples of the model farms show that fertilization regimes with high
shares of organic fertilizers produce higher nitrogen surpluses. Owing to the elevated concentrations
on residual nitrogen in soils, the fertilization needs of crops in spring 2019 were less pronounced than
in preceding years. Thus, the quantity of the continuously produced manure in livestock farms puts
additional pressure on existing storage capacities. This may particularly be the case in the hot-spot
regions of animal breeding in the north-west of Germany, where manure production, biogas plants,
and manure imports are accumulating. The paper concludes that water shortages under climate
change not only impact agricultural production and yields, but also place further challenges and
threats to nutrient management and the environment. The paper discusses preventive and emergency
management options for agriculture to support farmers in extremely dry and hot conditions.
Keywords: climate change; nitrogen budget; nitrogen balance; water quality; land management;
extreme weather events
1. Introduction
The summer of 2018 was one of the hottest and driest in Europe [1]. Like in other European
countries, precipitation in 2018 fell far below the long-term mean (Figure 1a). This refers to all months
between February and November 2018 [2].
In comparison with the long-term mean, extended sunny periods between April and November
2018 dominated [1] (Figure 1b). These dry and sunny weather conditions led to a drastic reduction in
soil moisture in autumn 2018 [3]. In September and October 2018, the usable field capacity dropped
to around 30%, with the exception of south-east Bavaria in southern Germany, where values above
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100% were attained. In November 2018, usable field capacity still remained at levels between 35%
and 55% [3]. In some areas in the eastern German federal states, the values were remarkably low,
at 0–25% [3].
Figure 1. Conditions in Germany in 2018: (a) average monthly precipitation compared with long-term
means (in L/m2) [2] (source: [2], translated); (b) average monthly sunshine in 2018 in Germany compared
with long-term means (in hours/month) [4] (source: [4], translated).
This had an enormous impact on the agriculture of European Union (EU) Member States in
northern Europe, like Germany, especially owing to decreasing crop yields. In comparison with the
long-term level, yield reductions in 2018 nationwide were significant for all arable crops and for
grassland (Figure 2).
The year 2018 can thus be regarded as an example of the impact of extreme weather on agriculture,
and serves as a basis for discussion on how extreme events also influence land use and water quality
issues. Globally, anthropogenic climate forcing has doubled the probability of years that are both warm
and dry in the same location relative to their baseline data [6]. Further, they find an increased joint
probability that key crop and pasture regions simultaneously experience unusually warm conditions
in conjunction with dry years. That extreme events severely impact agricultural production has been
analyzed, for example, by Rosenzweig et al. [7]. Research has also been conducted to analyze the
impact on extreme events on nutrient concentrations in groundwater using modelling approaches or
statistical regression analysis [6,7].
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Figure 2. Yield reduction in Germany in 2018 in % of long-term yield (2012–2017) [5] (source: [5], translated).
According to the Organisation for Economic Co-Operation and Development (OECD) [8,9],
the gross nitrogen budget (GNB) is an appropriate method to calculate comparable indicators on
the regional and national scale. The GNB, as national farm gate budget, is the only European
agri-environmental indicator (AEI) for nitrogen efficiency, whereby low efficiency goes along with
high nitrogen surplus [10]. Budgets are used in numerous studies as a tool to monitor changes in
nitrogen and phosphorus leaching to groundwater and surface water [11–23]. As investigated in the
Horizon 2020 European Union-funded project FAIRWAY (farm systems management and governance
for producing good water quality for drinking water supplies), running from 2017 to 2021, nitrogen
surplus can be regarded as an “agri-drinking water indicator” (ADWI) [24], which is applied on
different scales, from national to farm scale, within the European Union; an increase in N surplus
entails an increase in water pollution with nitrates [25]. Different budget types were categorized and
visualized by means of diagrams, and their implementation at different scales in Europe has been
investigated [25].
Gu et al. [26] analyzed the impact of climate change on nutrient surpluses in China on an average
perspective until 2050. Bouwman et al. [27] calculated global nitrogen budgets and included global
change analysis for the future. The direct relationship between an extreme weather event like a drought
and its impact on the nitrogen surplus as indicator for water pollution has so far not been investigated.
This article further discusses the impact on agriculture regarding weather and growing conditions
in 2018, the impact on yield and nitrogen uptake, as well as economic aspects. Furthermore, we analyze
the potential water quality impact by agriculture according to farm type and discuss possible measures
for reducing losses in autumn/winter, for reducing risk of crop failure, and for increasing the overall
N-efficiency. We thus discuss nitrogen flows and surpluses that could potentially influence the water
quality. The specific impact of agricultural production on nitrogen concentrations in ground water and
surface water is not directly analyzed in this paper.
The effects of extreme weather conditions on nitrogen supply due to climate change can be
summarized as follows [28]:
• Relative/absolute lack of water and of the resulting lack of nutrients owing to missing precipitation
and increased evaporation, especially in spring and early summer. This can result in reduced
nitrogen efficiency.
• Depending on the individual level of the infiltration capacity of soils, excess water due to high
precipitation may lead to a reduction of air-filled pores, which will affect root growth. Moreover,
nitrogen losses are likely to occur as a result of leaching and/or aerial emission. This would also
lead to low nitrogen efficiency.
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• Owing to an increase in temperature, the vegetation period is prolonged. This has an effect on the
nitrogen dynamics in soil, stimulating microbial mineralization of soil biomass. This affects soil
nitrogen dynamics.
Climate change, therefore, indicates a need for the implementation of adapted nitrogen fertilization
strategies and optimized land use systems.
2. Materials and Methods
We calculated a simplified nationwide nitrogen soil surface budget in order to estimate changes
in the average nitrogen surplus and the total value of nitrogen surplus as a result of the dry weather in
2018. In addition, we calculated nitrogen budgets for two model farms in order to highlight the effects
of fertilization practices in certain farm types.
2.1. Simplified Nationwide Nitrogen Soil Surface Budget
A simplified nationwide nitrogen soil surface budget for Germany for the average of the preceding
years (2012–2017), as well as with the data specifically available for the dry year 2018, was established.
As our focus is on the impact of the drought on agricultural plant production, we used a simplified
soil surface budget as the budgeting method. We estimated the nitrogen inflow by the quantities of
all relevant types of fertilizers used and deduced the nitrogen removal by crop according to average
yields in the preceding years (2012–2017) and the dry year 2018. For this nationwide estimation,
we did not consider N-deposition, as this was assumed not to change much between succeeding years.
As there is no precise method available for the quantification of legume N-fixation in order to estimate
differences between years [18,29], we did not include nitrogen inflows from this source. The N-uptake
by grazing animals was assumed to be negligible; as most farm animals are now kept indoors, methods
for quantification are not precise and statistics are not available.
2.1.1. Estimation of Nitrogen Fertilization
Nitrogen fertilization was calculated separately for the different fertilizer types:
• Manure: The number of farm animals, grouped in animal categories, was taken from the last
national Farm Structural Survey in 2016 [30]. Animal counts were multiplied with nitrogen
excretion data for each animal category as listed in the annex of the Fertilization Ordinance [31],
the national legal basis for implementing Nitrates Directive [32]. For each animal category,
the percentage of nitrogen incorporated in liquid and solid manure was estimated. For each
manure type, gaseous losses of nitrogen in the stable and in storage, respectively, during application
of the animal manure on the field were calculated according to standard values of the Fertilization
Ordinance [31], and not in accordance with the German emission inventory [33]. The plant
availability of nitrogen in organic fertilizers like manure applied to soil was calculated in the year
of application and the following year as percentage of the applied nitrogen, in accordance with
the standards of the German Fertilization Ordinance [31].
• Imports of manure: Total amounts of imported manure from the Netherlands were taken from
an agricultural news platform [34]. The corresponding nitrogen amount was calculated by
multiplication with standard data of the Fertilization Ordinance [31].
• Compost: The total amount of nitrogen in compost used in agriculture was estimated by
the national Scientific Advisory Board on Fertilizer Issues (Wissenschaftlicher Beirat für
Düngungsfragen—WBD) [35].
• Sewage sludge: The total amount of nitrogen in agriculturally used sewage sludge was estimated
by WBD [35].
• Digestate of plant origin: Total nitrogen from digestates of plant origin from biogas plants was
estimated using information from the website of the German Biogas Association [36]. The overall
installed electrical output is currently 4,200 MW, produced with circa 1/3 manure and 2/3 plant
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material, for example, maize (on 1 ha 50 t biomass with 3.8 kg N/t and an electrical yield of
21,000 kWh can be produced). This results in a nitrogen inflow from digestates of 233,016 t N,
rounded off to 250,000 t N.
• Mineral fertilizer consumption: According to the Federal Ministry of Food and Agriculture
(Bundesministerium für Ernährung und Landwirtschaft—BMEL) [37], mineral fertilizer
consumption in Germany dropped from 1,658,800 t in the season 2016/2017 to 1,496,600 t
in the season 2017/2018.
2.1.2. Estimation of Nitrogen Removal
Nitrogen removal by crop was calculated as an average of the years 2012–2017 and for the dry year
2018, using data on yields of main crops and utilized agricultural area (UAA) per crop according to
Destatis [7]. Not considered were pulses for grain production (132,000 ha), field vegetables (118,000 ha),
vinyards (100,000 ha), forests and short rotation coppices (1,142,600 ha). Specifications on the average
concentration of nitrogen in harvested crops were taken from the annex of the current, recently adapted
German Fertilization Ordinance of 2020 [38].
2.1.3. Estimation of Nitrogen Surplus
The nitrogen surplus of a soil surface budget can be derived by subtracting the nitrogen fertilization
from the nitrogen removal by plants. We calculated the mean nitrogen surplus from the data of the
years 2012–2017. Owing to the climatic conditions in 2018, a certain amount of nitrogen was not
transferred into plant biomass. Thus, the difference between the mean surplus in the years 2012–2017
and the year 2018 reveals this amount of nitrogen.
2.2. Water Quality Impact by Agriculture for Different Farm Types
In order to more clearly demonstrate the impact on water quality by agricultural activities during
the course of the year 2018 on the farm level, we set up two basic model farms, taking into account
the guidelines of the Nitrates Directive [32] and its interpretation for Germany in the Fertilization
Ordinance which came into effect in 2017 [31]. On this basis, we compared the results of the nitrogen
soil surface budgets of the following two virtual 100 ha model farms and assumed fertilization and
budgeting according to the German Fertilization Ordinance [31]:
1. Arable farm (25 ha winter-quality wheat, 15 ha winter-barley, 15 ha summer-barley, 15 ha oats,
15 ha grain maize, 15 ha winter-oilseed rape);
2. Arable farm with pig production, producing the same crops as (1), but using the harvested crops
as feedstuff for 3500 pigs per year (1250 places for fattening pigs from 28 kg to 118 kg).
3. Results
3.1. Nitrogen Supply from Manure and Other Organic Sources
The pie chart of Figure 3 shows the nitrogen supply to German agriculture by most
organics—manure, compost, biogas digestate, and sewage sludge—applied to soil as organic fertilizer,
organic mineral fertilizer, or soil conditioner. Approximately 75% of all organic nitrogen applied to the
soil is of animal origin, deriving from solid or liquid manure from German farms and amounting to
867,463 t N per year. This net-amount does not include nitrogen emissions from stables and storage.
These emissions are estimated to be 267,305 t N annually, according to calculation figures from German
Fertilization Ordinance [31], on the basis of the gross nitrogen excretion of all farm animals. The gross
nitrogen excretion sums up to 1,134,768 t N per year. However, this is quite particular for the German
case, and almost one quarter of the N inflow is of plant origin and was processed in biogas plants.
This can be explained by the support of biogas produced from energy crops through the German
15
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Renewable Energy Law (EEG). The other types of organics—sewage sludge and compost, as well as
manure imports from the neighboring Netherlands—are, on the national level, of minor importance.
Figure 3. Nitrogen from organic fertilizers in Germany applied to soil in 2018 (source: own calculation).
3.2. Nitrogen Removals by Crops
For main crop groups, Table 1 summarizes the average yields of the years 2012 to 2017 and
the yields achieved in 2018. The nitrogen demand as basis of the fertilization demand refers to the
average yields in the previous years and is listed in the annex of the Fertilization Ordinance [31].
According to this ordinance, Nmin-values in spring, N mineralized from certain crops in previous years,
and N delivered from last year’s organic fertilization also have to be taken into consideration for the
calculation of the current fertilization need. From the organic fertilizers applied to soil, only a share is
accounted for as plant available in the year of application (this figure was calculated separately for the
different types of organic fertilizer). The listed level of mineral fertilization results from the nitrogen
demand minus the plant available nitrogen from the different sources mentioned above.
In Table 2, total figures on production as an average for 2012 to 2017 and for the year 2018, nitrogen
inflow by fertilization, and removal by harvested crops are listed with reference to the same crop
groups as in Table 1. As there was less nitrogen uptake by the crops in 2018 compared with the mean
of the six preceding years owing to lack of water, 464,000 t of nitrogen could not be transferred into
crop biomass. Figure 4 gives a summary of the situation in 2018.
The total nitrogen excreted in livestock production and applied with other organic fertilizers in
German agriculture amounts, with 1,438 kt, to the same level as the nitrogen in mineral fertilizers
(1,496 kt/year). Figure 4 illustrates that, in 2018, the mineral nitrogen fertilizer applied in Germany
was, with 1,496 kt, reduced by 11.5% (194 kt) in comparison with the preceding year 2017 [37]. In both
cases, 267 kt nitrogen/year (18.6% of the N of organic origin) is calculated as gaseous losses in the stable
or during manure storage, and 161 kt nitrogen/year (11.2% of the N of organic origin) after fertilizer
application. In addition, another 464 kt of nitrogen could not be transferred to biomass in 2018.
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Table 1. Calculated nitrogen supply for different crops from available organic and mineral fertilization,
according to average yields (2012–2017) and rough estimates on N mineralization based on regulations






















































































































































































W-Wheat 7.94 6.78 230 42 10 6 172 (77) 35 137
S-Wheat 5.79 4.69 180 42 6 132 (77) 35 97
Durum 5.55 4.59 165 42 6 117 (77) 35 82
Rye 5.65 4.22 148 42 6 100 (77) 35 65
W-Barley 7.21 6.07 180 42 6 132 (77) 35 97
S-Barley 6.82 4.95 140 42 6 92 (77) 35 57
Oats 4.78 4.12 115 42 6 67 (77) 35 32
S-mixed Grains 4.42 3.77 119 42 6 71 (77) 35 36
Triticale 6.39 5.42 140 42 6 92 (77) 35 57
Corn Maize/Corn Cob Mix 9.88 7.53 210 42 10 6 152 (77) 35 117
Potatoes 44.50 34.96 180 42 6 132 (77) 35 97
Sugar beet 74.20 63.10 180 42 6 132 (77) 35 97
W-Rape 3.80 3.00 195 42 6 147 (77) 35 112
Plants for green Harvest 26.29 23.04 200 42 10 6 142 (77) 35 107
Silage Maize 44.11 34.27 200 42 10 6 142 (77) 35 107
Permanent rassland 6.74 4.91 145 30 6 109 (77) 35 74
Table 2. Calculated nitrogen supply for different crops from available organic and mineral fertilization,
according to average yields (2012–2017) and rough estimates on nitrogen mineralization based on





























































































































































































































1000 t 1000 t N
W-Wheat 24,601 19,613 425 205 630 445 355 90 37 54 33
S-Wheat 381 526 6 4 11 6 9 −2 1 1 1
Durum 98 139 1 1 3 1 2 −1 0 0 0
Rye 3621 2206 41 42 84 55 33 21 7 11 7
W-Barley 8743 7397 118 80 198 144 122 22 16 21 13
S-Barley 2660 2216 22 26 48 37 31 6 6 7 4
Oats 613 577 4 8 13 9 9 1 2 2 1
S-mixed Grains 73 43 1 1 2 1 1 0 0 0 0
Triticale 2527 1950 23 26 49 42 32 10 5 7 4
Corn Maize/Corn Cob Mix 4622 3331 55 31 86 64 46 18 6 8 5
Potatoes 10,797 8740 24 16 40 38 31 7 3 4 3
Sugar Beet 27,038 24,628 35 24 59 49 44 4 5 6 4
W-Rape 5107 3665 151 89 240 171 123 48 16 24 14
Plants for green Harvest 9359 8525 38 24 62 54 49 5 5 6 4
Silage Maize 91,661 74,229 223 137 360 348 282 66 28 36 22
Permanent Grassland 30,108 22,160 331 295 626 635 468 168 58 78 47
Sum 1499 1010 2508 2100 1636 464 194 267 161
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Figure 4. N-budget in 2018 (without N-deposition, legume N-fixation, and N-uptake by grazing
animals in kt N/year): N-supply from organic fertilizers (left), N-removal by crop, gaseous losses in
stable, storage and during fertilizer application, fertilizer not transferred into biomass (right) (source:
own calculation).
3.3. Surplus of Nitrogen due to Dry Weather Conditions
From an environmental perspective, with decreasing yields due to the drought, less nitrogen was
harvested from the fields. This left 464 kt of nitrogen in the soils that was not transferred to biomass.
With reference to the UAA of 15,200,000 ha cultivated in Germany with arable crops and grassland,
this equals an additional amount of 30 kg N/ha to the nitrogen surplus owing solely to the drought.
This amount would have been even higher (up to 43 kg N/ha) if farmers had not reduced their mineral
fertilizer input in 2018 by 11.5% in comparison with the preceding year 2017 [37]. As the impacts of the
drought in 2018 became visible by June, most of fertilizers for arable crops had already been applied,
with the exemption of late top dressing with nitrogen, especially in baking wheat. Intensive grassland
receives several fertilizer inputs between spring and early autumn, allowing for adaptations during the
whole vegetation period. Thus, it can be assumed that mineral N inputs have been reduced especially
on wheat and on grassland.
The official national soil surface budget for 2018 has not yet been calculated. N surplus as an
average of the preceding years (2015 to 2017) is reported to be 1178 kt N/year or 71 kg N/ha × year,
respectively [39,40]. Thus we can estimate that the N-surplus for the dry year 2018 could amount
to up to 100 kg N per ha, depending on the developments of further elements such as N-deposition,
N fixation of legumes, and so on. In the past, the national soil surface budgets already indicated
an increase in N surplus for dry years. In 2003, the N surplus amounted to 92 kg N/ha × year, in
comparison with 74 N/ha × year as the mean value of the two preceding years, and in 2006, the surplus
was 76 kg N/ha × year, compared with 66 N/ha × year as the mean of the years 2004 and 2005. As the
drought 2018 was the most severe incident of this type up to now, an induced increase of the national
N surplus of 30 or even 40 kg/ha × year is highly probable.
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3.4. Impact of the Dry Summer 2018 on Nitrogen Flows on the Farm Level
With a soil surface budget, we show the influence of the weather conditions in 2018 on the
pollution potential of nitrates inputs from agriculture for two fictive model farms according to the rules
of the German Fertilization Ordinance as affective in 2018 [31]. In Table 3, N-fertilization planning and
N-budgeting is outlined for an arable model-farm; the crops grown are winter quality wheat, winter
barley, summer barley, oats, grain maize, and winter oilseed rape. In 2018, target yields and target
qualities were calculated as three-year averages, and the corresponding nitrogen demand of the crops
was drawn from the annex of the Fertilization Ordinance [31]. Plant available nitrogen in soil was
determined as Nmin per soil analysis. Elevated nitrogen delivery was expected from the catch crops
preceding barley and maize. No nitrogen delivery had to be accounted for owing to high organic matter
content in the soils or in connection with former organic fertilization [31]. Nitrogen fertilization need
is calculated as nitrogen demand minus the share of plant available nitrogen. Nitrogen fertilization
is completely realized with mineral fertilizers. Owing to the drought, realized yields were reduced,
in this example, according to the average reduction as shown in Figure 2. As a consequence, less
nitrogen was withdrawn from the field, resulting in a total farm-wide nitrogen surplus of 2528 kg
N/100 ha and 25 kg/ha, respectively.
Table 3. Soil surface budget of a fictive arable 100 ha model farm in the dry year 2018 and the year









Year ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19
area cultivated (ha) 25 15 15 15 15 15
target yield(tons/ha) 8 7 7 5 5,5 9 4
target quality
(% raw protein) 16 13 13 11 11 10 23
2
N demand
(kg N/ha) 260 215 180 180 140 140 130 130 200 200 200 200
plant available N in soil (kg N/ha)
N plant available in spring (kg N/ha) −40 −70 −40 −90 −40 −80 −40 −65 −40 −80 −40 −90
N mineralized from soil organic matter
(kg N/ha) 0 0 0 0 0 0 0 0 0 0 0 0
N mineralized from former manure
application
(kg N/ha)
0 0 0 0 0 0 0 0 0 0 0 0
N mineralized from preceding crop
(kg N/ha) −10 −10 0 0 −40 −10 0 0 −30 −10 0 0
N fertilization need during vegetation
period (kg N/ha) 210 135 140 90 60 50 90 65 130 110 160 110
mineral N fertilization
(maximum, kg N/ha) 210 135 140 90 60 50 90 65 130 110 160 110
N soil surface budget
N inflow
mineral fertilizer (kg N/ha) 210 135 140 90 60 50 90 65 130 110 160 110
organic fertilizer
(kg N/ha) 0 0 0 0 0 0 0 0 0 0 0 0
manure of own farm




0 0 0 0 40 10 0 0 30 10 0 0
sum (kg N/ha) 210 135 140 90 100 60 90 65 160 120 160 110
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Year ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19
N removal (kg N/ha)
yield realized (tons/ha) 7.5 7 6.2 6.2 6 6 5 5 9 9 3.5 3.5
N concentration in main product
(kg N/tons fresh matter) 24 18.1 18 18 15 15 15 15 15 15 34 34
N removal with main product
(kg N/ha) 181 127 111 111 91 91 76 76 136 136 117 117
total N removal
(kg N/ha) 181 127 111 111 91 91 76 76 136 136 117 117
N surplus (kg N/ha) 29 8 29 −21 9 −31 15 −11 24 −16 43 −7
N surplus per crop
(kg N/crop) 1 731 208 435 −315 141 −288 218 −158 362 −239 641 −109
1 2018: N surplus on farm level 2,528 kg N/100 ha; on average, 25 kg N/ha; 2019: N surplus on farm level −900 kg
N/100 ha; on average, −9 kg N/ha; 2 in dry matter (dm).
In the following year, the farmer adapted to changed climate conditions and decided to cultivate
winter wheat with a minor raw protein concentration, needing less nitrogen in the late growth phase.
He also reduced the target yield to 7 tons instead of 8 tons in 2018. Target yields of the other crops
remained unchanged. Owing to high Nmin-values in spring, fertilization needs were less pronounced
than in 2018. Mineralization from catch crop was much lower than in 2018, as growing conditions for
catch crops were not favorable and there was less plant biomass. Owing to less nitrogen input in this
year, the total farm-wide nitrogen surplus was negative, with −900 kg and −9 kg/ha, respectively.
In Table 4, N-fertilization planning and N-budgeting for a pig rearing farm are outlined. The main
difference to the arable model farm is that, in this farm, the produced pig manure needs to be utilized
owing to limited storage capacities for liquid manure. With 1,250 pig fattening places on the farm,
circa 14,250 kg nitrogen is generated per year, as calculated by standard figures from the annex of the
Fertilization Ordinance [31]. The ordinance also allows the deduction of emissions from stables and
storages from the excreted nitrogen (for pigs, 20% of the N-excretions). In liquid pig manure applied to
soil, at least 60% of the nitrogen content is available in the first year. Further, a subsequent nitrogen
delivery of 10% of the nitrogen applied in the preceding year has to be accounted for [31].
Aiming at the use of all liquid manure produced on the farm and complying with all fertilization
rules, mineral fertilization in 2018 was conducted primarily for winter wheat, oilseed rape, and winter
barley. This is useful for steering the plant growth via late nitrogen applications.
Owing to the yield reductions in 2018 and with manure fertilization in the fictive pig breeding
model farm, a nitrogen surplus of 4774 kg N per farm and 47 kg N/ha, respectively, has been reached
with a calculation as net soil surface budget. A corresponding calculation as gross farm budget,
including standard gaseous nitrogen losses from stable and storage (2850 kg N per farm) and during
application (1450 kg N per farm), is higher and amounts in total to 10,787 kg N and 107 kg N/ha per
farm, respectively.
In 2019, owing to the elevated nitrogen concentration in soil in spring, the calculated fertilization
need is lower than in the preceding year. Thus, the farm manure produced by the pig farm covers almost
all plant fertilization needs, only for winter wheat there is a possibility of a mineral top dressing. This
situation becomes especially aggravated when taking the elevated Nmin concentrations into account.
These calculations show that the pressure on fertilization might be a lot higher for pig breeding
farms or other types of livestock farming, as manure storage capacity is usually limited. This model
farm is of course fictive and does not take into account an export of manure, which might ease
the pressure.
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Table 4. Soil surface budget of a fictive 100 ha pig rearing model farm in the dry year 2018 and the year









Year ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19 ‘18 ‘19
area cultivated (ha) 25 15 15 15 15 15
target yield (tons/ha) 8 7 7 5 5,5 9 4
target quality (% raw protein) 16 13 13 11 11 10 23 2
N demand (kg N/ha) 260 215 180 180 140 140 130 130 200 200 200 200
plant available N in soil (kg N/ha)
N plant available in spring (kg N/ha) −40 −70 −40 −90 −40 −80 −40 −65 −40 −80 −40 −90
N mineralized from soil organic matter
(kg N/ha) 0 0 0 0 0 0 0 0 0 0 0 0
N mineralized from former manure
application
(kg N/ha)
−6 −9 −14 −13 −9 −7 −13 −9 −17 −16 −13 −16
N mineralized from preceding crop
(kg N/ha) −10 −10 0 0 −40 −10 0 0 −30 −10 0 0
N fertilization need during vegetation
period (kg N/ha) 204 126 126 77 51 43 77 56 113 94 147 94
manure application
N-excretion pigs (kg N/ha) 80 115 175 160 107 90 160 116 210 196 165 196
minus maximum N-emissions from
stable and storage (20%) 64 92 140 128 85.6 72 128 92.8 168 156.8 132 157
minus maximum N-emissions after
application to soil (10%) 56 80.5 123 112 75 63 112 81 147 137.2 115.5 137
minimum plant availability in year of
application (60%) 38 55 84 77 51 43 77 56 101 94 79 94
mineral N fertilization (maximum, kg
N/ha) 166 71 42 0 0 0 0 0 12 0 68 0
N soil surface budget
N inflow
mineral fertilizer (kg N/ha) 166 71 42 0 0 0 0 0 12 0 68 0
organic fertilizer (kg N/ha) 0 0 0 0 0 0 0 0 0 0 0 0
manure of own farm
(kg N/ha) 56 80.5 123 112 75 63 112 81.2 147 137.2 116 137.2
biological N-fixation/mineralization
from preceding crop (kg N/ha) 10 10 0 10 40 10 0 10 30 10 0 10
sum (kg N/ha) 232 161 165 122 115 73 112 92 189 147 183 147
N removal (kg N/ha)
yield realized (tons/ha) 7.5 7 6.2 6.2 6 6 5 5 9 9 3.5 3.5
N concentration in main product
(kg N/tons fresh matter) 24 24 18 18 15 15 15 15 15 15 34 34
N removal with main product ((kg
N/ha) 181 168 111 111 91 91 76 76 136 136 117 117
total N removal (kg N/ha) 181 168 111 111 91 91 76 76 136 136 117 117
N surplus (kg N/ha) 51 −7 54 11 24 −18 37 16 53 11 66 30
N surplus per crop
(kg N/crop) 1 1271 −185 803 168 359 −267 551 240 800 168 991 448
1 2018: N surplus on farm level 4,774 kg N/100 ha; on average, 48 kg N/ha; 2019: N surplus on farm level 573 kg
N/100 ha; on average, 6 kg N/ha; 2 in dry matter (dm).
4. Discussion
Our study is limited to Germany as the case study for Central Europe in a region with temperate
climate. Owing to a long-term average yearly precipitation level of circa 800 mm (regional variation
from <500 mm to >1200 mm), rain-fed agriculture is dominating. According to the DIPSIR model
of the European Environmental Agency EAA [41–43]—the abbreviation stands for Driving forces,
Pressures, States, Impacts and Responses, we refer to nitrogen surplus as a pressure indicator for
water contamination, whereby groundwater and surface water closely interfere with each other.
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In Switzerland, waterbody pollution by adjacent agricultural fields is a primary water quality issue [44].
In Germany, between 2012 and 2014, around 50% of nitrogen was discharged into surface waters via
groundwater [45].
Droughts affect the concentration of nitrates and other solubles in the groundwater [44]. According
to a meta-analysis, higher nitrate in some agricultural catchments could be linked to reduced dilution
of groundwater drainage input and increased influence of sediment nitrogen fluxes. In the immediate
post-drought period, several studies found that nitrate was flushed from the catchment soils [46].
4.1. Pressure on the Environment and Groundwater Quality
In 2018, at least 464 kt N was applied across Germany as fertilizer, but not taken up by growing
crops. As the severe drought in 2018 continued in many parts of Germany until late autumn [3],
winter crops or cover crops sown in autumn often did not germinate. Winter crops like W-oilseed
rape were often not sown at all. This had effects on the Nmin-values in soil (after harvest, autumn,
and spring). These are standardized determinations of the plant available mineral nitrogen within
the root zone, usually up to 90 cm depth. Owing to the drought, Nmin-analyses at harvest time
showed values significantly above those of 2015–2017 [47]; the effect was particularly evident if
crops were over-fertilized. Owing to high temperature and little precipitation after harvest and in
autumn, there was often no leaching, despite high N-surpluses due to poor harvests. Often, soils
below 60–70 cm depth were still completely dry in late autumn and showed a deficit of rain of
50–200 mm. Consequently, in autumn 2018 and spring 2019, high amounts of residual nitrogen could
be detected in soils. Figure 5 shows an example from southern Germany, where arable cropping, partly
irrigated, dominates. Nmin-values in spring 2019 were on average 36 kg/ha higher than in spring 2018,
even though, owing to irrigation, yields did not drop as far as in areas without irrigation [48].
Figure 5. Spring Nmin-values in 2018 and 2019 (0–90 cm depth) with reference to the preceding crop [47];
average increase in Nmin-value of 36 kg/ha (source: [48], adapted and translated).
The elevated soil content of plant-available nitrogen has to be estimated precisely and crop
fertilization has to be adjusted accordingly. In this way, the N surplus of the previous drought year can
be counterbalanced through adapted fertilizer input in the subsequent year.
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Factors explaining the elevated Nmin-concentrations in spring are the dry weather conditions in
the preceding year, which put the vegetation under water stress and reduce their nutrient uptake [49],
a stimulation of mineralization and nitrification when dry soils are rewet [50] and a prolongation of
the water recharge rate, in summer owing to high evaporation or extreme events connected to a large
proportion of run-off, and in winter owing to less total precipitation [44].
4.2. General Economic Impact
From the farmer’s perspective, a reduction in yield and/or in quality leads to less farm income.
Especially dairy farms and producers of beef suffered from a decrease of harvested roughages (such as
grassland or maize). One consequence of this shortage in feedstuff was that farmers had to reduce the
number of livestock, for example, fattening bulls or even dairy cattle. While the prices for agricultural
products of animal origin thus decreased, the prices for plant products increased (Figure 6). This was
especially the case for those plant products used as feed, for example, roughage and grains, and even
straw [51].
Figure 6. Development of producer prices in agriculture between January 2018 to January 2019 [52]
(source: [52], adapted and translated).
As a consequence, the Federal Ministry of Food and Agriculture and the agricultural ministries
of the federal states together put into effect an emergency management plan for farmers including
financial support as well as some specific options, for example, on fodder provision: farmers were
allowed—after having undergone a simplified application procedure—to harvest catch crop plots
they had cultivated as part of the so-called “Greening” in the framework of the Common Agricultural
Policy of the European Union without losing their subsidies [53].
4.3. Pressure on Specific Farm Types
Owing to the elevated concentrations on residual nitrogen in soils, the fertilization need of
crops in spring 2019 was less pronounced than in preceding years. As a result, the quantity of
continuously produced manure in livestock farms may have exceeded existing storage capacities.
This may particularly be the case in the hot-spot region of livestock production in the north-west of
Germany, where manure production, biogas plants, and—bordering the Netherlands—manure import
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is accumulating, while export opportunities are limited. These factors result in a particularly high local
pressure on soil and ground water quality [54].
The situation for the farmers in autumn 2018 was further aggravated as the rules of the German
Fertilization Ordinance, adopted in 2017 [31], largely restricted manure application on arable land in
autumn after harvest. These rules only allowed fertilization in autumn for barley, W-oilseed rape,
fodder crops, and catch crop, and only in cases plants were in need for nitrogen, at most with a dose
of 60 kg N/ha. Owing to an infringement process on the implementation of the Nitrates Directive,
new and even stricter amendments of the Fertilization Ordinance were passed in March 2020 and set
into effect 1st of May 2020. Fertilization in autumn is now restricted to W-oilseed rape and W-barley.
In areas with groundwater bodies in bad chemical condition, from 2021 onwards, no fertilization will
be allowed in autumn [38].
Legislation, however, also produces opportunities for the application of animal manure; while
according to the German Fertilization Ordinance [31], the target yield for fertilization planning had
usually to be deduced from a three-year average, extreme weather events may be left out, so farmers
may calculate the same long-term target yield for 2019 as in the previous year, to the detriment of the
environment. However, farmers had to take the elevated spring Nmin-values into account.
Owing to the exemption clause in autumn 2018, in order to overcome feedstuff shortages,
environmentally relevant grassland and catch crop plots were regionally harvested more intensively,
possibly leading to a higher nutrient export from these plots. The effect is probably limited, as—under
the dry conditions in 2018—yields of grassland decreased, especially for the second and third cuts.
4.4. Measures for the Adaption to Climate Change
Subsequently, we list measures to adapt to pressures on agriculture linked to climate change.
4.4.1. Measures for Reducing Nitrogen Losses in Autumn/Winter
Late top dressing with nitrogen is always at risk with respect to droughts. However, when the
situation of drought becomes obvious in May or June, these N inputs can be omitted. Therefore,
crops producing high quality without high nitrogen inputs are favorable for risky cultivation sites.
Baking wheat varieties exist with high baking quality performance in combination with low protein
concentration in the grains. These varieties do not need high quantities of nitrogen in late development
stages [55]. What hampers the introduction of these nitrogen efficient varieties is the lack of analytical
methods for a quick assessment of their baking quality as criterion for the payment of the farmers
replacing the raw protein content as criterion [56,57]. Newly discovered, old species like spelt, emmer,
and einkorn wheat produce high quality grains with less nitrogen fertilization. Producing these kind
of crops minimizes the residual nitrogen in soil after harvest [58].
A need for nitrogen fertilization in autumn is justified by the necessity to feed young crops with
readily available nutrients. However, in most cases, there is sufficient nitrogen left from preceding
crops, especially owing to climate change, where the vegetation period is prolonged, with warm
temperatures until November or even December. In the case of sufficient precipitation or remaining
soil moisture, mineralization will occur until this time. A ban of nitrogen fertilization in autumn would
result in an increase of the pressure on manure storage capacities in order to store manure over the
winter period (with respect to the pig model farm 450 m3 manure storage is necessary in the case in
which 60 kg/ha was applied in autumn). The new amendments of the Fertilization Ordinance include
further restrictions on manure application in autumn [38].
The cultivation of catch crops is a highly efficient measure to keep nitrogen from leaching during
the winter period [59–61]. In Germany, the cultivation of catch crops over the winter season was
practiced in 2018 on 1.43 mio ha. If winter catch crops would be grown in all suitable crop rotations with
summer crops and maize, 2.89 mio ha could be covered [62], an increase of almost 50%. With regard to
water protection, winter hardy catch crops are most efficient, but seed bed preparation in spring for
the following main crop might become difficult. The new amendments of the Fertilization Ordinance
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thus includes the cultivation of winter catch crops in areas of groundwater bodies in bad chemical
conditions, in case the yearly precipitation exceeds a certain limit [38].
Owing to dry weather conditions in autumn, the germination and further establishment of a catch
crop cover might be difficult. In the case of sufficient annual precipitation, the undersowing of forage
or catch crops in the preceding main crop might be a solution [63].
Moreover, in the case of sufficient annual precipitation, double cropping may be the choice in
order to almost permanently cover the soil and gain income from more than one harvest by year.
Furthermore, N removal through a second crop offers opportunities to curb down N surplus and
residual mineral N in the soil.
Grassland turnover in general leads to high mineralization rates of the soil humus, with negative
effects on the concentration of the mobile soil nitrogen. Therefore, grassland renewal in autumn is
problematic with respect to water protection.
4.4.2. Measures Reducing Risk of Crop Failure
The risk of crop failure can be reduced by using crop mixtures instead of the cultivation of one
single breed [64].
Some crops show an adaption to changed climatic conditions, especially droughts, owing to their
specific yield and quality production mechanisms [65]. Intensive efforts are made to increase plant
resistance to droughts through breeding [66].
Plants composing grasslands respond differently to the combined effects of climatic change,
resulting in compositional changes in plant communities [67]. Grassland with a higher percentage
of herbs with deeper roots shows a better heat/drought stress tolerance, but produces lower yields.
Harvesting grassland in early spring/summer would primarily ensure a certain amount of hay available
for the cattle, but early cutting violates German legislation on environmental friendly production
(e.g., bird protection). This implies that dairy cattle farming will probably have to increase the main
forage area (thus, reducing animal density) and conserve more hay and silage to cope with feedstuff
shortages [68].
4.4.3. Measures for Increasing N-Efficiency during the Season
There is a long list of measures that could be realized in order to increase nitrogen-efficiency
during the whole season (for more details, see [58]):
• Soil analysis of Nmin in autumn and spring (instead of using standard values); the autumn value
gives information on the precision of the fertilization planning and the spring value informs on
the current level of plant available nitrogen in soil;
• Improving prognosis of N delivery from soil (originating from organic matter, organic fertilization,
and preceding crop/catch crop);
• Monitoring plant needs and adjusting fertilization accordingly (i.e., by applying of different
methods of plant analysis;
• Monitoring and prognosis of water supply to plants [69] (i.e., German Weather Service (dwd)
prognosis model of soil water saturation [70]);
• Using farm rapid analysis methods (i.e., near-infrared spectrocospy—NIRS) for the evaluation of
the fertilizer value of organic fertilizers, especially liquid manure [71];
• Using low-emission application techniques like drip hose, trailing shoe, or injection of liquid
manure and adjusting supplementary mineral fertilization accordingly;
• Using acidification of liquid manure, nitrification, or urease inhibitors in order to prevent the
mineralization and evaporation of organically bound nitrogen;
• Implementation of N-efficient crops and rotations with long-term land cover (catch crop cultivation)
and crop mixtures;
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• Limitation of the organically bound nitrogen being applied as fertilizer to a lower value, such as
170 kg N/ha and year (as declared in the Nitrates Directive [32]); if not yet performed, extend the
rule to all organic fertilizers, not only to animal manure;
• Application of precision farming techniques;
• Installation of field irrigation.
4.4.4. Tightening Legislation
After the EU court took legal action against Germany, the current Fertilization Ordinance [31] is
being revised and tightened [54]. This will most likely pose further restrictions on fertilization and
management options for farmers.
Unfortunately, with the recent revision of the German Fertilization Ordinance [38], nitrogen
soil surface budgets on the farm level as control instruments for excessive use of manure are no
longer compulsory.
On the whole, climate change poses a great challenge for the implementation of the Water
Framework Directive, its “daughter directives”, and the national and regional transcripts.
5. Conclusions
According to our research, extreme summer droughts like in 2018 result in less yield, less plant
uptake of nitrogen, a reduced nitrogen efficiency, and an increased N surplus. This is because of
reduced plant growth and thus reduced nitrogen uptake by plants, as well as owing to a prolongation
of the water recharge rate and an increased mineralization of soil biomass after soil rewetting.
As agri-drinking water indicator, the elevated N surplus puts more pressure on the quality of surface,
ground, and drinking water.
Presuming a fertilization level defined by plant needs according to fertilization planning under
regular climate conditions, the main factors influencing the N surplus are splitting and timing of
fertilization and the share of organically bound nitrogen in the fertilizers applied.
Monitoring of plant needs in the framework of precision farming and the splitting and timing of
fertilization accordingly may in future lead to a reduction of N surplus.
The examples of the model farms show clearly, however, that fertilization regimes with high
shares of organic fertilizers produce higher nitrogen surpluses (gross and net). Taking into account the
subsequent delivery of plant-available nitrogen, for example, after crop failure, the reasonable use of
farm-own manure is limited quantitatively.
There are feasible options to mitigate the risks of crop failure or risk of overfertilization
of crops during droughts. However, many of these options imply an extensification of current
agricultural practices.
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Abstract: Pollution of ground-and surface waters with nitrates from agricultural sources poses a
risk to drinking water quality and has negative impacts on the environment. At the national scale,
the gross nitrogen budget (GNB) is accepted as an indicator of pollution caused by nitrates. There is,
however, little common EU-wide knowledge on the budget application and its comparability at
the farm level for the detection of ground-and surface water pollution caused by nitrates and the
monitoring of mitigation measures. Therefore, a survey was carried out among experts of various
European countries in order to assess the practice and application of fertilization planning and nitrogen
budgeting at the farm level and the differences between countries within Europe. While fertilization
planning is practiced in all of the fourteen countries analyzed in this paper, according to current
legislation, nitrogen budgets have to be calculated only in Switzerland, Germany and Romania.
The survey revealed that methods of fertilization planning and nitrogen budgeting at the farm level
are not unified throughout Europe. In most of the cases where budgets are used regularly (Germany,
Romania, Switzerland), standard values for the chemical composition of feed, organic fertilizers,
animal and plant products are used. The example of the Dutch Annual Nutrient Cycling Assessment
(ANCA) tool (and partly of the Suisse Balance) shows that it is only by using farm-specific “real” data
that budgeting can be successfully applied to optimize nutrient flows and increase N efficiencies at the
farm level. However, this approach is more elaborate and requires centralized data processing under
consideration of data protection concerns. This paper concludes that there is no unified indicator for
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nutrient management and water quality at the farm level. A comparison of regionally calculated
nitrogen budgets across European countries needs to be interpreted carefully, as methods as well
as data and emission factors vary across countries. For the implementation of EU nitrogen-related
policies—notably, the Nitrates Directive—nutrient budgeting is currently ruled out as an entry point
for legal requirements. In contrast, nutrient budgets are highlighted as an environment indicator by
the OECD and EU institutions.
Keywords: nitrogen budget; nitrogen balance; water pollution; nitrates; agriculture; drinking water
1. Introduction
1.1. Nitrogen Budgets and Relation to Water Quality
Nitrogen (N) surplus is used as an indicator to compare the environmental status with regard to
nitrogen between the EU and OECD member states. The OECD [1,2] suggested the gross nitrogen
budget (GNB) as an appropriate method to calculate comparable indicators at the regional and the
national scale. The OECD approach was later adopted by Eurostat [3]. Budgets calculating the
nitrogen surplus at the farm level are particularly used to determine the leaching potential from arable
land [4]. According to Eurostat/OECD [3], the term “nitrogen budget,” as introduced by [5], is more
comprehensive and appropriate than the term “nitrogen balance,” as it includes a summary of all
major N flows between the major compartments of agriculture and the environment. One aim of the
Horizon2020 European Union-funded project FAIRWAY (farm systems management and governance
for producing good water quality for drinking water supplies), running from 2017 to 2021, is to identify
“agri-drinking water indicators (ADWIs)”: harmonized indicators—preferably at the farm level—for
detecting nitrate pollution of ground and surface waters and for monitoring implemented mitigation
measures. These ADWIs should be “ready to use” and produce comparable results across Europe.
Therefore, we conducted a survey among the experts within the project and selected experts of further
countries in order to evaluate the current state of applying nitrogen budgets at the farm level in Europe
and the possibility of establishing nitrogen budgets as a unified ADWI at the farm level. In this
paper, we thus focus on calculation methods and implementation set ups for nitrogen budgets at the
farm scale in different European countries. Looking at nitrogen budgets from a comparability and
applicability perspective, we discuss the differences and decisive parameters and so contribute to the
current state of research.
In Austria, Wick et al. [6] used the nitrogen land budget to compare nationwide regional agricultural
budgets with the concentration of nitrates in groundwater of corresponding catchments, finding a
good statistical correlation.
Wick et al. [6] reported that a couple of authors cast doubt upon the applicability of the soil surface
budget to assess the actual nitrate leaching. The budget is a theoretical concept describing only the
potential for groundwater contamination [7–9]. Wick et al. [8] further explain that some authors find
only a poor statistical relationship between the soil surface budget result and nitrate leaching, using
correlation analysis [10], analysis of covariance [8,10] and regression analysis [9–11]. According to [8],
these statistical evaluations are geographically and temporarily limited. This can be explained by the
fact that the soil surface budget is an indicator for potential N loss through nitrate leaching, subject
to denitrification and shifts of soil organic matter (SOM) content as interfering elements. The rate of
denitrification as well as the share of N input fixed in SOM differs between soils, climatic zones and
types of farm management.
Hansen et al. [12] found significant correspondence between developments in N surplus and
nitrate concentrations in upper groundwater for four subsequent development periods for Danish
agriculture in the period 1946–2012, and similarly for developments in the nitrogen use efficiency.
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Dalgaard et al. [13] calculated gross farm budgets for six European landscapes in Poland,
The Netherlands, France, Italy, Scotland and Denmark as an indicator for N losses: the highest
surpluses were found in livestock-intensive landscapes. The authors found significant correlations of
N surplus to both nitrate concentrations in soils (A-horizons) and groundwater, measured during the
period of N management data collection in the landscapes (2007–2009).
Andelov et al. [14], went a step further, assessing nitrogen reduction levels necessary to reach
groundwater quality targets in Slovenia. For this purpose, the hydrological model GROWA–DENUZ
(Großräumiges Wasserhaushaltsmodell-Denitrifikation in der ungesättigten Zone) was coupled with
agricultural N budgets and applied consistently to the whole territory of Slovenia. Model results
indicated that additional specific N reduction measures should be implemented in priority areas rather
than across a whole country. This would allow the development of specific measures and spatial
allocation of financial funds.
1.2. Nitrogen Surpluses as a Result of Budgets and as Indicators for Measures and Policies
For Switzerland, Spiess [15] calculated nitrogen (as well as phosphorus and potassium) budgets
in the period 1975–2008. Intensification of Swiss agriculture after 1950 was characterized by increasing
plant nutrient inputs into the agricultural production system. The farm gate budget for 2008 showed a
surplus of 108 kg N. Nutrient surpluses rose between 1975 and 1980 and then decreased significantly
until 2008, with a higher percentage of relative reductions for P (80%) and K (54%) than for N (27%).
A pronounced decrease in nutrient surpluses was achieved through the introduction of direct payments
for ecological programs in 1993. Reductions in mineral fertilizer use and N deposition primarily caused
lower surpluses. Uncertainties in the budget calculation were mostly due to biological N fixation and
atmospheric deposition. Recent figures show that N surplus has stagnated on a high level for the last
two decades.
In France, Poisvert et al. [16] calculated N soil surface budgets according to [17] between 1940 and
2010 for metropolitan France. The authors showed that there was high variation for the N budgets
between regions and time and performed a sensitivity analysis, revealing that N removal by crop
production and N inflow by organic fertilizer use contributed most to total uncertainties in the N
budgets. The average of the departmental imprecision in N surpluses ranged from 6 to 45 kg N/ha
per utilized agricultural area (UAA) per year for the whole period, with an average of 21 kg N/ha per
UAA per year, calculated by a Monte Carlo simulation analysis. Imprecisions were mainly linked to N
export and organic fertilization, but also to symbiotic N fixation. Between 1940 and 1991, there was an
upward trend in N surplus for 82% of the studied area. Between 1991 and 2010, there was a downward
or stable trend for more than 90% of the area, probably as a consequence of the implementation of the
Nitrates Directive.
In Portugal, Cameira et al. [18] quantified the gross soil nitrogen budget between 1989 and 2016,
according to [17], for representative groups of crops in a catchment located in a nitrate vulnerable
zone (NVZ). The N surplus varied over the 27 years, showing a general decrease of 1.8 kg N/ha/year,
according to the type of crop. A higher decrease (26%) in N surplus occurred between 1989 and
1999 due to the reduction in fertilizer sales at the country level. After 2005, although at a lower rate,
N surplus continued to decrease due to the restrictions imposed by the national action program linked
to the Nitrates Directive.
1.3. Nitrogen Budgets for Investigating Farm Performance and as Tool for Farm Advice
Gourley et al. [19] calculated farm budgets for N, P and K for 41 representative Australian dairy
farms. N surpluses ranged from 47 to 601 kg*ha−1 and nitrogen use efficiencies ranged from 14% to
50%. Imports and exports were measured individually. The authors detected a wide within-farm
variation in the nutrient; content of forages, whereas variation in nutrient concentrations, except for
sulfur, of the produced milk was small (CV < 15%). In organic farms, nutrient concentrations of
forages were generally lower than in conventional farms. The authors conclude that an increase in
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milk production per ha is associated with rising nutrient surpluses at the farm scale, with potential for
growing environmental impact.
In Flanders, a farm gate advice system for livestock farms, including deposition but not fixation,
was developed in the first years of the new millennium [20]. In order to validate the advice system in
practice, farms of the different livestock sectors were followed closely. The farm gate advice system
was tested in Hungary at a limited number of farms, revealing that that agriculture is still clearly less
intensive in Hungary. Four major restrictions to the accurate calculation of farm-level nutrient budgets
were identified: (1) the wide variability that is allowed between the actual and reported nutrient
composition of concentrated feed; (2) the estimates of the amount and the composition of manure; (3)
the assessment of changes in standing stock on the farm between the beginning and end of the reporting
period; (4) the accuracy of the data supplied by the farmers [21]. At present, in Flanders, nutrient
budgeting at the farm level is compulsory only in certain cases. In order to restrict the nitrogen and
phosphorus fertilization and still meet the crop nutrient needs, now yield and nitrogen dose response
curves are developed by a re-evaluation of field experiments, also calculating soil surface budgets [22].
The Nmin (0–90 cm) is measured regularly in some farms between October 1 and November 15, as the
main leaching period is during the winter. The measurement of Nmin also gives a good evaluation of
the N fertilization rate [22]. However, the nitrate leaching risk also depends on the crop residue and
presence of catch crop [23].
In Switzerland, in its annual environmental report, the federal office for agriculture publishes
N budgets for farms in different regions (valley, hills, and mountains). These aggregated data are
deduced from 300 farms whose owners voluntarily calculated N budgets according to the OECD soil
surface budget [24].
In France, the CORPEN (Comité d’ORientation pour des Pratiques agricoles respectueuses de
l’ENvironnement) soil surface budget [25] was introduced on a voluntary basis to measure nitrogen
surplus at the farm level. Updates are regularly available. The budget is mainly used by animal
breeding farms as, in France, this type of farm has to prove that there is no structural over-fertilization
with breeding effluents.
In Germany, due to the legislation, a range of tools are in use to calculate N budgets according to
the national legislation and specifications of the federal States.
In the Netherlands, permissible manure and N fertilizer use rates in arable and dairy farming
systems were calculated using N budgets based on standard farms on sandy soils. Nitrate leaching
was estimated from the N surplus and leaching fractions (the fraction of the N surplus that leaches a
nitrate from the rooting zone) that depend on land use and soil type. Through calculations based on
experimental data from various sources, the limits on the use of cattle slurry and mineral fertilizer in
grass and silage maize production on sandy soils were calculated [26].
2. Materials and Methods
As our research is focused on the use of nitrogen budgets at the farm level, we define the framework
within which we carried out our survey.
2.1. Theoretical Framework
Budgets are applied on various levels and can be calculated differently, according to the system
boundary (farm, soil or land) they refer to [3].
2.1.1. Budget Type
The (net) nitrogen soil (surface) budget takes the soil surface as the boundary. Only nutrient
inflows to the soil and nutrient removal from the soil are taken into account. The soil budget, therefore,
requires data on manure and fertilizer applications to the soil. The term “net” refers to the fact that
the result of the soil surface budget approach results in N surpluses excluding N gaseous emissions
occurring before the application of manure and other fertilizers to the soil [3] (Figure 1a).
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(a) (b)
Figure 1. (a) Net (soil) surface budget [3,27]: (1) manure from other farms, organic and organic-mineral
fertilizers: reductions are made for nitrogen losses due to a volatilization during fertilizer application to
the land; (2) N in manure production by livestock, calculated by N excretion (using standard coefficients),
reductions are made for nitrogen losses due to volatilization in stables, storages and with application
to the land. Source: [3,27], translated. (b) Gross farm (gate) budget [27,28]: (1) all kinds of organic
fertilizers including manure. Source: [27,28], translated.
The (gross) farm (gate) budget refers to the farm boundaries and records the nutrients in all
products that enter and leave the farm gate. N emissions from stables and manure storages or during
the application of organic fertilizers to land are not explicitly accounted for and neither are changes in
soil pools and storages. However, all these emissions are part of the nitrogen losses and thus contribute
to the total nitrogen surplus in the gross budget (Figure 1b). Farm budgets can also be calculated at
larger scales, e.g., at the country level—in that case, the whole farming sector in a country is considered
as a single farm [3].
The (gross) land budget approach aims to estimate the total nutrient loads at risk of pollution (air,
soil and water). The land budget, therefore, requires data on excretion. The term “gross” refers to the
fact that the result of the land budget, the gross nitrogen budget (GNB), includes all N emissions to the
air [3] (Figure 2).
Figure 2. The gross nitrogen budget (GNB) [3]: (1) according to the current methodology, no reductions
are made for nitrogen losses due to volatilization in stables, storages and with application to the
land; (2) “manure”: total manure production by livestock (calculated by N excretion) minus manure
withdrawals, plus manure import, plus change in manure stocks. Source: own design, according to [3].
In summary, nitrogen surplus data thus may be derived from different calculation methods,
including the above-mentioned total N budget assessment [5] and system boundaries may vary
between methods.
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2.1.2. Level of Application of Budget
Nitrogen surplus is used as an indicator on different decision levels—at the national, regional,
farm and even field levels—as a parameter in legislation, for consulting farmers, benchmarking, and
monitoring, but also for taking political decisions and is thus quite a common indicator for land and
water managers. Nitrogen surpluses are calculated from individual or standard data. From the field
level or the farm level towards higher levels, the degree of data aggregation increases and the share of
individual farm data and direct measurements decreases (Figure 3).
Aims for indicator use Examples





benchmarking, monitoring national gross N budget [kg
N/ha and year]
benchmarking/monitoring livestock density; gross N




N budget at the farm level [kg
N/ha and year]
Nmin in soil in autumn
Figure 3. Degree of aggregation and individualization in relation to the operational level of
agri-environmental indicators (with selected examples related to N assessment); Source: [29], with
modifications. 1 Agricultural and Environmental Measures for Agricultural Water Protection [30],
2 Méthode de hiErarchisation du Risque de LIxiviation du Nitrate [31].
At the level of EU member states, the GNB is applied as the only agri-environmental indicator (AEI)
for nitrogen efficiency and, consequently, as an indicator for the pollution of ground- and surface water
with nitrogen [28]. Data from all EU member states, as well as Switzerland and Norway, are reported
to the European Commission regularly, such as in the four-yearly report of the Nitrates Directive.
However, Eurostat [3] points out that the current national budgets quoted are not comparable between
different member states due to differences in the definitions, methodologies and data sources used.
Budgets at the national level are also calculated in order to monitor the effect of the implementation of
policies and measures [15,32].
At the regional level (for administrative districts or (sub) catchments), nitrogen budgets are
calculated in order to indicate the regional nitrate leaching potential [6,14,16].
At the farm level, budgets are used to investigate farm performance [19,20,22,26,33] and are used
as a tool for farm advice [21,25]. One aim of the survey conducted was to determine the prevalence of
fertilization planning and budgeting as nutrient management tools at the farm level.
2.2. Survey on Nitrogen Budgets at the Farm Level
Fertilization planning and nutrient budgeting represent two different perspectives: while
fertilization planning is performed ex ante in order to limit input of nitrogen and other plant
nutrients both timely and according to plant needs, budgeting the inflow and removal of N or other
nutrients from the system is applied ex post and reveals the efficiency of the process. Consequently,
in this paper, we cover both perspectives.
We investigated to what extent and at which levels nitrogen budgets are applied in the different
member states. We contacted experts of the following member states (contacts within the framework
of the Horizon2020 project FAIRWAY are marked with *): Belgium (Flanders)-B(Flan), Denmark-DK*,
England*, France*-FR, Germany*-GE, Greece*, the Netherlands*-NL, Northern Ireland*-UK-NI,
36
Water 2020, 12, 1197
Portugal*-PT, Romania*-RO, Republic of Ireland-IE, Slovenia*-Sl and from outside the European
Union Switzerland-CH and Norway*.
Using an expert survey, we conducted a questionnaire to collect information on:
• The type and elements of fertilization plans and budgets used at the farm and plot levels,
• The type and elements of budgets used at the regional or national levels,
• The legally binding procedures in connection with the use of fertilization plans and budgets,
• The informative value of budgets, according to budget type, and
• The barriers in the use/implementation of budgets according to the individual experience and the
experience in the FAIRWAY case studies.
The results of the questionnaire were analyzed and compared, and then discussed in detail with
the experts.
3. Results
3.1. Prevalence of Fertilization Planning and Budgeting at the Farm Level
In all countries participating in this survey, farmers regularly set up a fertilization plan ex ante
fertilization (Table 1). In the Netherlands and Flanders (Belgium), the fertilization plan is compulsory
for farms with derogation (higher amount of N from manure). In Flanders, the fertilization plan is also
compulsory for farms with high soil mineral nitrogen (Nmin) values in autumn and after a bad audit.
Fertilization between 1 September and 30 October is only allowed for horticultural crops and based on
fertilization advice. In Regions 1–3, which have bad water quality, fertilization advice is needed for a
portion of strawberry, vegetable and floricultural fields.










B (Flan) (y) (y)(1) (y) (y)(2)
CH (y) (y)(3) y y
DK y y N(4) -
FR y (y)(5) n -
GE y y y y
NL y (y)(6) y n
PT (y) (y)(5) n -
IE y (y)(7) n -
RO y y y y
Sl y y (y)(8) -
UK-NI y y n -
(1) B (Flanders), fertilization plan compulsory only for farms with derogation (higher amount of N from manure)
and with high soil Nmin values in autumn and after a bad audit. Fertilization between 1 September and 30 October
is only allowed for horticultural crops and based on fertilization advice. In Regions 1–3, which have bad water
quality, fertilization advice is needed for a portion of strawberry, vegetable and floricultural fields. (2) B (Flanders),
6th action program: nutrient and mass balances of manure processing and anaerobic digestion facilities as risk
analysis. (3) CH: fertilization plans are not mandatory, but can be requested upon control of the Suisse Balance;
in general, fertilization has be performed according to Swiss fertilization guidelines. (4) Danish farmers are legally
bound to make an ex post fertilizer account, with updated information on the fertilizer plan. (5) PT, FR: fertilization
plans are mandatory only in NVZ and for certified agriculture. (6) NL: fertilization plans are mandatory only for
dairy farms with derogation. (7) IE: fertilization plans are mandatory only for farms with derogation. (8) Sl: in the
framework of farm advice.
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Within the 6th action program in Flanders, nutrient and mass balances are suggested for manure
processing and anaerobic digestion facilities as risk analysis of the manure export of farms. In France
and in Portugal, fertilization plans have to be calculated only on farms situated in NVZs. Farmers in
France may deviate from the fertilization plan in cases where (1) they use a planning tool (2), their
yields exceed the standards or (3) they had a problem on the particular plot. Fertilization plans are not
generally legally binding in Switzerland and the Republic of Ireland. In the Republic of Ireland, farms
with derogation, however, have to set up a fertilization plan based on soil analysis results and stocking
rates. In Slovenia, fertilization plans have to refer to the exact field in case set target values for total N
use on certain crops are exceeded.
Nitrogen budgets ex post fertilization are obligatory only in Switzerland, Germany and Romania.
In the Netherlands, nitrogen budgets are calculated in the dairy sector at the farm level, but they are
not compulsory in a legislative sense. In Slovenia, a simple N budget is calculated at the administrative
level for the use of organic fertilizers based on livestock unit (LU) and land area (LU/ha). In order
to receive subsidy payments, farmers need to prove that they comply with these cross-compliance
standards linked to the Nitrates Directive.
3.2. Results on Fertilization Planning
3.2.1. Factors Considered in Fertilization Planning
In different countries, the complexity of fertilization planning varies considerably (Figure 4).
In most cases, basic information is drawn from databases. These figures are subsequently modified
according to individually expected yields, qualities, plant varieties or whether grassland is grazed or
cut. The fertilizing demand is subsequently further reduced according to the amount of Nmin available
at the beginning of the vegetation period (Nmin), other residual effects (of preceding crop or previous
organic fertilization) or the soil type. In Romania, certain basic information is aggregated to indices.
3.2.2. Impact of Technical Progress on Nitrogen Requirement of Crop
Technical progress may also increase nitrogen efficiency and thus reduce initial nitrogen
requirements for the fertilization planning (Figure S1). Split application was quoted by five respondents
of this survey, and low-emission application techniques particularly for liquid manure and fermentation
residue (drag hose, trailing shoe, strip application and injection) by three respondents as a reason for
reduced nitrogen emissions and, consequently, increased plant availability of nitrogen in fertilizers
to crops. Precision farming techniques have not yet reached a wider practice level and, therefore,
are not referred to in official guidelines for fertilization planning. However, in Denmark, there is a
special demonstration scheme on this issue, which may develop into a permanent scheme. The Swiss
fertilization guidelines (GRUD) [34] address fertilizer application according to “good agricultural
practice”, meaning that fertilizer amounts per application are limited to certain thresholds and
application should be performed in such a way that losses are minimized. Thus, N availabilities listed
in the guidelines indirectly imply low-emission application techniques and/or rapid incorporation of
organic fertilizers in order to minimize emissions.
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Figure 4. Factors of fertilization planning at the farm level in different member states and Switzerland;
(1) NL: grazing or cutting; CH: variety (e.g., for potatoes); DK: soil type and irrigation; (2) PT: N
available in irrigation water; IE: nitrogen index. Source: expert survey results.
3.2.3. Factors Used to Estimate Plant-Available Nitrogen in Manure and Other Organic Fertilizers
For the estimation of plant-available nitrogen, a range of variables is referred to in the different
countries. In some member states, standard figures for gaseous nitrogen losses from stables and
storages are deduced from standard excretion figures for the different animal categories. In other
member states, only the available nitrogen as a percentage of the applied nitrogen to soil with the
organic fertilizer (manure, biogas digestate or compost) is referred to.
The scales of reference for the calculation figures vary as well: in Denmark and in Slovenia,
for example, the amount of manure, its dry matter content, nutrient concentration and corresponding
N emissions are listed for different animal categories with reference to the head of animal. In Germany,
nutrient excretions are listed for different animal categories and nutritional regimes, with reference to
one animal place (i.e., head of animal per year).
Aerial nitrogen losses occurring during manure application in some member states are considered,
with reference either to the excreted or to the applied N (Table 2). In Germany, ammonia emissions
after fertilizer application are not taken into account for the calculation of the plant-available N, but for
setting up the soil surface budget ex post fertilization.
Swiss fertilizer guidelines provide information on N excretion, the amount of manure and different
nutrient concentrations with reference to different animal categories. Whether figures refer to animal
head or animal places depends on the animal category. The data consider unavoidable losses in stables
and storages. Emissions during/after application are not taken into account as application technique
and timing should be chosen in such a way that NH3 losses are minimized.
Similarly, in Flanders, the measured or average N concentration in manure (after losses from
stables) is considered as plant-available N. As manure has to be applied with low-emission techniques,
it has to be worked into the soil within 2 h, and no further ammonia losses are taken into account,
as they have to be minimized. In Slovenia and Portugal, there is also no deduction of gaseous emissions
during manure application.
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N in Soil for Crops
N Emissions during/after Organic
Fertilizer Application
% of N excretion % of applied N % of N excretion % of applied N
B (Flan)(1) y y n n
CH y y n n
DK y(4) y(3,4) n n
FR n n.a.(2) n n
GE y y y(5) y(6)
IE n y n n
NL y y n(7) y(8)
PT n y n y
RO y y y n
Sl y y n y
UK-NI n y n n
(1) B: no regulation on determination of N concentration in manure; (2) FR: manure N availability is expressed
qualitatively with respect to N concentration and the C/N ratio in the manure [35]; (3) DK: [35]; (4) DK: [36]; (5) GE:
farm-own manure; (6) GE: manure or other organic fertilizers imported to farm; (7) NL: excretion not calculated;
(8) NL: depending on crop, method and TAN concentration.
3.2.4. Emission Factors for Nitrogen
Standard emission factors for nitrogen (predominantly as ammonia) after organic fertilizer
application were reported by five countries. The emission factors vary broadly between 5% and 30% of
applied nitrogen for Germany and Romania, indicated as the % of excreted nitrogen. There is a slight
tendency for solid organic fertilizers towards a higher standard excretion factor than for liquid organic
fertilizers. However, based on the length of time the animals spend outside on the pasture, higher
emissions can be considered in some countries, e.g., in Germany (Figure S2).
3.2.5. The Plant Availability of Nitrogen in Manure
Table 3 lists the reported values for the crop availability of nitrogen in manure according to
Webb et al. [35]. The values of the current survey are inserted as red, bold figures. Nitrogen availabilities
refer to the applied nitrogen on or into the soil. There are slight differences in the values reported by
some of the countries in the present survey, but generally a higher nitrogen availability is assigned
to liquid manure than to solid manure. The nitrogen availability in cattle manure is lower than
in pig manure while the figures vary a lot for poultry manure. Anaerobic digestion results in an
increased nitrogen availability of the digestate in comparison to the initial substrate (manure, renewable
raw materials). Aerobic treatment, on the other hand, leads to a decreased and prolonged nitrogen
availability of the compost in soil (figures on N availability in compost are not included in Table 3).
Slovenia recently updated the values on crop availability. Availabilities are defined for three
consecutive years, there is no distinction between animal type, but between solid and liquid manure
and between arable and grassland: the crop availability of nitrogen in solid manure on grassland
is comparably low, at 50% [37]. For the Suisse Balance, farmers who receive subsidies for manure
application by drag hose have to add 3 kg Navailable/ha to their Suisse Balance. By this, increased
efficiency upon drag hose application is considered at least for the N budget, but not for the
fertilization planning.
Countries which do not declare specific emission factors for nitrogen losses prior or during
manure application (e.g., Flanders, Northern Ireland and the Republic of Ireland) do not stipulate
lower nitrogen availabilities—the effect is a slight improvement in the legal requirements. However,
the overall impact also depends on the underlying N excretion coefficients per head of animal.
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Table 3. Reported values of crop available % of total nitrogen (=manure N efficiency) [35], supplemented
by data from the current survey (red, bold figures).
Crop Available % of Total Nitrogen (=Manure N Efficiency)
Cattle Pigs Layer Broiler Sheep
Country Slurry Solid Slurry Solid Slurry Solid


















BG 20–35 20 40–45 20 40–50 40–50 40–50
CH(1) 45 20 50 35 35 35 30
CZ 60 40 60 40 60 40 40 40
DK(2) 70 65 75 65 70 65 65 65
















FR 45 10/15 60 20/30 45 45 35 10











IT(3) 24–62 24–62 28–73 28–73 32–84 32–84 32–84
LV 50 25 50 25 30 25 25
LT 35 35 35
LU 25–50 30–50 30–60 30–50 50 50
NL 60/40 40/25 60–70 55 60/70 55 55













RO 50 30 50 30 30 50
















SK 50 30 50 30 30 50 50









(1) Values referred to are reported as N availability in the year of application for arable farming; for forage production,
5%–10% higher availabilities are assumed. (2) Also includes residual N effects in the following years after application.
(3) Availabilities are presented as a matrix according to soil type and time of application.
3.3. Elements of Soil Surface Budgets
Five countries gave further information on the elements they include in their soil surface budgets
(Germany, the Netherlands, Romania, Switzerland and Slovenia, although in Slovenia, the information
required by law is limited to the relation of organic N production to land area (LU/ha). Nitrogen
emissions from organic fertilizers and manure are considered in all above-listed practitioners of soil
surface budgets, so the net budget is the more widely used budget version. The Suisse Balance,
however, does not strictly follow a soil surface approach, but rather a combination between soil surface
and farm gate balance. However, as it is more related to a soil surface budget, it was considered as such.
On the inflow side of the farm budget, the chemical composition of mineral fertilizers and traded
organic fertilizers (other than manure) is mostly taken from product declarations or databases. For the
determination of the nitrogen content in manure imported into the farm, various options are used,
including chemical lab analysis and rapid on-farm analysis, declarations and databases on nitrogen
concentration in manure and on nitrogen excretion of farm animals. Manure produced on the own farm
is analyzed less frequently. Instead, in this case, databases are used to determine nitrogen concentration
(Figure 5).
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Figure 5. Qualitative determination of elements of nitrogen inflows of soil surface budgets; multiple
answers are possible (Source: expert survey results).
The quantity of fertilizers is mostly weighed, less frequently estimated or taken from the product
declarations. Quantitative information on seeds and planting material mostly derives from product
declarations. Quantification of leguminous nitrogen fixation and nitrogen deposition is mostly deduced
from tables, or the amounts of nitrogen entering the system are estimated (Figure S3).
Nitrogen removal take places through various kinds of harvested crops. For arable crops which
are regularly analyzed post-harvest as part of a quality assessment (e.g., for a payment according
to their raw protein concentration), these data are used for the budgets—otherwise, the nitrogen
concentration is deduced from databases. The same may be the case for harvested fodder plants.
The largest uncertainty is related to the amount of nitrogen removed by grazing animals (Figure 6).
Figure 6. Qualitative determination of elements of nitrogen removal of soil surface budgets; multiple
answers are possible (Source: expert survey results).
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Quantities of cash crops and fodder harvests are weighed, but also estimated. The quantity of
forage consumption by grazing animals is estimated, partly on the basis of tables and with reference to
the particular animal performance (Figure S4).
3.4. Elements of Farm Budgets
Germany, Romania, Northern Ireland and the Netherlands reported on the elements used for farm
budgets in their countries. On the inflow side of the farm budget, the sources of information on the
chemical composition of the different elements of the budget are databases (and tables, respectively)
and chemical laboratory analyses of the product, and the latter is also used for product declaration.
The nitrogen concentration of manure imported to farms is analyzed with various methods. This is due
to national legislation on the placement on the market of fertilizers. The actual nutrient concentration
of manure imported to a specific farm determines its fertilizing value and its price; therefore, both
seller and buyer are interested in reliable information on fertilizer value. Manure produced on the
farm usually has to be taken into account if it is exported from the farm (Figure 7).
Figure 7. Qualitative determination of elements of nitrogen inflows of farm budgets; multiple answers
are possible (Source: expert survey results).
Concerning the quantitative registration of inflow elements of the farm budgets for those goods
which are traded regularly with an accompanying goods receipt or a product declaration on the
package, this declaration is used for budgeting. For elements that are difficult to estimate, e.g., animals
entering the farm, listings of an estimation table are used (Figure S5).
Concerning nitrogen removal from the farm, data on the nitrogen concentration of the harvested
crops mostly derive from databases or tables (Figure 8), in contrast to the reports on soil surface budgets
(Figure 6). Nitrogen removal by farm animals, sold or dead, leaving the farm is usually taken from
databases. As an exemption, manure to be exported from the farm is also analyzed using rapid on-site
analysis, e.g., near-infrared spectroscopy (NIRS) technology. So, in the Netherlands and Flanders,
manure that is transported between farms has to be weighed and analyzed for N and P. Data of this
origin are found in [38].
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Figure 8. Qualitative determination of elements of nitrogen removal of farm budgets; multiple answers
are possible (Source: expert survey results).
For the quantitative assessment of nitrogen removal, goods are often weighed or counted
(Figure S6).
3.5. Comparison of Budgets in Different Countries
Below, five selected budget examples for the assessment of nitrogen flows at the farm level are
presented and their characteristics are compared. The supplementary table gives an in-depth overview
over the different budgets (Table S1).
3.5.1. Germany
The German fertilization ordinance [4] functions as the main legal act for the national
implementation of the Nitrates Directive. Before the recent revision of the fertilization ordinance [18,39],
all farmers were obliged to calculate a soil surface budget ex post fertilization (net budget, referring
to total nitrogen inflow of applied fertilizer). After the EU court took legal action against Germany,
the German fertilization ordinance [18] was revised and improved in March 2020 [39]. The nitrogen
soil surface budget used as a control instrument against excessive use of N fertilizer is no longer
compulsory—instead, a plotwise record of fertilizer use has now been introduced.
In addition, since 2018, intensive animal breeding farms and biogas production facilities using
farm inputs are obliged to calculate a farm budget ex post [40]. By 2023, it is planned to include more
farms into the obligation to calculate a farm budget. The aim of the farm budget is to transparently
and verifiably monitor nutrient flows in breeding farms [41].
Standard values (e.g., excretion factors, nutrient concentrations in harvested crops and in animal
products) have to be used for the farm gate budget and were also compulsory for the soil surface
budget. Farmers also have to estimate individual calculation data, taking into account set minimum
values (e.g., for nutrient concentration in roughages). For some data, nutrient declarations have to be
used (e.g., for animal feed and for commercial fertilizers). For the soil surface budget, N removal of
harvested roughage crops was estimated on the basis of animal categories and numbers. However,
considerable losses could be added to the calculated N intake through roughage. The target value
of the now abandoned net soil surface budget was a nitrogen surplus of less than 50 kg*ha−1, the so
called control value, as the farm average over a three-year period [4]. The target value of the gross
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farm budget [40] is a surplus of less than 175 kg*ha−1, which is equivalent to the target value of the
net soil surface budget of the former German fertilization ordinance for animal breeding farms [27].
In the course of the latest infringement procedure, the European Commission criticized the mandatory
nitrogen soil (surface) budget in the German fertilization ordinance [4] and the uniform control value
above zero, which furthermore is not adapted to different soil and climatic zones. The federal German
agricultural ministry, therefore, in turn, replaced the soil surface budget by a precise, plot-wise record
of all applied fertilizers [39].
3.5.2. Switzerland
A prerequisite for receiving subsidies for farmers in Switzerland is to present the Suisse Balance,
an individual-farm nutrient budget for nitrogen and phosphorus as ‘proof of ecological performance’.
It is a combination of the soil surface and farm gate budget in which manure produced within the
farm plus fertilizer imports are balanced against the “net nutrient requirements” of the crops [42].
Approximately 90% of all Swiss farmers participate in this scheme. Farmers who do not use fertilizers
containing nitrogen and phosphorus are exempted from this obligation in cases where in addition
the animal densities on their farms are below certain thresholds, depending on defined land zones.
The Suisse Balance is a net budget, since standard nitrogen emissions from stables and storages and
from grazing animals are considered. Furthermore, the nitrogen availability of organic fertilizers is
calculated as the farm-specific nitrogen use efficiency, also taking into account ammonia emissions
and other losses upon application. The resulting nutrient supply from fertilizers (farm-own and
farm-external) is compared to the standard nutrient requirement of crops. This means that plant
residues which remain on the field, as well as biological nitrogen fixation, deposition and nitrogen
release from soil, are indirectly taken into account. Nutrient removal from grassland is calculated
indirectly by estimating feedstuff consumption of farm animals [43]. The target is that the nitrogen
and phosphorus supply may exceed standard plant requirements for N and P by at maximum 10%,
respectively. Although the Suisse cantons are responsible for the enforcement of the national legislation,
there is no guideline on a unified implementation and execution at the canton level [44]. An evaluation
of the Suisse Balance in 2011/2012 revealed the need for improvements with regard to method and
administration [43].
3.5.3. The Netherlands
In the Netherlands, in 1998, the Mineral Accounting System (MINAS)—a gross farm budget—was
fully introduced as a policy instrument. It was based on the principles that the nutrient surplus is an
indicator for nutrient efficiency and that a certain nitrogen surplus is unavoidable. The remaining
surplus was taxed. Although this approach was successful in the reduction of nitrogen and phosphorus
surpluses, in 2003, the EU Court of Justice banned the Dutch farm-level budget system MINAS as,
according to the Nitrates Directive, application standards are required while acceptable loss standards
are rejected. Accordingly, at the legislative level, MINAS was replaced by a system of nitrogen and
phosphorus application standards [45].
The Dutch Annual Nutrient Cycling Assessment (ANCA), a management tool for dairy farmers,
was introduced parallel to legislation. Since 2016, the use of ANCA is, according to an agreement among
representatives of the dairy processing industry and the farmers union, mandatory for all dairy farms.
Farmers who do not join the ANCA scheme are not permitted to deliver milk to the milk-processing
industries. As ANCA is a web-based tool, approximately 90% of the data can be directly supplied
by the industry (milk processing, feedstuff, laboratories, etc.). It is a tool for benchmarking purposes.
Data can be evaluated in different directions. The aim is to increase nitrogen use efficiencies (NUEs):
• A farm with a high individual herd NUE produces less N in manure, and thus reduces the need
for N-export;
• A farm with a high individual herd NUE consumes less feedstuff;
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• A high NUE with respect to soil indicates a low farm N surplus;
• A high NUE of grassland indicates a high N yield;
• A high N input goes along with a lower NUE;
• A high NUE, in turn, results in substantial savings for the farmer (expenses for fertilizer, feedstuff
and for manure export) [46].
3.5.4. Romania
In order to receive subsidies, farmers in Romania have to comply with on-going legislation that
transposes the EU Nitrates Directive. As in all EU member states, the legal Code of Good Agricultural
Practices for water protection against nitrate pollution from agricultural sources and the corresponding
action program have to be revised every four years. The rules of this program are mandatory for all
farmers who request subsidies. Payment agencies for interventions in agriculture monitor a sample of
farmers once a year (5% of all farms) for compliance with the applied standards related to maximum
quantities of fertilizers or with the accomplished fertilization plans. Sanctions are applied if the farm
does not comply with these requirements.
Farms which apply higher fertilizer quantities than the maximum standards have to complete
an N budget and a fertilization plan. For the calculation of economic optimum fertilizer rates, the
measured agrochemical soil indicators, costs of fertilizers, expected crop yields and the limits imposed
by legislation are taken into account.
Each farm has to retain documents with evidence related to nutrient management at the farm/parcel
level for the control authorities.
4. Discussion
4.1. Prevalence of N Fertilization Planning and N Budgeting at the Farm Level
Budgeting as ex post evaluation of the nitrogen use efficiency (NUE) at the farm level by
determination of N surplus is practiced only in a minority of the participating countries in this survey
(Table 1). At present, it is legally binding only in Germany, Romania and Switzerland (not an EU
member state). In the Netherlands, the statutory anchoring of the farm budget MINAS was banned by
the EU Court of Justice in 2003. In Germany, as a reaction to the pressure from the EU Commission to
improve the implementation of the Nitrates Directive, the soil surface budgeting system, in effect since
2007 and amended in 2017 [4], has now been replaced by an improved mandatory fertilizer planning,
with the duty to keep plotwise records on the applied fertilizers [40,41].
The limited legal anchoring of nitrogen (and phosphorus) farm-level budgets might be due to a
lack of appreciation of the Commission for this indicator for evaluation and control of farm nutrient
management. It is in any case surprising, as at the national, regional and even landscape level, the use of
nutrient budgeting is well established and highly appreciated [3,5,6,13,15,16,19,26,28]. In particular, the
OECD and EU institutions have highlighted the value of nutrient budgeting as an agri-environmental
indicator [3,47].
Fertilization planning, on the other hand, “arrived” at the farm level in accordance with the
requirements of the Nitrates Directive. It is no surprise that it is practiced in all participating countries
of this survey, and it is a legally binding procedure for the farmer in the majority of countries (Table 1),
although the complexity of the system varies a lot between the countries (Figure 4).
4.2. Need for the Standardization of Data Collection
This survey revealed that the methods used for nutrient budgeting at the farm level are far from
harmonized (Figures 5–8; Figures S3–S6). This refers to the budget type, the elements of the budgets
considered as well as the data sources. There is a clear discrepancy between the precision of data
needed to exactly interpret nutrient flows at the farm level (Figure 1) and the availability of data at this
level. Generally, databases and tables play a dominant role in data generation. There seems to be no
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standard method for the assessment of chemical manure composition, both in soil surface and farm
budgets. Quantitative estimations and weighing of N removal (yield) prevail for soil surface budgets,
while counting and weighing is often used with N removal (products of animal and plant origin) in
farm budgets. These findings are confirmed by other authors [21]. As an example, the assessment of
the concentration of nitrogen in manure is discussed below.
4.2.1. Nitrogen Concentration in Different Manure Types
Nitrogen concentration in manure is specific for the type of animal and related to its concentration
in the feedstuff used: matching the composition of the livestock diet to the nutritional demand thus
reduces nitrogen excretion [35]. The composition of the liquid and solid manure types also differs
according to housing system and manure management practices. Standard values for the different
manure types in the member states often take into account the varying straw–water–dung relation
and, therefore, differ in their nutrient concentrations [36,48]. In the framework of the Interreg/Baltic
Sea Region project “Manure Standards,” the different mass-balance approaches to calculate manure
composition in Denmark, Estonia, Finland, Sweden, Germany, Russia and Poland were investigated [49].
Luostarinen and Kaasinen [50] detected differences in the level of detail, in the algorithms applied,
and in the background data used in the national calculation tools. Standards for manure quantity
and composition are used, e.g., as the basis for fertilization planning or the calculation of manure
storage capacity.
Nitrogen excretion is calculated in order to standardize nitrogen flows, budgeting the quantity of
nitrogen fed (=input) and the amount of nitrogen in the products of animal origin, e.g., milk, meat or
eggs (=output). However, N excretion factors for dairy cattle, other cattle, pigs, laying hens, broilers,
sheep and goats differ significantly between policy reports (IPCC guidelines, the EMEP/EEA inventory
guidebook, the EU Nitrates Directive, OECD/EUROSTAT, the GAINS model and the CAPRI model)
and countries [38]. These differences can be related to disparities in animal production between the
member states, but also to differences in the aggregation of livestock categories and in estimation
procedures [38].
4.2.2. Analyses and Measurements versus Standard Data and Estimations
For the establishment of nitrogen budgets on farm level, apart from standard values as described
previously in 4.2.1., sampling of in and outputs and direct (=on farm) measurements or analysis
respectively laboratory analysis are possible. On-farm analysis possesses the advantage that the
information on, e.g., nitrogen concentration in manure, is directly available and can be used to
adjust supplementary mineral fertilization. Nevertheless, producing representative samples from
heterogeneous substances is difficult and the accuracy of on-farm analytical methods is generally not
very high [51]. Moreover, manipulative estimations by the farmer could result in voluntary unbalanced
budgets (e.g., a higher than realistic yield, lower N concentration in manure) that are even more
difficult to detect for control officers [44].
Near-infrared spectroscopy (NIRS technology) achieves satisfying results for the analysis of liquid
manure. However, the technology is not yet widespread [51]. A new approach to calculate nutrient
excretion more precisely was chosen for the Dutch Annual Nutrient Cycling Assessment (ANCA)
tool. The online tool is fed in “real time” with data necessary to calculate farm-specific nutrient
excretions. Therefore, with this tool, optimization of the milk production process is possible, increasing
the farm-specific NUE [52] and reducing pollution potential and costs [53].
4.3. Detection of “Hidden” Surpluses Using N Budgets
While fertilization planning refers to the plant-available N in fertilizers, budgets take the total
N amount into account. There are a range of factors influencing the level of “hidden” surplus in
fertilizer use.
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4.3.1. Nitrogen Losses during Housing and Storage and during/after Manure Application
Nitrogen losses from livestock housing and from manure storages are mainly in the form of NH3
emissions, but high N2 and N2O losses are also reported from solid manures [54]. For the calculation
of the share of nitrogen emitted, emission factors are applied, referring to different livestock categories,
manure types and diets. Emission factors are either based on total N excretion or N concentration, or
on the total ammonia nitrogen (TAN) [55–57], resulting in considerable variation in emission factors for
the same livestock categories among member states. Moreover, abatement measures in an “upstream
part” of the manure management system (e.g., manure storage) affect downstream losses (e.g., during
manure application) by increasing the TAN concentration of the manure, and thus have an impact on
the emission factors of application [55].
In the countries participating in this study, the share of nitrogen in manure and other organic
fertilizers actually incorporated into soil is calculated in different ways (Table 2). Nitrogen emitted as
standardized gaseous losses from stables and storages is deduced from the N amount excreted by farm
animals, as in B, CH, GE, NL, RO and Sl. Gaseous emissions after manure application are considered
in GE, NL, PT, RO and Sl. The N surplus of gross budgets includes the share of nitrogen emitted via
these paths.
4.3.2. The Plant Availability of Nitrogen in Organic Fertilizers and Soil Conditioners
In the framework of fertilization planning, the plant availability of nitrogen is a necessary variable
for the calculation of the amount of organic fertilizer and soil conditioners to be applied and of
supplementary mineral fertilization. Webb et al. [35] carried out a survey among all 27 member states
on these availability factors for the liquid and solid manure of cattle, pigs and layers and for the solid
manure of broilers and sheep. The availability factor is used throughout the member states, not only
within the NVZs. It describes the manure N efficiency and is expressed as the percent of total nitrogen
(Table 3, updated). In some member states, the availability factors include residual effects for one or
several followings years. It is not only that these availability factors do not exist in every member state
for all livestock categories, they also vary considerably between them.
What is listed in Table 3 is in fact the actual plant-available share of the fertilized nitrogen
which can be considered for fertilization planning purposes. This share increases with a decrease in
the C/N ratios in manure, respectively, in organic fertilizers or soil conditioners. Therefore, liquid
manure and digestates which are characterized by comparably narrow C/N ratios show higher plant
availabilities than, e.g., solid manure. The share of N unavailable to plants—together with organic
carbon—accumulates in soils with repeated application of the organic fertilizers. The effect increases
with the application rates (temporal and quantitative). In the long term, elevated organic matter
concentrations in soils leads to an increase in the mineralization of soil organic matter and, consequently,
higher Nmin concentrations in soil and soil water, particularly if the C/N ratio is—due to high application
rates of liquid manure—narrow [58]. This mineralization effect of soil organic matter is expected to
even increase with a prolongation of the cultivation season due to climate change [59].
Another effect of changing climate conditions is the unpredictability of growing conditions.
Droughts, for example, can reduce yields considerably, and high rates of precipitation in the winter
season can reduce mineral nitrogen in the root zone from the start of the growing season—an issue
which may be corrected for by an annual prognosis and monitoring program, as implemented in
Denmark. The gap between predicted and accomplished yields results in a gap between fertilized
nitrogen and plant uptake of nitrogen. At best, nutrients that are not transferred into plant biomass
remain in soil and are available in the following growing period—at worst, they are leached below the
root zone and contaminate groundwater [60].
In soil surface budgets, gaseous nitrogen losses are excluded. This budget type is, therefore,
particularly suitable for detecting the “hidden” surpluses of nitrogen, which increase the N stock in
soil and might threaten the environment by leaching, erosion or denitrification.
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4.4. Evaluation of the Presented Budget Types
The Suisse Balance compares the nitrogen supply by fertilizers with the standard nutrient
requirement of crops. The soil surface budget of the German fertilization ordinance [4] compares
nitrogen inflow by fertilization calculated from standard N animal excretion and fertilizer rates
and concentrations with current nitrogen removal by crop, determined from yields and standard N
concentrations. The farm gate budget of the German material flow ordinance (StoffBilV) [40] compares
nitrogen inflow and output at the farm level, based on standards as well as product declarations.
ANCA (the Netherlands) calculates more realistically, with up-to-date analysis data supplied from
laboratories and the industry. While the ANCA evaluation is variable, referring to the farm level or in
detail to the herd, manure, soil or crop, the budgets used in Romania, Germany and Switzerland have
a fixed set up.
While nitrogen budgets in Germany [4,39], Romania and Switzerland (Suisse Balance) are statutory
requirements, with de minimis limits for smaller and/or less intensive farms, the ANCA tool in the
Netherlands is an agreement beyond the legal level, between dairy farmers and the dairy industry.
This overall arrangement can be explained as a reaction to the decision of the EU Court of Justice
stating that the previous tool, MINAS, is incompatible with the Nitrates Directive.
ANCA is a benchmarking tool for dairy farmers, aiming to increase N efficiency. The German
StoffBilV [40] was installed to improve transparency on nutrient flows on intensive animal breeding
farms. The German fertilization ordinance [4] and the Suisse Balance both have to be attained in
order to receive subsidies, and both aim at the reduction of water pollution due to nitrates. In the
federal structures of both Germany and Switzerland, control mechanisms at the federal state level
or the canton level are not unified. In Romania and Germany, yearly increasing sanctions related to
the rules of Cross Compliance (CC) according to the Common Agricultural Policy of the EU may be
imposed. Additionally, legal fines for the violation of the rules of the German fertilization ordinance
could amount up to 50,000 €. Sanctions in Switzerland are comparable to the CC sanctions in the EU
member states—in the case of repeated violations, subsidies might even be cut completely.
In the German system, no third parties—such as farm advisors or control bodies—have unwanted
direct access to farm data: farmers have to present the results and some of the basis of their calculations
to the control authority on request. In Switzerland, at least some data on manure and organic fertilizer
flow between farms or from/to biogas plants are stored centrally. In contrast, in the Netherlands, data
for ANCA from different sources are collected centrally, evaluated by a farm advisor and communicated
to and discussed with the farmers. In Denmark, the fertilizer accounts are publicly accessible.
Table S1 also lists the elements of the different budgets. As for ANCA, a range of data are
processed, different budget types with different system boundaries can be calculated and internal data
flows between the systems can be extracted and evaluated.
All systems except the farm budget StoffBilV use an indirect method to determine the uptake of
roughages, particularly of grass, by the number of animals and the grazing hours. Although this is not
a precise method, the alternative, estimating or measuring the grass growth and grass quality (protein
concentration), is not yet standard practice among farmers.
The Suisse Balance and ANCA offer the possibility of using farm-specific excretion rates.
This enables the possibility of increasing NUE by using selected N-reduced feeds.
The German budgets have to be interpreted versus the target values: 50 kg*ha−1*year−1 in 2020
for the soil surface budget [4] and 175 kg*ha−1*year−1 for the gross farm budget [40]. The difference
between the two values can be explained by the sum of nitrogen losses from stables and storages, losses
from roughages and ammonia deposition [27]. The ANCA benchmarks are calculated as the annual
mean of all farms and amounted to 218 kg*ha−1*year−1 as the farm budget and to 158 kg*ha−1*year−1
as the soil surface budget in 2018 [47]. From these figures, it can be concluded that, in Dutch farms,
the gap between gross and net value (60 kg*ha−1*year−1) is lower than between farm and soil surface
budget in Germany (125 kg*ha−1*year−1). The target value of 175 kg*ha−1*year−1 of the StoffBilV in
the German farm budget seems even more elevated with respect to the underlying N application
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standards. They amount to 250/230 kg*ha−1*year−1 with reference to manure in the Netherlands in
comparison to 170 kg*ha−1*year−1 with reference to manure and other organic fertilizers, like compost
and biogas effluent, in Germany. The target of the Swiss budget is to have less than 10% surplus in
comparison to the standard nutrient requirement of the crop.
5. Conclusions
The harmonization of the methodology of nitrogen budgets as agri-environmental indicators at
the farm level is limited due to European legislation. This was seen in the examples of the Netherlands
(MINAS) and Germany (fertilization ordinance). European legislation does not accept N surplus as
an indicator for the success of the implementation of the Nitrates Directive into national legislation.
Our expert survey in several European member states and Switzerland reveals that, on the other hand,
fertilization planning, defined as “good agricultural practice” in the Nitrates Directive, has clearly
reached the farm level.
In most of the cases where budgets are in regular use at farm level (Germany, Romania, Switzerland),
standard values for the chemical composition of feedstuff, organic fertilizers, and animal and plant
products are applied. However, standard values cannot depict individual, farm-specific conditions.
Therefore, further joint research activities and development of methods and/or products are necessary
in order to carry out plausibility checks of the underlying nutrient flows at the farm level.
Consequently, nitrogen budgets are not yet fit to be applied as standard “ready to use”
“agri-drinking water indicators (ADWIs)” for the pollution of waters with nitrates, which would
produce comparable results across Europe. Further, the comparability of soil surface and farm nutrient
budgets used in the different countries is rather limited. However, nitrogen budgets at the farm level
can serve as a comparably simple benchmark instrument, next to autumn Nmin values of the soil, in
order to identify best management practices under defined environmental and farming conditions.
The example of the Dutch Annual Nutrient Cycling Assessment (ANCA) tool (and partly of
the Suisse Balance) shows that it is only by using farm-specific “real” data that budgeting can be
successfully applied to optimize nutrient flows and increase N efficiencies at the farm level. However,
this approach is more elaborate and requires centralized data processing where data protection
concerns are considered. The detailed data analysis does not correspond with governmental control
and sanctions.
The Dutch example also shows that in intensive dairy production, even when comparatively
high N use efficiencies of slightly below 40% are attained at the farm level, large amounts of nitrogen,
approximately 200 kg N per ha and year, are still released into the environment, questioning the
livestock density and intensity level of dairy production.
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Figure S1. Impact of technical progress on N-requirement of the crop according to national fertilization planning
systems; Figure S2. N emissions during and after organic fertilizer application in % of applied N in % of excreted
N; Figure S3. Quantitative determination of elements of nitrogen inflows of soil surface budgets; Figure S4.
Quantitative determination of elements of nitrogen removal of soil surface budgets; Figure S5. Quantitative
determination of elements of nitrogen inflows of farm budgets; Figure S6. Quantitative determination of elements
of nitrogen removal of farm budgets; Table S1. Characteristics of five budgets from four countries practiced on
farm level.
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Abstract: Reaching the EU quality standard for nitrate (50 mg NO3/L) in all groundwater bodies is a
challenge in the Federal State of North Rhine-Westfalia (Germany). In the research project GROWA+
NRW 2021 initiated by the Federal States’ Ministry for Environment, Agriculture, Nature and
Consumer Protection, amongst other aspects, a model-based analysis of agricultural nitrogen inputs
into groundwater and nitrate concentration in the leachate was carried out. For this purpose, the water
balance model mGROWA, the agro-economic model RAUMIS, and the reactive N transport model
DENUZ were coupled and applied consistently across the whole territory of North Rhine-Westfalia
with a spatial resolution of 100 m × 100 m. Besides agricultural N emissions, N emissions from
small sewage plants, urban systems, and NOx deposition were also included in the model analysis.
The comparisons of the modelled nitrate concentrations in the leachate of different land use influences
with observed nitrate concentrations in groundwater were shown to have a good correspondence with
regard to the concentration levels across all regions and different land-uses in North Rhine-Westphalia.
On the level of ground water bodies (according to EU ground water directive) N emissions exclusively
from agriculture led to failure of the good chemical state. This result will support the selection and
the adequate dimensioning of regionally adapted agricultural N reduction measures.
Keywords: nitrate; groundwater; source apportionment; modelling; nitrogen sources; leachate rate
1. Introduction
Excessive nitrate inputs into groundwater have been recognized as a main reason for failing
drinking water standards for decades [1–6]. Agricultural N emissions originating from mineral or
organic fertilizers are regarded as the most relevant source of nitrate in groundwater worldwide [7].
Accordingly, strategies to cope with the nitrate pollution of groundwater are focused on controlling
the agricultural sources of nitrate [8,9]. In Europe, this is reflected in the water legislation at the EU
level, that is, the EU Water Framework Directive (EU-WFD) [10], the EU Marine Strategy Framework
Directive [11], and the EU Nitrates Directive [12], obliging the polluter to implement measures to
reduce the nitrogen impact on groundwater.
The EU-WFD [10] requires the assessment of the groundwater status at the level of groundwater
bodies for both quantitative and qualitative status. The latter is assessed by comparing measured
concentrations and trends at groundwater observation wells to groundwater quality standards or
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threshold values [13] and by extrapolating the findings at the monitoring sites to the area represented
by these monitoring sites. As suggested by the European Commission in a guidance document on
groundwater status and trend assessment [14] groundwater bodies in the EU are classified as being
not in good status in cases of 20% or more of the total groundwater body area being polluted [15–17].
Consequently, a groundwater body is classified as failing in terms of good status due to nitrate in cases
where the area represented by the monitoring station(s) shows nitrate concentrations above 50 mg
NO3/L and/or rising trends exceed 20% of the total groundwater body area.
In the groundwater bodies failing in terms of good status due to nitrate, measures reducing
the nitrogen input into the aquifer have to be implemented [10,11]. Taking nitrate concentrations
in groundwater above 50 mg NO3/L as a reference, the implementation of measures is limited to
oxidized aquifers. Significant denitrification capacities are lacking in oxidized aquifers, and thus
nitrate concentrations in the upper groundwater are directly correlated to the nitrate input [18,19].
In reduced aquifers, such a relationship is missing due to denitrification processes [20–23], and thus
the related groundwater bodies are in good status with regard to nitrate in spite of high nitrogen
inputs. Consequently, no measures to reduce N input have to be implemented in such cases. In North
Rhine-Westfalia, such aquifers occur in the Northern parts of the Lower Rhine Embayment and parts
of the Westphalian lowland. In this context, it must be remembered that the fossil pyrite and/or lignite
particles involved in the denitrification process in aquifers are exhaustible resources [24,25]. Once this
inventory of an aquifer is consumed, a dramatic nitrate concentration rise in groundwater can be
observed [26,27]. Therefore, it is in generally not expedient to allow higher nitrogen inputs for reduced
aquifers as is done for oxidized aquifers [28].
In order to ensure that the nitrate concentrations in oxidized aquifers will not exceed 50 mg/L and to
conserve the natural denitrification capacity of reduced aquifers, the German Working Group on water
issues of the Federal States and the Federal Government (LAWA) requires that the nitrate concentration
in the leachate should not exceed 50 mg NO3/L [28]. Similar considerations are reflected in the
groundwater strategies of other countries [29,30]. Against this background, the nitrate concentration in
the leachate can be considered as the decisive starting-point to determine the N reduction required [31].
In order to implement measures efficiently, a stepwise procedure can be used [18,32]. At first,
the source areas contributing to measured nitrogen concentrations in groundwater beyond quality
standards are identified within the groundwater bodies failing good chemical status. This is achieved
by using modeled land use specific nitrate concentrations in the leachate to indicate nitrogen emission
into groundwater. Subsequently, the absolute N reduction required to reach the groundwater quality
target in the areas concerned is determined. Finally, regionally adapted and accurately dimensioned N
reduction measures are selected and implemented.
Thus far, the model approach developed by the authors has focused on N emissions from
agriculture, assuming that these N sources mainly have to be considered for determining the N
reduction need [33–35]. The predominance of agricultural N sources in rural areas is quite obvious.
In densely populated and industrialized regions, however, there are clear indications that also
non-agricultural N sources may contribute to high nitrate concentrations [36,37].
With an average population density of 525 inhabitants/km2 [38], the Federal State of North
Rhine-Westfalia represents a prime example for a densely populated region in Germany. In light of
the above, there is a debate as to what extent non-agricultural N emissions contribute to high nitrate
concentrations. In cases where the nitrate concentrations in the leachate above 50 mg/L can be attributed
to N sources other than agricultural N sources, agriculture alone cannot be obliged to implement N
reduction measures according to EU-WFD requirements [10]. In the regions where this is the case,
N reduction measures to counteract non-agricultural N sources would have to be implemented.
Against this background, a simultaneous consideration of the N emissions from all relevant N
sources is indispensable for assessing the entire N loading of the leachate as well as the N inputs into
groundwater and surface waters. In practical terms, this means that in addition to the agriculturally
produced N emissions (agricultural N balance surplus, atmospheric NHx deposition), the N emissions
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from urban systems; small sewage treatment plants seeping into groundwater; and the atmospheric
NOx deposition from industry, household, and traffic should also be determined, doing so enables
the identification of the “hot-spot areas”, wherein the nitrate concentration in the leachate exceeds
50 mg/L. Additionally, the proportion of the individual N sources with regard to the modelled nitrate
concentration in the leachate in a certain region can be assessed objectively. The latter is an important
prerequisite for addressing the regionally relevant N emission source(s) and for deriving correctly
dimensioned N reduction measures.
2. Materials and Methods
The co-operation project GROWA+ NRW 2021 initiated by the Federal States’ Ministry for
Environment, Agriculture, Nature and Consumer Protection started at the end of 2015. In the
context of the GROWA+NRW 2021 project, the coupled agro-economic-hydrologic model network
RAUMIS-mGROWA-DENUZ-WEKU-MONERIS [31] is applied and further developed in order to
support the implementation process of the EU-Water Framework Directive, the EU Nitrates Directive,
and the EU Marine Strategy Framework Directive in the Federal State of North Rhine-Westphalia.
The questions to be answered in the GROWA+ NRW 2021 project include;
• The determination of the actual N input into groundwater and surface waters;
• The identification of actual “hot spot” areas of N pollution;
• The assessment of the necessary reduction of N emissions to reach the EU quality standards;
• The prediction of the time lags until N reduction measures will show effect (target achievement).
Nitrate concentration in the leachate is determined within the framework of an area-differentiated
modeling of the diffuse and point source N inputs into groundwater and surface waters. For this
purpose, the model system [31,32], which had already proven its suitability in macro-scale applications
on the level of States and river basins in Germany, was applied in NRW on the basis of statewide available
input data. The individual sub-models and their interplay are documented in the literature [32–36]
and will only be briefly described here. The interplay of the individual sub-models is summarized in
Figure 1.
 
Figure 1. Simulation of nitrate concentration in the leachate in the framework of the coupled model
system RAUMIS-mGROWA-DENUZ-WEKU-MONERIS.
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In the agricultural sector model RAUMIS [39], a set of agro-environmental indicators is linked to
agricultural production. Currently, the model comprises indicators such as fertilizer surplus (nitrogen,
phosphorus, and potassium), pesticides expenditures, a biodiversity index, and corrosive gas emissions.
These indicators help to evaluate direct and indirect environmental impacts of policy-driven changes
in agricultural production. Regarding diffuse water pollution, the indicator “nitrogen surplus” is
of particular importance. Agricultural statistics with data, for instance on crop yields, livestock
farming, and land use, were used to balance the nitrogen supplies and extractions for the agricultural
area. The long-term nitrogen balance averaged over several vegetation periods is calculated by
considering the organic nitrogen fertilization, the mineral nitrogen fertilization, the symbiotic N
fixation, the atmospheric N inputs, the compost and sewage sludge spreading, and the N removal with
the crop substance [40,41]. As a rule, the difference between nitrogen supplies, primarily by mineral
fertilizers and farm manure, and nitrogen extractions, primarily by field crops, leads to a positive
N balance.
A certain amount of the mineral N surpluses in soils is denitrified to molecular nitrogen.
Denitrification losses in the soil are calculated using the DENUZ model as a function of the diffuse N
surpluses, denitrification conditions, and the residence time of percolation water in the soil according
to Michaelis–Menten kinetics [31,34]. The kinetical parameters are assessed on the basis of observed
denitrification rates in soils [42,43] according to the geological substrate, the influence of groundwater,
and perching water of the soils and the average residence time of perching water in the soil.
In order to determine the diffuse N inputs into groundwater and surface waters according to
individual pathways, the N outputs from soil were subsequently coupled to runoff components.
The latter were quantified with the water balance model mGROWA [44,45]. The mGROWA modelling
approach comprises several sequential parts. Within the basic part, the hydrologic processes at the
earth’s surface and in the root zone of soil are simulated. In particular, soil moisture dynamics
including percolation water movement, capillary rise from groundwater to the root zone, actual
evapotranspiration, and total runoff generation are calculated on the basis of the multilayer soil water
balance model BOWAB [46]. Total runoff values are used to derive runoff components including the
leachate rate and input pathways for nutrients into groundwater and surface water.
Nitrate inputs into an aquifer may be reduced in groundwater by denitrification processes in a
reduced (oxygen-free) groundwater milieu. This reactive nitrate transport in reduced groundwater is
modelled using the WEKU model [47,48] assuming a first-order denitrification kinetics depending on
the nitrate inputs and the residence time in groundwater with a reaction constant of 0.17–0.56 a-1 [49–51].
N inputs from point sources and urban areas were taken into account using the procedures
elucidated in the MONERIS model [52]. The nitrogen load in surface waters within a catchment is
calculated by integration of the diffuse nitrogen inputs into the surface waters via the considered
pathways calculated for each grid cell over the catchment area of the considered station plus the sum of
the N inputs from point sources. The observed N loads, however, are influenced by nitrogen retention
processes in the river itself, which may reduce the nitrogen loads of rivers. Nitrogen conversion in
rivers is considered using the size of the catchment area, total runoff, the size of open water areas and
temperature as inputs [53].
The summation of the modelled N inputs from diffuse and point sources minus the riverine N
retention were compared to the measured N loads from monitoring stations. The observed discharge
and N total concentrations were transformed into Ntot-loads according to the OSPAR method [54].
The results of three sub-models were used for the simulation of the nitrate concentration in
the leachate, namely, the mean long-term leachate rate determined with the water balance model
mGROWA [44], the agricultural N balance surplus assessed on the basis of the agro-economic model
RAUMIS [39], and the reactive N transport in soils determined on the basis of the DENUZ model [31].
Atmospheric N deposition was taken into account, separated for the agricultural-related NHx
emission and the atmospheric NOx deposition originating from households, industry, and transport [55].
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Both atmospheric N sources contribute to the diffuse N output from soils. Additionally, the N emissions
from urban systems and small sewage treatment plants were considered.
Equation (1) shows the general relation between the N sources and the leachate rate in order to
determine the nitrate concentration in the leachate. For an area covering analysis on the Federal State
level, the individual terms of Equation (1) were determined:
CNO3 =
4.43× (Nsoil + KKA + KS)
0.01×Qsw (1)
where
CNO3: nitrate concentration in the leachate (mg/L);
Qsw: leachate rate (mm/year);
KKA: N emissions from small sewage treatment plants (kg N/(KKA and year));
KS: N emissions from urban systems (kg N/(community and year));
Nsoil: diffuse N output from soils (kg N/(ha and year));
4.43: factor to convert nitrate-N (mg/L) to nitrate-NO3 (mg/L)(-);
0.01: factor to convert mm in liter (-).
The leachate rate (QSW) was determined on the basis of the mGROWA model [39], which simulates
in the basic part the hydrologic processes at the earth’s surface and in the root zone of soils. In particular,
soil moisture dynamics including the movement of the leachate in soils, capillary rise from groundwater
to the root zone, actual evapotranspiration, and total runoff generation were calculated in daily time
steps on the basis of grass reference evapotranspiration, land use-specific crop coefficients, and a
topography correction function. Additionally, mGROWA calculated the water balance for impervious
surfaces (e.g., sealed surfaces in urban areas) and open water surfaces using approaches adapted to
specific storage characteristics. The second part in mGROWA separated total runoff into the direct
runoff components (natural interflow, drainage runoff, surface runoff, direct runoff from urban areas)
and groundwater recharge from the total runoff by using base flow indices [56]. The leachate rate
results from the difference between surface runoff including runoff from urban areas and total runoff
and designates the water volume leaving the root zone downwards. It is in this regard not identical to
groundwater recharge, which designates the water volume infiltrating into the aquifer.
The diffuse N output from soil (Nsoil) included N originating from two N sources, on one
hand the N output from soil originating from agriculture (Nsoil(agri)), and on the other hand the N
output from soil originating from NOx deposition. The diffuse N output from soil originating from
agriculture (Nsoil(agri)) was derived according to Equation (2) considering the agricultural-related N
loads. The corresponding diffuse N output from soil originating from NOx (Nsoil (NOx)) was derived
according to Equation (3). In both cases, two important processes controlling the N losses from soils,
these being N immobilization (NI) and denitrification (ND), needed to be considered.
The diffuse N output from soil originating from agriculture (Nsoil(agri)) included the agricultural
N balance surplus (Nu) on a community level averaged over several vegetation periods provided by
the regionally differentiating agricultural sector model RAUMIS [40]. As a rule, the difference between
nitrogen supplies, primarily by organic and mineral fertilizers, and the nitrogen extractions, primarily
by field crops, leads to a positive N balance for the agriculturally used areas (Nu).
Nsoil(agri) = NU + NHx−NI −ND (2)
Nsoil(NOx) = NOx−NI −ND (3)
where
Nsoil (agri): N output from soil originating from agriculture (kg N/ha·year);
Nsoil (NOx): N output from soil originating from NOx (kg N/ha·year);
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NU: mean agricultural N balance surplus (kg N/ha·year);
NHx: mean atmospheric NHx deposition (kg N/ha·year);
NI: mean N immobilization in soil (kg N/ha·year);
ND: mean denitrification in soil (kg N/ha·year).
The NHx emission (NHx), particularly from livestock, is the second most important agricultural N
source that contributes to the diffuse N output from soil originating from agriculture (see Equation (2)).
It can be assumed that the entire agricultural share in atmospheric deposition was represented by the
NHx deposition. Equivalent to the NHx deposition, it was assumed that the entire NOx deposition
originating from households, traffic, and industry represented the diffuse N output from soil originating
from non-agriculture N sources (Nsoil(NOx)).
Both NHx and NOx were derived from an official German-wide dataset on atmospheric
Ndeposition determined in the framework of the PINETI project series (PINETI-3, Pollutant INputan
EcosysTemImpact) [55] for the time series 2013-2015. In order to adapt the spatial resolution of the
PINETTI-3 datasets to the spatial resolution of the modelling on NRW scale, the land-use specific NHx
and NOx values available as 1 × 1km grids were disaggregated according to the land use grids of 100 ×
100 m. Apart from its impact on agriculturally used land, the atmospheric NHx and NOx deposition
also affected forests and settlement areas, and thus it had to be considered as area-covering data in the
modelling of the nitrate concentration in the leachate.
The NOx deposition, as well as the sum of agricultural N balance surpluses and atmospheric
NHx deposition, do not correspond to the diffuse N output from soils as two important processes
controlling the N losses from soils, that is, N immobilization (NI) and denitrification (ND) have to
be considered. For pasture and forested areas, it is assumed that a certain part of the N input into
soils is immobilized in the soil organic matter [57] and contributes to the development of biomass.
The immobilization rates depend on the interplay of certain site conditions, for instance, leachate
rates, soil texture, and topography. They can consequently be regarded as regionally variable and are
determined in the framework of the model calibration for pasture and forested areas. For arable land,
however, a significant N immobilization in soil can be neglected [33].
The N load resulting from the summation of agricultural N balance surplus, atmospheric NHx
and NOx deposition, and N immobilization in soil is defined as the displaceable N surplus in soil
(see Figure 1). From this intermediate result, the N output from soil is derived by subtracting the N
losses in soil due to denitrification. In contrast to N immobilization, denitrification in soil takes place
independent from the type of land cover. Equation (3) specifies the DENUZ approach to determine
denitrification rates in soil.
dNstsoil
dtsoil
+ Dmax · Nstsoilk + Nstsoil = 0 (4)
where
Nstsoil: N output from soil from agricultural N sources and NOx deposition after residence time (tsoil)
(kg N/(ha·year));
tsoil: residence times in soil (year);
Dmax: maximum yearly denitrification rate in soil (kg N/(ha·year));
k: Michaelis-constant (kg N/(ha·year));
0: displaceable N surplus in soils (kg N/(ha·year)).
Using observed denitrification rates as a reference, the maximum denitrification rate (Dmax) was
assessed [18]. This was performed on the basis of a ranking of the soils predominantly according
to their groundwater and perching water influence, as well as their organic carbon content [34,35].
Denitrification rates in soils were determined as a relationship between the realizable maximum annual
denitrification rates assigned by the denitrification conditions and the related soil-specific reaction
rates of denitrification (k) under consideration of the effective residence times of the leachate in the
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root zone (t). In this way, it is assumed that, for example, in a case were the residence time in a certain
soil amounts to 6 months, the extent of denitrification is half of the maximum denitrification rate per
year for the given soil.
The final result of the DENUZ model, that is, the diffuse N output from soils from agricultural N
sources and NOx deposition, was subsequently used to calculate the nitrate concentration in the leachate
according to Equation (1). Additionally, the N outputs from urban systems (KS) and small sewage
treatment plants (KKA) (see Equation (1)) were derived from directories about inhabitants and data
about water management facilities (for the North Rhine-Westfalia-specific numbers, see Section 3.2.1).
3. Results
All input parameters and model results to calculate the nitrate concentration in the leachate were
processed as area-covering data for the entire state of Northrhine-Westfalia with a spatial resolution
of 100 m × 100 m. This resulted in a subdivision of the area of the Federal State into around 3.4 Mio
individual grids.
The leachate rate (see Figure 2) diluted the N emissions from agricultural and non-agricultural
N sources, as specified in Equation (1). It was calculated with the mGROWA model [39] for the
hydrological reference period of 1981–2010. Using mean long-term leachate rates as a reference has
two advantages with regard to the modelled nitrate concentrations in the leachate. On one hand, as a
short-term climate-induced blurring of leachate rates was excluded, the modelled nitrate concentrations
in the leachate were representative of the regional long-term hydrologic conditions. On the other hand,
the regional varying N emissions were related to a uniform leachate rate, which was of importance
when the impact of N reduction measures was assessed.
Figure 2. Mean long-term leachate rate of the hydrologic period of 1981–2010.
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The mean long-term leachate rates shown in Figure 2 reveal wide disparities between the regions.
Whereas leachate rates of 600 mm/year or more frequently occurred in all consolidated rock regions
(e.g., Rhenish Massif), leachate rates of less than 200 mm/year may have occurred in the southern part
of the Lower Rhine embayment. There, the dilution of N emissions from the different N sources was
up to three times higher in the consolidated rock regions.
3.1. Nitrogen Emissions from Agricultural Sources and Resulting Nitrate Concentrations in the Leachate
3.1.1. Agricultural N Sources
The N sources taken into account for determining the N output from soil originating from
agriculture, that is, the agricultural N balance surplus and the atmospheric NHx deposition, are shown





Figure 3. (a) Agricultural N balance surplus and (b) atmospheric NHx deposition.
In order to guarantee that crop- and withdrawal-related fluctuations were biased out,
the agricultural N balance surplus on a community level provided by the RAUMIS model [40]
was determined as an averaged value for the period of 2014–2016. In total, the agricultural N balance
surplus in North Rhine-Westphalia summed up to around 82.400 t N/a. Major differences became
evident in cases where this sum was considered regionally differentiated (see Figure 3a). Agricultural
N balance surpluses of less than 25 kg N/ha and year were found in regions where extensive grassland
dominates (e.g., Rhenish Massif). In the food crop cultivation regions (e.g., Lower Rhine Embayment),
where the N demand was predominantly covered by well-controllable mineral fertilizer applications,
the agricultural N balance surpluses ranged between 25 and 50 kg N/ha per year. In contrast, nitrogen
surpluses above 50 kg N/ha per year were determined for regions where livestock density was so
high that the amount of organic fertilizers (and additionally applied mineral fertilizers) exceed the N
demand of the agriculturally used land. Areas in white indicate the non-agriculturally used forest and
settlement areas.
In the agricultural regions with intensive livestock production in the north, the atmospheric NHx
deposition provided by the PINETI model summed up to more than 20-25 kg N/ha per year and locally
to more than 30 kg N/ha per year [58] (see Figure 3b). To the south, that is, in greater distance from the
regions with intensive livestock production, NHx deposition rates between 10 and 20 kg N/ha per year
predominated. This region extended from the northern part of the Lower Rhine embayment in the
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west to the Weserbergland in the east. In the southern part of the Lower Rhine Embayment, crop farms
predominate. There, the atmospheric NHx deposition rarely exceeded 10 kg N/ha per year. The same
NHx deposition rates were determined for the most southern parts of the Rhenish Massif situated in
the lee of the Sauerland Mountains. Averaged over the entire Federal State of North Rhine-Westfalia,
the atmospheric NHx deposition corresponded to a total of around 44,000 t N/a.
3.1.2. N Output from Soils Originating from Agricultural N Emission Sources
In order to determine the N output from soils, N immobilization and denitrification (in soil)
was considered. N immobilization is related to the sum of the agricultural N balance surpluses and
atmospheric NHx deposition. Whereas the determined N immobilization rates comprised around 50%
for the land-use category pasture, the N immobilization rates for the land-use categories of coniferous
forests and deciduous forests were in the range of 10% and 20%, respectively. Averaged over the
entire Federal State of North Rhine-Westfalia, N immobilization retained around 18.500 tons N/a.
Consequently, the displaceable N surplus in soil, that is, the sum of agricultural N balance surpluses
plus atmospheric NHx deposition minus N immobilization was in the range of around 108,000 t N/a.
The displaceable N surplus in soil minus the N losses in soil due to denitrification modeled with
the DENUZ model (Figure 4a) determined the N output from soils (see Figure 4b). In the shallow
brown earth soils of the Rhenish Massif, denitrification reduced the displaceable N surplus in soil to
less than 25%. The low denitrification rates were due to the interaction of small residence times in the
soil (often less than 3 months) and poor denitrification conditions in the soil.
(a) (b) 
Figure 4. (a) Denitrification losses in soil relative to the displaceable N surplus in soil, and (b) N output
from soils originating from agricultural sources.
In the fertile loess regions of North Rhine-Westfalia (Lower Rhine embayment, Soester Börde),
up to 50% of the agricultural N input into soils was denitrified. Although the denitrification capacity of
the predominantly occurring luvisol was quite unfavorable, these soils displayed a high water storage
capacity and relatively low leachate rates (see Figure 2). Consequently, residence times in soil was
often in the range of 1 year (or more), and thus the maximum possible denitrification rates in soil could
nearly be reached or even be exceeded. As shown in Figure 4b, the resulting N output from soils in
these regions ranged between 25 and 50 kg N/ha per year.
Generally, high displaceable N surpluses in soil occurred in the Münsterland basin in the
Northern part of North Rhine-Westfalia. There, sandy podzol soils showing poor denitrification
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capacities alternated with loamy lowland soils (e.g., Gleyic soils) showing high denitrification capacities.
Consequently, denitrification losses of more than 75% may be achieved in the lowland soils, whereas
denitrification rates in the pozol soils hardly exceeded 25% (see Figure 4a). Accordingly, soils with
N outputs of less than 25 kg N/ha per year and soils with N losses of more than 75 kg N/ha per year
occurred closely adjacent to one another (see Figure 4b). In the core of the Münsterland, vast areas
with N outputs from the soil in the range of 75 kg N/ha per year were identified. There, soils with
moderate denitrification capacities coincided with very high displaceable N surpluses in soil. Clearly
recognizable in Figure 4b is the metropolitan area Rhein-Ruhr. As there were no other agricultural
N inputs other than the atmospheric NHx deposition, the N output from soil that can be assigned to
agricultural N emissions was below 5 kg N/ha per year.
Averaged over the entire Federal State of North Rhine-Westfalia, around 45% of the displaceable
N surplus in soil (around 108,000 t N/a) was denitrified, and thus the N output from soil originating
from agricultural N emissions was reduced to approximately 69,000 t N/a.
3.1.3. Nitrate Concentration in the Leachate Originating from Agricultural Sources
The N output from soil attributed to agricultural N emissions (Figure 4b) were combined with
the leachate rates (Figure 2) to determine the nitrate concentration in the leachate originating from
agricultural sources (see Figure 5a). In Figure 5b, the areas where a nitrate concentration in the leachate
exceeded 50 mg NO3/L are highlighted.
(a) (b) 
Figure 5. (a) Nitrate concentration in the leachate originating from agricultural sources, and (b) areas
showing nitrate concentrations in the leachate above 50 mg NO3/L due to agricultural N emissions.
For many areas in the Münsterland, particularly high values arose due to the high livestock density,
which led to an accordingly high nitrogen balance surplus. In the Lower Rhine Embayment, nitrate
concentrations in the leachate between 50 and 75 mg/L predominated. There, moderate nitrogen balance
surpluses arising from cash crop farms were combined with low leachate rates. Nitrate concentrations
in the leachate below 25 mg/L could be found in the urbanized areas of North Rhine-Westfalia, as well as
in the Rhenish Massif, where high leachate rates coincided with low N emissions. Figure 5b illustrates
in this regard how yet again there was a remarkable extent of areas with nitrate concentrations in the
leachate above 50 mg/L in the Lower Rhine Embayment and the Münsterland.
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3.2. Nitrogen Emissions from Non-Agricultural Sources and Resulting Nitrate Concentrations in the Leachate
The calculation of the nitrate concentration in the leachate due to non-agricultural N sources
included on one hand the N emission from small sewage treatment plants and urban systems. On the
other hand, it included the N outputs from soil attributed to the NOx deposition from industry, traffic,
and households (see Equation (3)).
3.2.1. Non-Agricultural N Sources
The N output from urban systems (Figure 6a) was quantified on the basis of data provided
by an actual management report about the development and level of sewage disposal in North
Rhine-Westphalia [59]. According to this report, the total amount on nitrogen emitted from municipal
waste water disposals (including indirect discharges) divided by all inhabitants resulted in 11 g N per
day. Under the assumption that 15% of this disposal was released into groundwater due to leakage
from the waste water systems, a uniform nitrogen release from urban systems into groundwater of
1.65 g N per inhabitant per day was estimated. The N losses from urban systems determined in this way
ranged between 10 kg and 50 kg N/ha per year. The highest values occurred, as expected, in densely
populated regions along the river Rhine and the Ruhr area. On Federal State scale, the total N losses





Figure 6. (a) Nitrogen output from urban systems and small sewage treatment plants, and (b)
atmospheric NOx deposition (2013–2015).
For considering the N output from small sewage treatment plants, the recorded annual N emissions
of around 20,000 individual facilities emitting into groundwater were taken into account [60]. For this
purpose, the recorded N loads were assigned to the corresponding 100 × 100 m grids. In most of all
grids concerned, the N outputs from small sewage treatment plants showed values below 25 kg N/ha
per year. Higher N outputs occurred locally only, but could reach 100 kg N/ha per year and more.
At the Federal State level, the total N loss of the small sewage treatment plants summed up to around
500 t N/a. As the visibility of the individual 100m grids was limited, the N outputs from small sewage
treatment plants are shown in Figure 6a, together with the N output from urban systems.
The atmospheric NOx deposition originating from households, industry, and transport was
provided from a Germany-wide dataset on atmospheric N deposition [58]. Depending on the region,
the N output from soils from NOx deposition ranged between<5 to>10 kg N/ha per year (see Figure 6b).
For the total area of NRW, this relatively low average annual atmospheric NOx deposition summed up
to around 20,000 tons of N/a.
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3.2.2. Nitrate Concentration in the Leachate Originating from Non-Agricultural N Sources
The N output attributed to urban systems and small sewage treatment plants (Figure 6a), as well
as the N output from soil resulting from NOx deposition (Figure 6b) was combined with the leachate






Figure 7. (a) Nitrate concentration in the leachate originating from urban systems and small sewage
treatment plants, and (b) nitrate concentration in the leachate originating from the N output from soil
due to NOx deposition.
Figure 7a shows that the nitrate concentration in the leachate originating from urban systems
and small sewage treatment plants ranged in most areas between 10 and 25 mg/L (e.g., in the entire
Ruhr area). It was evident that the nitrate concentration in the leachate originating from these sources
only to a minor extent and locally exceeds 50 mg/L. As the areas concerned did not exceed 20% of
the area of a groundwater body, no measures to reduce the N emissions from urban systems and
small sewage treatment plants had to be included in the program of measures according to EU-WFD
requirements [14]. This, however, does not detract from the fact that measures to reduce N output
from urban systems may be necessary to improve surface water quality.
Figure 7b shows the nitrate concentration in the leachate originating from NOx deposition. For the
latter, the denitrification in soil was accounted for as described in Equation (3). In most areas of North
Rhine-Westfalia, the nitrate concentration in the leachate originating from NOx deposition was less
than 10 mg/L. In the southern part of the Lower Rhine Embayment, values of up to 25 mg/L occurred
due to the low leachate rates (Figure 2). In conclusion, NOx deposition did not at all lead to NO3
concentrations in the leachate above 50 mg/L.
3.3. Plausibility Check of Modelled Nitrate Concentration in the Leachate
For comparing (modeled) nitrate concentrations in the leachate with (observed) nitrate
concentrations in groundwater, it was necessary to merge the N emissions from the individual
N sources. The corresponding nitrate concentrations in the leachate are represented in Figure 8 as the
underlying colored areas.
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Figure 8. Plausibility check of the mean annual nitrate concentration in the leachate. The dots show
observed values at groundwater monitoring sites—the underlying colored areas are the modelled
nitrate concentrations in the leachate per grid.
The modelled nitrate concentration in the leachate was compared to nitrate concentrations
observed at around 1500 groundwater monitoring stations from the upper aquifer for the period
2014 to 2017. In Figure 8, the mean values of the observed nitrate concentrations at the groundwater
monitoring stations are represented as dots. For the comparison, the same class widths and the same
color gradation were selected for both the underlying areas and the dots. The proportion of the main
land use types (e.g., arable land, pasture, forest, settlement) occurring in North Rhine-Westfalia was
approximately reflected by the distribution of the monitoring stations within these land use types,
thus guaranteeing representability.
As can be seen from Figure 8, the modeled values in the Lower Rhine Embayment,
the Weserbergland, and the Rhenish Massif corresponded spatially and with regard to their
concentration levels very well to the observed nitrate concentrations in groundwater.
In the Münsterland, however, the modeled nitrate concentration in the leachate systematically
exceeded the observed nitrate concentrations in groundwater (see Figure 8). There, due to the
occurrence of denitrification capacities in the aquifers, the nitrate concentration in the leachate was
decreased once the leachate entered into the groundwater. Consequently, the apparent disagreement
between (high) modeled nitrate concentrations in the leachate and (low) observed nitrate concentrations
in groundwater was attributable to the considerable denitrification capacity of reduced aquifers and
did not indicate wrong model results [24].
The plausibility check described above was accompanied by a statistical evaluation of the modelled
nitrate concentrations in leachate and the observed nitrate concentrations at monitoring stations for
different land uses (Figure 9).
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Figure 9. Comparison of modelled nitrate concentrations in the leachate (L) and observed nitrate
concentrations in groundwater at monitoring stations (GW) for different land use types. The lower and
upper end of the bars indicate the statistical distribution with the 25th percentile and 75th percentile,
respectively, and the lines inside the bars mark the median (black line) and mean (red line).
Figure 9 shows that the 25th percentile and 75th percentile values, as well as the median and mean
values of the modelled nitrate concentrations in the leachate and the observed nitrate concentrations
in groundwater corresponded quite well for the land use classes of pasture, forests, and urban areas.
For the land use class of arable land, however, the observed nitrate concentrations in groundwater
showed lower values than the modelled nitrate concentrations in the leachate.
A more detailed analysis showed that the absence of denitrification capacities in aquifers explained
the good agreement for the land use classes of pasture, forests, and settlements. Groundwater samples
from these land use types showed oxidized groundwater, and thus the nitrate concentration in the
leachate was preserved after infiltration into the upper aquifer [18,31].
A considerable number of the groundwater monitoring stations from the land use class of
arable land were, however, located in aquifers displaying high denitrification capacities, mainly in
Münsterland (see Figure 8). As denitrification in groundwater was not accounted for in the modelled
nitrate concentrations in the leachate, it was obvious that the modelled nitrate concentration in the
leachate showed higher vales than the overserved nitrate concentrations in groundwater.
4. Discussion
The application of Equation (1) at the Federal State level was indispensable for assessing the entire
N loading of the leachate as well as the N inputs into groundwater and surface waters. The grids
showing nitrate concentrations in the leachate above 50 mg NO3/L represent the hot-spot areas of
nitrate pollution of groundwater. The good correspondence of the modelled nitrate concentrations
in the leachate with the observed nitrate concentrations in groundwater detected in the course of
the plausibility check demonstrated that the model results were appropriate in indicating the nitrate
pollution of groundwater at the Federal State level. Consequently, the modelled nitrate concentration
in the leachate can be regarded as a reliable starting point for scenario analyses, for instance as an
adequate reference value for assessing the extent to which a nitrate reduction is necessary to reach the
EU-WFD quality target for groundwater.
Inside the groundwater bodies failing good quality status due to nitrate, the areas showing nitrate
concentrations in the leachate above 50 mg/L were predestined for implementing N reduction measures.
Modelling nitrate concentration in the leachate apportioned between the individual agricultural and
non-agricultural N sources facilitated the identification of the main polluter in a certain region. It was
obvious that only the latter had to implement measures to reduce the nitrogen impact on groundwater
according to EU-WFD requirements.
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Results of the model analysis in North Rhine-Westfalia proved that N emissions from small sewage
plants, urban systems, and NOx deposition only locally caused nitrate concentrations in the leachate
above 50 mg NO3/L, in spite of the high population density (525 inhabitants/km2). Consequently,
as the areas concerned did not exceed 20% of the area of a groundwater body, the focus relied on
agricultural measures to reduce nitrogen losses. This, however, did not detract from the fact that the
implementation of measures to reduce the N output from urban systems may have been necessary,
but not within the program of measures according to EU-WFD.
Model analysis confirmed instead that N emissions from agriculture exclusively led to extended
areas of nitrate concentrations > 50 mg NO3/L, especially in the north (Münsterland) and the west
(Lower Rhine Embayment). As in general more than 20% of the areas in the respective groundwater
bodies were concerned, the implementation of measures to reduce agricultural N emissions in the
context of the WFD program of measures was necessary.
Results presented for the Federal State of Northrhine-Westfalia clearly illustrated the importance
of systematically considering not only agricultural N emissions in modelling nitrate concentrations in
the leachate. Especially in densely populated regions, the consideration of the N inputs from all N
sources (as shown in the maps) was the only way to objectively assess the relevant polluter(s) in a
region and to evaluate the relative contribution of each polluter to the overall N pollution. The latter
was once again important to dimension appropriate polluter-specific N reduction measures.
A comparison of modelled nitrate concentrations in the leachate and observed nitrate
concentrations in groundwater at monitoring stations for different land use types showed that
the modelled nitrate concentration in the leachate showed higher vales than the overserved nitrate
concentrations in groundwater due to denitrification processes in groundwater. The modelled high
nitrate concentrations in the leachate were an indication that the N emissions in groundwater have to
be reduced. Even in cases where the observed nitrate concentrations in groundwater were found to be
considerably below 50 mg NO3/L, a reduction of the N emissions in groundwater is the only way to
conserve the natural denitrification capacity of reduced aquifers for as long as possible [28].
Although the model can be recommended for large-scale assessments on the level of states or
entire river basins, the use of the model results for local issues is subjected to several constraints.
Most important are limitations in the local representativeness of the model input parameters derived
from statewide available databases. It is evident that, for instance, on-site occurring soil properties may
not be represented in a statewide available soil map at a scale of 1:50,000. Consequently, local obviously
deviating model results may have been due to databases being insufficiently accurate for local issues.
Therefore, an effective monitoring network and local expert knowledge will remain indispensable for
implementing local nitrogen strategies. In this regard, it must also be remembered, that the modelled
values represent reference values characterizing mean long-term conditions rather than fixed values
tracing specific nitrate concentrations at certain sites and at certain times.
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Abstract: The FAIRWAY project reviewed approaches for protecting drinking water from nitrate
and pesticide pollution. A comprehensive assessment of decision support tools (DSTs) used by
farmers, advisors, water managers and policy makers across the European Union as an aid to meeting
CAP objectives and targets was undertaken, encompassing paper-based guidelines, farm-level and
catchment level software, and complex research models. More than 150 DSTs were identified, with
36 ranked for further investigation based on how widely they were used and/or their potential
relevance to the FAIRWAY case studies. Of those, most were farm management tools promoting
smart nutrient/pesticide use, with only three explicitly considering the impact of mitigation methods
on water quality. Following demonstration and evaluation, 12 DSTs were selected for practical testing
at nine diverse case study sites, based on their pertinence to local challenges and scales of interest.
Barriers to DST exchange between member states were identified and information was collected
about user requirements and attitudes. Key obstacles to exchange include differences in legislation,
advisory frameworks, country-specific data and calibration requirements, geo-climate and issues
around language. Notably, DSTs from different countries using the same input data sometimes
delivered very different results. Whilst many countries have developed DSTs to address similar
problems, all case study participants were able to draw inspiration from elsewhere. The support and
advice provided by skilled advisors was highly valued, empowering end users to most effectively
use DST outputs.
Keywords: DST; software; model; drinking water; diffuse pollution; catchment management;
farm management; farm advisors
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1. Introduction
Safe drinking water is vital for public welfare and is an important driver of a healthy economy.
The productivity of agriculture in the EU has greatly increased over recent decades, in part through the
increased availability of fertilisers and pesticides, which have boosted crop and animal production.
However, the increased inputs of fertilisers (both mineral and organic) and pesticides to agricultural
soils have also led to increased losses to the environment, thereby contributing to the pollution of
ground and surface drinking water sources.
To deal with this pollution, the EU has developed an extensive set of directives, guidelines
and policies. The requirements of the Drinking Water Directive set an overall minimum quality for
drinking water within the EU. In addition, the Water Framework Directive, the Groundwater Directive,
the Nitrates Directive and the Directive on the Sustainable Use of Pesticides require member states
(MS) to protect water resources against pollution in order to ensure the safety of drinking water. While
many improvements have been achieved [1], the directives are not achieving a consistent level of
implementation and effectiveness across all MS. As a consequence, limits for nitrate (50 mg/L) and
pesticides (0.1 μg/L) in groundwater and surface water are still exceeded in many MS [2]. Whilst easy,
low cost measures for tackling pollution sources and pathways have been successful, as they become
exhausted, further improvements in water quality will require innovative solutions and more targeted
mitigation measures if agricultural productivity is not to be affected.
The need for technology in developing bespoke management approaches and decision support
for users has been highlighted as a core element of the Common Agricultural Policy (CAP) proposals
for 2021–27, and as key to meeting CAP objectives and targets in the future [3]. In their CAP Strategic
Plan, MS will have to outline how they will stimulate knowledge exchange and innovation covering
aspects, such as farm advisory services and training [4] and encourage the use of big data and new
technologies for control and monitoring [5].
There have been many decision support tools (DSTs) developed in the EU and elsewhere to assist
end users to make more effective decisions on how to minimise contaminant losses to water, and
hence to protect and improve drinking water quality. The target audience of these DSTs ranges widely.
At one end are water managers and policy makers who work at the catchment or national scale to
set water quality targets and monitor the effectiveness of mitigation measures. At the other end are
individual farmers and advisors who may use DSTs to provide guidance on farm management practices
(e.g., product choice; timing of pesticide, manure and fertiliser applications) which could have a direct
or indirect impact on water quality. DSTs may either lead end users through clear decision stages
and present them with the likelihood of various outcomes (social or/and economic) occurring, or they
can encourage users to optimise (minimise) their use of e.g., manufactured fertiliser nitrogen (N) and
pesticides with respect to a legal framework. Policy makers may also simulate the impacts of excluding
harmful substances, specifying usage limits or changing the taxation regime. DSTs may be paper based
systems (e.g., fertiliser recommendations) or dynamic software tools, whose recommendations vary
according to the user's inputs, and they may suggest an optimal decision path [6]. However, the extent
to which DST are transferrable across MS has not been assessed to date and is an impediment to
achieving the technological and DST requirements of the CAP going forward.
The EU Horizon 2020 funded “Farm systems that produce good water quality for drinking water
supplies (FAIRWAY)” project was established in 2017 to review current approaches and measures for
the protection of drinking water resources against pollution caused by pesticides and nitrate from
agriculture in the EU, and to identify and develop innovative approaches to more effective drinking
water protection [7]. One of the specific project objectives was to review, demonstrate and evaluate
DSTs offering advice, training and communication related to the protection of drinking water quality
(either directly or indirectly) for a range of end users. As part of the project, 13 case study areas were
identified in 10 MS covering different types of drinking water supplies (groundwater and surface
water), pedo-climatic zones, type of farming, land use, legal framework and governance (Figure 1).
The case studies provided the project with a means to directly contact farmers and other stakeholders.
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They also offered a way to establish which DSTs and mitigation measures were being used in practice
to safeguard drinking water resources, and acted as a forum for evaluating DSTs, to establish whether
there was potential for DST exchange between countries.
 
Figure 1. Location and overview of the 9 FAIRWAY case study sites involved in the DST evaluation,
including the drinking water source, case study size and the main pollutant(s) of concern.
The objective of this study was therefore to systematically review the literature to identify DSTs
that could help to establish awareness of diffuse nitrate and pesticide pollution of vulnerable drinking
water resources and/or improve on-farm management practices to protect water quality. The review
considered DSTs operating at different scales (e.g., software tools used by individual farmers or advisors;
catchment scale policy tools; paper based recommendations), with a different focus (i.e., those dealing
with either nitrogen or pesticide management, or both) and which were relevant to protecting the
quality of different drinking water sources (i.e., ground water or surface water systems). DSTs dealing
solely with phosphorus (P) management were not considered as P concentrations in drinking water are
not currently regulated. A subset of the DSTs were selected for demonstration and/or implementation
at 9 of the 13 FAIRWAY case study sites to evaluate the potential benefits/opportunities of DST transfer
between countries, identify any barriers to exchange and assess stakeholder perception.
2. Methodology
A summary of the different stages of the review, selection and testing of the DSTs in the FAIRWAY
case studies is given in Figure 2, and described in more detail below.
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Figure 2. Flowchart showing the stages of the review, selection and testing of DSTs in the FAIRWAY
case studies.
2.1. Definitions and Scope
For the purposes of this review, a DST was defined as any bespoke (i.e., custom-made) or
generic (i.e., ‘off the shelf’) software, email/text alerts, online calculator or guidance, phone app,
and paper-based guidance that could contribute to an end user decision affecting surface or ground
water quality. The definition does not include ‘human-based’ DSTs, such as advisors or peers. In
addition, the DST must have been in practical operation (i.e., in active use) or released by the end of
2017. The DSTs considered were those used by the FAIRWAY project partners and elsewhere in Europe
(including Norway, Switzerland and other non-EU countries with similar agroclimatic conditions) on
farms and within single catchments, groundwater abstraction areas, regions, countries or larger areas.
Demonstration versions of DST’s were included if they were functional, had been tested on end-users
and were assessed to have a potential for practical use. End users were defined as:
• Farmers
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• Agronomists and other farm advisors
• Water quality managers
• Policy makers
• Fertiliser or pesticide manufacturers or suppliers
• Researchers
Water quality was defined in terms of:
• N concentrations in the form of total N and/or nitrate and/or ammonium and/or nitrite.
• Pesticide concentrations, where pesticides are defined as any insecticide, herbicide, fungicide,
nematicide, acaricide, slimicide, molluscicide and any product related to any of these including
any growth regulator, and their relevant metabolites, degradation and reaction products. Relevant
was taken to mean any metabolites, degradation and reaction products that have similar properties
to their parent pesticides [8]. The pesticides included were those in current professional use in
agriculture in the different countries.
The focus of the review was on DSTs operating at farm, regional or national scale that could be of
practical use in reducing N or pesticide pollution in the FAIRWAY project case study areas.
2.2. Identification of Relevant DSTs
The compilation of an initial list of relevant DSTs currently in use was approached in two ways.
Firstly, DSTs meeting the definitions given above were identified by undertaking a search of the
published scientific literature using the Web of Science Core Collection (1994–2017). The keywords
used for the search were discussed and agreed with all task participants, and are listed in Table A1.
In addition, each FAIRWAY project participant supplied a list of relevant DSTs used in their respective
case studies (Denmark, Germany, France, The Netherlands, Norway, Portugal, Slovenia, England
and Northern Ireland), informed by the appropriate national experts. Information for the Republic
of Ireland, which is not a FAIRWAY participant country, was supplied by the project partner from
Northern Ireland as the case study area is a transboundary river catchment on the Irish border covering
both jurisdictions.
The information supplied for each DST is detailed in Table A2, and was collated as a series of
‘information capture proformas’ in a spreadsheet-based database. Note that information about a
DST did not need to have been published in the scientific literature to be included in the database.
If documentation was available only in a national language (i.e., not English) then the participants
supplied a written summary of the DST in the spreadsheet database.
The DSTs identified in the literature search and by the FAIRWAY project partners were combined
into a ‘long list’. An assessment was made of the search comprehensiveness by circulating this list to
the FAIRWAY project partners, who were then able to identify whether any key DSTs had been omitted
and add them to the list as appropriate. The FAIRWAY project partners also confirmed whether the
DSTs on the ‘long list’ were in active use (see Definitions and Scope).
Once the database was complete, the DSTs were grouped according to their broad topic area
(i.e., whether they dealt with N or pesticides or both), and the primary users and scale of operation
were identified. Recognising that it would not be possible within the framework of the FAIRWAY
project to study all the DSTs in depth, the project partners identified (based on their expert knowledge
and experience) a ‘shortlist’ of 3–5 DSTs from their country which they assessed to be the most widely
used and/or of most potential relevance in the FAIRWAY case studies. Key information used in the
selection process included the:
• number and type of users;
• suitability for use across multiple MS;
• level of complexity;
• ability to meet the needs of actors in the FAIRWAY case study areas.
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A series of 3-page ‘information sheets’ was produced, summarising relevant technical and practical
aspects of the shortlisted DSTs, which the FAIRWAY participants had previously agreed should be
captured (Table A2). These were made available to the researchers who were leading the FAIRWAY
work in the case studies and other project participants. In addition, a classification scheme was
devised to better understand the target users of the DSTs and the types of support they were intended
to provide.
2.3. Selection, Implementation and Evaluation of DSTs in the Case Studies
Nine of the FAIRWAY case study sites located across the EU (Figure 1) were involved in the
evaluation of the DSTs. The case study sites were asked to re-evaluate the shortlisted DSTs (Table A3)
and to identify a subset of 1–3 DSTs for testing and/or demonstration. Consideration was given to any
barriers for transferring the DST into a new context (e.g., language issues, lack of support/documentation,
data availability, specialist skills required, cost) and whether similar DSTs were already available in
the country.
Once the selections had been made, bilateral contact with the owners of the DSTs was established
and access to the software obtained. An evaluation scheme was designed to help the case study leaders
assess the selected DSTs further with regard to scale, data requirements, level of experience/training
required, stakeholders etc. Following the pre-testing phase (i.e., the case study site could obtain
access to the DST, get support/documentation from the DST owner and provide the required input
data), the testing and evaluation of DST outputs commenced. In many case study sites, this also
included demonstration of the DST to relevant stakeholders and application of the DST using local
data. In the final phase, the participating case study sites evaluated whether it would be possible
to implement the DSTs (or parts of the DST) in their country or context, based on the test results
and findings. Key objectives of the evaluation of the DSTs in the case studies related to i) evaluating
the potential benefits/opportunities presented ii) identifying any barriers to implementation and iii)
assessing stakeholder perception.
3. Results and Discussion
3.1. General Remarks
The term ‘decision support tool’ and its synonyms (Table A1), when entered into a search engine,
returns a large number of ‘hits’. This is because it can be applied to a wide range of tools encompassing
paper-based guidelines, bespoke software and phone apps used by farmers, as well as complex sets of
mathematical models intended for modelling and research purposes. All can justifiably claim to aid
decision making, albeit for different sets of end users.
We found that the scientific literature searches returned significantly different numbers of ‘hits’
depending on the intended primary users: papers on DSTs developed for modelling and research
purposes have been actively published, whilst only a limited number of papers on tools used by
farmers and advisors were found in peer-reviewed journals. By their very nature these tend to be
more practical tools intended for routine farm use. They may be based on sound scientific principles,
but scientific publications may not necessarily be their main focus. Information on this type of DST is
more likely to be made available by the developers or funders (e.g., national government, extension
service; fertiliser/pesticide manufacturers) in the form of user guides or other web-based information,
and is often only available in the local language. Hence, it was extremely valuable to access the
information supplied by the FAIRWAY project partners about the DSTs most widely used in their
countries, as these included farm-based tools not captured by the literature searches.
The complexity and competitiveness of the pesticide market can mean that chemical companies
will develop product-specific DSTs and will only make these available to users of their product(s); these
DSTs are unlikely to appear in the scientific literature and there is limited publicly available information
about them. Nevertheless, because of the commercial power of these companies these DSTs can be very
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popular and widely used. More general pesticide management tools are fewer in number and have
usually been developed by academics (e.g., Environmental Yardstick for Pesticides [9]; FarmHedge [10])
to cover a wider range of plant protection products. For example, the Dutch DST Environmental
Yardstick for Pesticides [9] offers comparison of 3 crop protection products for free and comparison of
an ‘unlimited’ number on purchase of a subscription.
Many of the DSTs identified in the literature review as tools for N management (i.e., providing
N recommendations for optimal crop yield) also deal with the management of other nutrients such
as P, therefore these are henceforward referred to under the general term ‘nutrient management’
DSTs. A number of the nutrient management DSTs identified in this report were also commercial
software tools only available at a charge to the end user (e.g. Mark Online [11], Plant Protection
Online [12]). In some cases, these DSTs were developed by or in conjunction with academic institutions
(e.g., NDICEA [13]); in others, the details of DST development, validation and testing are commercially
sensitive and are not publicly available. In the UK, the computer code for nutrient management DSTs
such as PLANET [14] and MANNER [15], which were developed using public funding from Defra
(the government Department of Environment, Food and Rural Affairs), has now been made freely
available and is incorporated with widely-used commercial software tools for farmers; these DSTs
are also compatible with advisory information published online as the Nutrient Management Guide
(RB209) [16].
Some of the DSTs were either meteorological information services (Agro-Meteorological
Service [17]) providing information and advice on when weather conditions are likely to be suitable for
pesticide application (and other agricultural operations), or the DST included access to meteorological
information (e.g., Plant Protection Online [12]), often via a phone app interface (e.g., FarmHedge [10]),
making them suitable for farmers to use in the field.
Table A3 also shows that most of the shortlisted tools were developed in NW Europe, probably
reflecting the relative wealth of this region, the availability of funding and investment, and the level of
relevant knowledge and expertise.
3.2. Types of DST
Table A3 shows the shortlist of 36 DSTs selected by the FAIRWAY project partners for further
consideration and potential practical evaluation in the case studies. Only a few of the selected DSTs
addressed both nutrient and pesticide management (Mark Online [11] and Dyrkningsvejledninger [18];
Bodemconditiescore [19]). Mark Online is the most widely used farm information management system
in Denmark and covers all aspects of crop management including soil tillage and crop protection [11],
whilst another Danish tool, Dyrkningsvejledninger [18], consists of manuals for growing different crops
which provide information on Good Agricultural Practice and crop protection. Bodemconditiescore,
widely used by dairy farmers in the Netherlands, is a visual evaluation method for grassland,
which indicates soil quality problems and provides advice on pest population dynamics [19]. In the
UK, widely used commercial farm advice tools, although not on the shortlist in Table A3, often include
modules for both nutrient and pesticide planning and management, so that farmers only need to
purchase a single software package to cover all their requirements.
The DST classification schemes (Tables 1 and 2) allowed the nutrient and pesticide management
DSTs to be separated into those developed to support water quality/agri-environment policy makers
operating at a regional or national level, and those intended to support sustainable N management
at the farm level. The DSTs were further divided into groups depending on whether they provided
support for:
• evaluation of current practices;
• strategic advice for farm management and implementation of nitrate/pesticide mitigation measures;
• on-farm operational management.
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Table 1. Classification scheme for nutrient management DSTs (numbers in brackets refer to the DST























































Table 2. Classification scheme for pesticide management DSTs (numbers in brackets refer to the DST

































(5) Plant Protection Online
(19) Yardstick
(5) Plant Protection Online
(12) FarmHedge




Very few of the selected DST were aimed explicitly at improving water quality or represented
water quality directly (e.g., by the calculation of N or pesticide concentrations); Table A3. Many are
agronomic tools for farmers and advisors which aim to optimise the use of N and/or pesticides to obtain
maximum crop yields. They are effectively farm management tools and their inclusion in this review
was based on the assumption that the efficient use of N and pesticides will improve water quality.
Using a fertiliser recommendation system or a manure management tool will facilitate the application
of the correct amount of fertiliser/manure to meet crop needs at the appropriate time, thus minimising
nutrient losses to water bodies. Most project participants reported using this type of DST. For example,
Düngeplanung, which is used in Lower Saxony (Germany), was specifically developed to help farmers
in water sensitive areas (e.g., for drinking water abstraction) with fertiliser planning and regulatory
compliance [20]. Supported by water suppliers, it indirectly affects water quality by:
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• combining all the available information for a farm (soil analyses, crop rotation, fertiliser history,
specific restrictions in water protected areas);
• optimising yields and thus the amount of N exported from the field;
• improving N-efficiency;
• providing practical information on amounts and timing of fertiliser applications.
Farmers using Düngeplanung have reported reductions in fertiliser use of roughly 5–10% (L. Tendler,
personal communication) Whilst again not specifically designed to represent water quality, the French SIRIS
tool allows pesticides to be classified according to their potential to reach surface and ground water, and
helps to organize the monitoring of pesticides in waters at the regional or local scale [21].
3.3. Representation of Mitigation Methods
Only three of the shortlisted DSTs were explicitly developed to consider the impact of mitigation
methods on water quality: FARMSCOPER, Environmental Yardstick for Pesticides and Catchment
Lake Modelling Network (Table A3).
FARMSCOPER, first developed in 2010, is a DST that can be used to assess diffuse agricultural
pollutant loads (including nitrate, P, pesticides and sediment) on a farm and quantify the impacts of
farm mitigation methods on these pollutants [22]. Inputs are at the farm scale, however the outputs
can be scaled up to catchment, regional and national levels. It currently contains over 100 mitigation
methods, adapted from the User Guide for England and Wales [23], and they can be tested either
individually or in combination for 3 broad soil types, defined according to the probability of having
artificial under-drainage for conventional agriculture: (i) not requiring under-drainage; (ii) requiring
under-drainage for arable use; and (iii) requiring under-drainage for both arable and grassland.
The testable mitigation methods relating to nitrate and pesticide management include:
• Establish cover crops in the autumn;
• Establish riparian buffer strips;
• Extend/reduce grazing season;
• Cultivate land for crops in spring not autumn;
• Cultivate and drill across the slope;
• Early harvesting and establishment of crops in the autumn;
• Do not apply manufactured fertiliser to high-risk areas;
• Calibration of sprayer;
• Fill/mix/clean sprayer in field;
• Avoid plant protection product (PPP) application at high risk timings;
• Drift reduction methods;
• PPP substitution;
• Construct bunded impermeable PPP filling/mixing/cleaning area;
• Treatment of PPP washings through disposal, activated carbon or biobeds.
FARMSCOPER [22] is used primarily by policy makers, scientists and catchment managers,
with the potential to be used by advisors on farms. To date, it has been used to study the impacts
of various mitigation methods in the Wensum and Avon Demonstration Test Catchments (DTCs) in
England [24] and more recently to evaluate the potential economic and environmental impacts of new
and revised mitigation measures for nutrient and sediment mitigation across England [25].
The Environmental Yardstick for Pesticides [9] is a DST designed to quantify the environmental
impact of the use of pesticides in outdoor and greenhouse crops. The mitigation methods represented are:
• choice of pesticide;
• dose rate;
• application technique (drift);
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• width of untreated buffer zone.
For each pesticide, the yardstick assigns environmental impact points for the risk to aquatic
organisms, the risk of leaching to groundwater and the risk to soil organisms (depending on the
user-specified soil organic matter content and season of application). The yardstick also shows the
associated risk to beneficial organisms, including pollinators and natural predators such as ladybirds,
mites and parasitoids. It is used in the Netherlands (and Belgium) as a management tool for farmers
and technical consultants, a tool for monitoring the environmental performance of farmers, for setting
standards for ecolabels, as guidance for the supply chain to preferentially purchase sustainable
agricultural products, and as a policy evaluation tool.
The Catchment-Lake Modelling Network, designed specifically for the Lake Vansjø catchment
in Southern Norway, consists of a network of process-based, mass-balance models linking climate,
hydrology, catchment-scale P dynamics and lake processes [26]. The model network allows the
effects of climate change to be disentangled from those of land-use change on lake water quality and
phytoplankton growth, and includes the following mitigation methods:
• land use change;
• cultivation change;
• crop rotation;
• erosion risk reduction measures;
• change in fertiliser application.
The model network can thus support decision-making to achieve good water quality and ecological
status within the Lake Vansjø catchment. It was developed to model P and suspended sediment
loadings, although it is also possible to include nitrate. The model network is transferable to other
catchments; however, it is quite time-consuming to set up and calibrate for a new catchment.
Whilst not directly evaluating the effects of mitigation methods, the UK SCIMAP model [27]
provides a framework for generating catchment risk maps for contaminant loss via overland flow
pathways, so that the areas within a catchment where mitigation methods are most urgently required
can be identified. SCIMAP has been used in the River Eden Demonstration Test Catchment project
which is investigating the dynamics of water quality (nutrients and sediments) from agricultural land,
and by Durham Wildlife Trust to identify areas with high fine sediment pollution risk within the River
Wear catchment. In the Netherlands, BedrijfsWaterWijzer is a web application that is currently being
developed to provide a starting point for evaluating measures to reduce emissions to water on dairy
farms [28], whilst STONE [29] is a modelling tool wherein various policy measures to reduce nutrient
emissions to groundwater and surface waters may be specified.
3.4. Representation of Economic and Financial Aspects
The economic and financial implications of implementing mitigation methods were not commonly
represented in the shortlisted DSTs. However, FARMSCOPER [22] is able to estimate the cost
effectiveness of mitigation methods, singly and in combination, as a cost-efficiency ratio in terms of
money (£) saved per % reduction in nitrate, P or sediment loss. In addition, the Danish TargetEconN
model [30] is an integrated economic and biophysical social planner model, which minimises the costs
of meeting a nutrient load reduction target in a specific water body. Some other DSTs do also have the
capability to represent economic aspects, e.g., Düngeplanung [20] allows cost comparison of different
fertiliser use scenarios.
Future outputs from the FAIRWAY project will provide a more in-depth assessment of the costs and
benefits for farmers and society as a whole of using DSTs that directly or indirectly affect water quality.
3.5. Commentary on DST Uptake and Usage
There was a wide variation in the number and sophistication of the DSTs available in the different
participant countries, reflecting the degree of investment and funding provided. In some countries,
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such as Denmark, a number of different computer-based and online DSTs have been developed aimed at
both farmers/advisors (e.g., Mark Online [11], Plant Protection Online [12], Dyrkningsvejledninger [18])
and water quality managers (e.g., CTzoom/Cttools [31], TargetEconN [30]). In contrast, the only
DSTs available in Portugal are paper-based manuals and guidelines [32,33], although some of these
are also available online. In the absence of other tools capable of modelling agri-environmental
measures, Slovenia employs the OECD/Eurostat methodology [34] to calculate N (and P) balances
as the basis for reporting Nitrate Directive implementation to the EU, and for the preparation of
national policy/legislation and recommendations for farmers on measures for drinking water protection.
Slovenia also uses the regional water balance model GROWA-SI developed in Germany for reporting
Nitrate Directive implementation at a country wide level [35,36]. Some of the DSTs developed as part
of academic research projects are also used internationally, with the results published in the scientific
literature. For example, the SCIMAP model developed in the UK has been used in Indonesia to target
reforestation to reduce diffuse pollution risks [37].
Figure 3 shows the numbers of users of the shortlisted DSTs (Table A3) for which data was
available. In some countries, farmers are obliged under regulations or commercial pressures to
use DSTs, and this will clearly affect take-up and user numbers. For example, dairy farmers in the
Netherlands who provide milk to Friesland Campina have to use ANCA (Annual Nutrient Cycling
Assessment) [38] to analyse nutrient flows and emissions, hence indirectly improving water quality.
If they meet certain performance indicators, calculated by ANCA, they can get a bonus for their milk;
there are currently c.16,000 users. In the UK, farmers in nitrate vulnerable zones (NVZs) can use a DST
such as PLANET [14] to demonstrate compliance with NVZ rules, and it is widely used for this purpose
(Figure 3). Düngeplanung, developed in Lower Saxony, Germany [20], is becoming more widely used
(currently around 6000 users), following recent changes to regulations which require farmers to produce
a fertiliser plan and nutrient balances. In contrast, the number of users is often small for specialised
DSTs such as the Norwegian ‘Catchment Lake Modelling Network’, which comprises a series of
process-based, mass-balance models for P and is designed primarily as a catchment management tool,
rather than for general use [26].
Figure 3. Approximate number of users of the shortlisted DSTs (where data was available). Numbers
in brackets on the x-axis refer to the DST number in Table A3.
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3.6. Barriers to Uptake
Although some DSTs that cover both nutrients and pesticides (and other aspects of farm
management) are available for farmers, some may opt to use more than one DST (or none), depending
on their particular needs and requirements, and the legislative and economic environment in which
they are operating. DSTs often deal with complex issues, so it is not always easy for farmers to
understand and use them—using multiple tools of different types does not always lead to a better
decision, as it can be difficult to decide which tools to use under which circumstances.
A recent project undertaken in the UK [39] looked in detail at farmers’ usage of the fertiliser
recommendations for grassland published in one of the key UK paper-based decision support tools, the
Fertiliser Manual (RB209) [40]. Whilst the majority of respondents did not use The Fertiliser Manual
(RB209), they described it as ‘adequate’ as a reference guide. Drawing on information from in-depth
interviews and focus groups, the study found that users:
• needed to supplement the information provided with their own information and experience;
• wanted the tool to be more user friendly and flexible; it should be written in ‘farmers language’;
• thought that potential economic gain should be explicitly demonstrated.
Similarly in Denmark [41], users and non-users of the pesticide DST Plant Protection Online
identified several barriers to uptake, including:
• time consuming
• too complicated
• lack of user knowledge (on how to identify weeds and diseases)
• competition from human consultants
• lack of confidence
• only chemical solutions recommended
Another UK study reviewed tools for decision making in agriculture and found that despite their
availability in a wide range of formats, uptake in the UK and many other countries has been low [6].
Using a combination of qualitative interviews and quantitative surveys, the authors identified fifteen




• relevance to user
• compatibility with compliance demands.
The authors concluded that a better understanding of these factors should lead to more effective
DST design and delivery in the future. These authors followed up this work with a study on how
stakeholders could be more effectively involved to improve DST design [42]. DST use was explored in
a series of 78 interviews and 5 focus groups. Their main suggestion was to assess the ‘decision support
context’ before building a product. Other requirements were better knowledge of user-centered design
practices, a clear understanding of advice systems and greater collaboration with human-computer
interaction researchers.
DSTs aimed at policy makers, water quality managers or catchment managers tend to be more
complex and require more data. However, the drivers for using such tools are often legislative or
policy focused; thus, potential users of a particular DST should be provided with an appropriate level
of training and have access to the relevant datasets in order to do so.
3.7. Evaluation of the DSTs in the Case Studies
Twelve DSTs were selected for testing and/or demonstration by the participating FAIRWAY case
study sites (Table 3). The selected DSTs were a mixture of farm level tools designed to improve
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nutrient or pesticide management on individual farms, and DSTs designed to be used by water quality
managers or policy makers at the catchment/regional level, to identify high-risk areas for losses and
prioritise mitigation measures or to identify cost-effective management options to decrease nitrate or
pesticide pollution.











SIRIS (FR) Catchment/ region
TargetEconN (DK) Catchment/ region
Anglian Region (UK) Environmental Yardstick forPesticides (NL) Farm Pesticides
La Voulzie (FR) SIRIS (FR) Catchment Pesticides
Lower Saxony (DE) Mark Online (DK) Farm Nutrients
NDICEA (NL) Farm
Derg catchment (IE)
SCIMAP (UK) Catchment/ region
PesticidesPhytopixal (FR); Catchment/ region
FARMSCOPER (UK) Farm
Overijssel (NL) Düngeplanung (DE) Farm Nutrients
Noord Brabant (NL) Plant Protection Online (DK) Farm Pesticides
Baixo Mondego (PT) MANNER-NPK (UK) Farm Nutrients
Dravsko Polje (SI) ANCA (NL) Farm Nutrients
During the selection of DSTs for evaluation in the FAIRWAY case study sites, it became clear that
many countries have developed similar DSTs to address similar problems. Thus, an important part of
the exchange process was to better understand the range of DSTs available in the EU, to compare DSTs
from other countries with those already being used in the case study sites and to gain inspiration for
enhancing existing DSTs. The information collected using the evaluation schemes for all the DSTs tested
in each case study was collated and summarised in terms of: (1) barriers to exchange (2) requirements
of a DST in terms of functionality, use and access and (3) stakeholder attitudes to DSTs.
3.7.1. Barriers to DST Exchange between Countries
During the selection and testing of the DSTs in the case studies, it became clear that there were a
number of barriers which may prevent or limit the use of a DST in a country other than the one for
which it was developed.
All the case studies identified language as a key barrier to transferring DSTs between countries,
because often the DST and supporting information are only available in the local language. This is
especially important when dealing with DSTs which are designed to be used by farmers or advisors
who are unlikely to have the time or ability to translate the technical or specialist language which is
often used. Nevertheless, it is possible to successfully use a DST developed elsewhere. For example,
the Dutch Environmental Yardstick for Pesticides [9] is used in both the Netherlands and Belgium, and
is currently being tested with data from US farms; the tool and supporting documentation are available
in English. In addition, Plant Protection Online [12], which was developed in Denmark, is being used
in the Baltics and Poland, with user information available in Danish, English and German.
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Some DSTs have been developed based on country-specific legislation, which prevents direct
exchange with another country, although there may be potential for exchange of part of the DST or to
draw on the principles. For example, Mark Online [11] was tested in the Lower Saxony case study in
order to assess how Danish legislation might affect practice in Germany. Danish agricultural legislation
is quite restrictive in terms of fertiliser practices, but has been shown to produce positive environmental
effects (e.g., nitrate concentrations in the upper oxic groundwater have been decreasing significantly in
the past 30 years in different Danish reference catchments [43]). The concept of introducing similar
strict limitations on N fertiliser use has been discussed in Germany, but the case study aimed to assess
the farm-level implications of such restrictions (i.e., introducing an N quota) by comparing results from
Mark Online with those from Düngeplanung [20], which was already being used. Results indicated
that most farmers in the German case study would comply quite well with the Danish legislation,
although some would face problems with their current management practices if they had to meet
certain requirements (e.g., the obligation to establish cover crops, restricted fertiliser use in autumn,
strict soil P-levels). Participants liked several elements of Mark Online, including the modular design,
the ability to compile farm management information, and the inclusion of cross-compliance checks;
they also thought that linking soil type to yield level would have benefits in the future.
There was great variation in the data requirements for the different DSTs depending on their degree
of sophistication, and most case study sites reported this as a barrier to DST exchange. For example,
in the Derg case study (Northern Ireland) the farm level data required to populate the some of the
spreadsheets in the FARMSCOPER model [22] are not freely available and cannot be used without
consent. In addition, data conversion to the required format is often required and this might be difficult
for a farmer. For example, when using Mark Online [11] in the Lower Saxony case study, German soil
types had to be converted into their Danish equivalents.
Regional differences can also present a barrier for exchange. In the Derg case study, for example,
the climate, topography and soil type were markedly different from those in England and Wales, where
FARMSCOPER [22] was developed. Ireland has, in general, higher runoff rates and monthly rainfall,
and evapotranspiration figures differ from those in England and Wales. Most of these coefficients
are pre-calculated for FARMSCOPER and recalibration would be required before the DST could be
used effectively. Nevertheless, stakeholders found it to be a potentially powerful tool to support
water managers in prioritising the most effective mitigation options in drinking water catchments.
Similarly, ANCA, developed in the Netherlands for the assessment of nutrient flows on dairy farms [38],
was evaluated at Dravsko Polje (Slovenia). One of the problems encountered was that farms in Slovenia
are much smaller than farms in the Netherlands and tend not to specialise, making it difficult to adapt
and use the model, which was developed specifically for dairy farms.
Other issues identified as being barriers to exchange were a lack of support and supporting
documentation, the requirement for specialised personnel to run complex DSTs and interpret the
results (e.g., the DST requires expertise in GIS), and financial cost.
Researchers and policy makers in every country often prefer to develop their ‘own’ DST rather than
use an existing DST from another country, and this often leads to ‘reinventing the wheel’. Many DSTs
are developed using government funding to address a specific need in a particular country or region,
or for a specific crop (e.g. vines, potatoes). Funding is not provided for the benefit of other potential
users elsewhere in the EU; the additional cost that this would entail cannot be justified. Commercial
DSTs face similar limitations, but tend to be less geographically constrained. These findings are very
much in line with the previous research [44,45], which concluded that the involvement of stakeholders
in DST development is a prerequisite to successful implementation. In the context of the multi-national
aspects of DST use and development considered in the FAIRWAY project, a more logical pathway
might be for researchers to organize regular knowledge exchange activities, providing an opportunity
to transfer ideas to their own scientific and stakeholder communities.
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3.7.2. Key DST Requirements in Terms of Functionality, Use, and Access
The case study evaluation identified a number of requirements for DSTs, in terms of their
functionality (cost, accessibility, data input/output and compatibility with other DSTs), use and access.
First and foremost, a DST must be simple (user friendly and self-explanatory), not too time-consuming
and practical for farmers/advisors to use. However, the level of complexity depends on the target users
and the objective of the DST. Sometimes more complexity is required, particularly in the case of DSTs,
which operate at the catchment scale and which aim to simulate complex environmental interactions.
The environmental impact of a farm on diffuse contaminant loads (e.g., organic fertiliser runoff) to surface
waters, for example, is strongly dependent on hydrological connectivity within the landscape. Representing
this spatial variability may not be feasible within many of the export-coefficient based models such as
FARMSCOPER [22], so interpretation of outputs requires additional expertise. DSTs which can complete
complex calculations for the user (e.g. nutrient load calculations, pesticide dosage needs, etc.) without
requiring excessive data inputs (or requiring data to be input more than once) are useful. However, the
DST should still provide some flexibility to react to specific situations (e.g., extreme weather events, specific
regulation in some areas, etc.) and respect user judgement. For example, users in the Lower Saxony case
study liked the way that Mark Online [11] allowed farmers some flexibility on how to allocate nutrients in
an agronomically sensible way on their farm, whilst still complying with the farm N quota.
It is clearly important that a DST should provide correct information and advice e.g.,
for cross-compliance checking. The introduction of new regulations (which are usually more complex)
must be supported by providing some assistance for those affected; to this end, DSTs developed
to ensure that farmers and other end users comply with legislation are helpful. Clear information
about the derivation of the outputs produced by the DST should be provided (e.g., data source,
assumptions applied, etc.), although it is still important to provide a simple and easy tool for establishing
whether the legislation/rules are being followed. Examples include Mark Online [11], which includes
cross-compliance checking and MANNER-NPK [15] (evaluated in the Portuguese case study), where
users thought that being able to flag manure applications which did not comply with NVZ legislation
was useful. A well implemented, simple-to use DST can help to ensure that farmers and other end users
comply with legislation. However, when new regulations are introduced or the science improves, DSTs
must be updated immediately if they are to retain their relevance and the trust of the end user.
Having consistency in the outputs and advice provided by different DSTs is clearly important,
and this was not always found to be case. For example, during testing at the Aalborg case study site in
Denmark, the Environmental Yardstick for Pesticides [9], SIRIS [21] and Plant Protection Online [12] all
gave different results for the risk from pesticides applied to certain crops. Table 4 shows the results of
leaching risk assessments for maize and potatoes. Roundup Bio (glyphosate 360 g/l) was assessed to be
82% using SIRIS (i.e., a high leaching risk), while the Environmental Yardstick for Pesticides indicated a
low leaching risk for both soil types and application timings; the Danish assessment was low-medium
risk based on the size of the taxes (12 Euros) and the load index to groundwater. One problem was that
SIRIS calculates the leaching risk either for groundwater or surface water, making comparison of the
outputs difficult. Nevertheless, such differences in results do not inspire stakeholder confidence.
It was found that advisory assistance is often needed to encourage farmers to use DSTs, to assist
in their application and to interpret their results. Thus, the success of a DST also crucially depends on
the skills and experience of the advisor, who should be able to understand both the science behind and
the practical application of the DST and have the skills to communicate complex issues to farmers.
Government involvement may, in some cases, increase DST uptake and use (e.g., by making it a legal
requirement), although currently adoption is most often driven by market forces. Public recognition of
success can also be beneficial, especially for DSTs operating at the catchment level, where a farm or
group of farms using a DST could be used to demonstrate best practice. For example, SCIMAP has
been used in the co-production of management options to address slurry pollution by the UK Rivers
Trust [46], and FARMSCOPER to assess the environmental and economic impacts of revised nutrient
and sediment policy measures for catchments across England [25].
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Conversely, where advisory services are limited or non-existent, a well-designed DST can provide
useful guidance for protecting drinking water quality. This is particularly relevant for pesticides,
where farmers rarely have detailed knowledge of the environmental behaviour of specific products.
3.7.3. Attitudes towards Decision Support Tools
In the case studies, DST users and other stakeholders were asked about their attitudes towards and
main requirements for DSTs. ‘Ease of use’ and ‘assistance with compliance’ were frequently mentioned
as being important in determining whether or not a DST was used. ‘Ease of use’ encompasses a range
of reported user requirements such as:
Intuitive design;
• A centralized and holistic approach, where data only needs to be entered once;
• Checks to avoid data input errors and avoid wasting time;
• Data input and presentation of results (web-interface, excel-sheet, pdf, etc.) designed to suit
user preferences;
• Clear results and outputs (e.g., graphical representations).
Similarly, in terms of ‘assistance with compliance’ users identified requirements such as:
• Trustworthy and reliable results (farmers cannot verify the data themselves, so must have
confidence not only in the DST, but also in the developers of the DST);
• Availability of supplementary supporting information;
• Frequent updates to ensure compliance with legal requirements (if a farmer is to invest in a DST,
then a ‘future proof’ tool is needed).
The feedback from the FAIRWAY case studies adds to findings from previous studies. For example,
ease of use, defined as the ability of DSTs to present information to the user in a clear and familiar way
with rapid comprehension, was highlighted as a concern by Inman et al. [48] Similarly, an EIP-AGRI
workshop on “Tools for Environmental Farm Performance” [49] found that the reasons for poor uptake
of DSTs among farmers include:
• the tool is not found to be useful by the farmer;
• the tool might be difficult to understand;
• the DST may require the farmer to spend a lot of time setting it up or learning how to use it;
• the costs outweigh the perceived benefits.
In summary, a DST that is acceptable to the majority of end users should fulfil most if not all of the
criteria shown in Figure 4. A DST that fulfils these criteria and can deliver a range of functions is more
likely to be successful, as end users prefer to limit the number of DSTs that they are required to use.
Additionally, the provision of good advisory assistance was highlighted as being of great importance.
The results produced by a DST are only as good as the input data, therefore support and advice from
skilled advisors is highly valued by end users to enable them to make the right decisions.
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Figure 4. Criteria to be fulfilled by DSTs as identified by end users in nine FAIRWAY case studies.
3.8. Wider Perspectives and Future Developments
Despite the difficulties with the international exchange of DSTs, there are initiatives underway in
the EU where partners from different MS are collaborating to develop tools which will have a direct or
indirect impact on water quality.
An EU-funded project with similar aims to FAIRWAY is WaterProtect [50]. In this project, the aim
is to “create or develop collaborative webtools and mobile apps that facilitate and more effectively
implement farm management practices and measures for the protection of the drinking water sources”.
The project partners are building collaborative webtools for their Actionlabs (equivalent to the case
studies implemented this study) that will help local actors (farmers, environment agencies, drinking
water producers, and others) to monitor water quality, and to decide where to effectively implement
management practices and measures to protect water sources. The tools will include information
from the participatory monitoring, landscape information, best management practices and their
socio-economic benefits and costs, although at present, the only tool available is for Belgium [50].
This is an online webtool presenting results from pesticide water sampling catchments in the form of
online maps, so that local communities are able to access information pertaining to their area. As such,
it appears to be a ‘citizen science’ application rather than a farm decision making or policy tool, such
as those considered in our study.
Additionally, there is a tool which is under development as part of the future CAP preparations,
and this is the Farm Sustainability Tool for Nutrients (FaST), an EU-wide tool which aims to help
all farmers in the EU, without access to equivalent national DSTs, to manage the use of nutrients
on their farms [51]. The FaST tool was not available for assessment as part of the FAIRWAY project
and is still under development, however it will be interesting to follow its uptake, performance and
implementation, as it is the first farm nutrient management DST that will have full EU coverage, and
to see how the developers address the challenges identified in this study.
Over the next decade, the development of the DSTs and technologies to support the objectives
within the CAP will be critical considerations. Extending and tightening further blanket measures
(e.g., closed spreading periods) has limited the potential within some MS to deliver improvements
without negatively impacting production. Measures to improve water quality must therefore transform
toward more targeted farm- and catchment-specific approaches, using best available data and
knowledge. Tools which can simplify these often complex decisions and matrices of scenarios
will be critical if uptake targets are to be reached and maximum benefits delivered for users. The
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problem is whether there is the political will to collect the required data, and whether it is possible to
collect it in such a way that any trans-national DSTs can be used consistently across the EU.
4. Summary and Conclusions
The EU FAIRWAY project was established to review approaches for protecting drinking water
from nitrate and pesticide pollution. As part of the project, a comprehensive overview of DSTs
used by farmers, farm advisors, water managers and policy makers for water, nutrient and pesticide
management was undertaken, encompassing paper-based guidelines, farm-level software and phone
apps, and complex research models. The unique combination of expertise and practical experience of
the FAIRWAY project participants was used to identify farm-scale tools and other locally developed
DSTs of importance in a national context. Of the >150 DSTs identified, 36 were selected for further
investigation based on their national importance and relevance to the project aim. The majority of the
selected DSTs were farm management tools and were included under the assumption that smart use of
nutrients/pesticides indirectly improves water quality by reducing losses to the water environment.
Only three of the selected DSTs were explicitly developed to consider the impact of mitigation methods
on water quality.
Following demonstration and evaluation, 12 DSTs were selected for practical testing at nine of the
FAIRWAY case study sites, to best match the challenges faced at each location. During the trial period,
the DSTs were populated using local data, and meetings and demonstrations to stakeholders were
organised. Barriers to DST exchange between countries were identified, and information was collected
about farmer/stakeholder requirements and attitudes.
The FAIRWAY project provided a unique opportunity to exchange and test DSTs in very different
environments across several MS. The evaluations indicated that the exchange of DSTs between MS is
challenging because of the different legislative environments, advisory frameworks, country-specific
data/calibration requirements, regional climate/soil differences, and issues around language. Notably,
DSTs from different countries using the same input data sometimes delivered very different results.
Whilst many countries have developed comparable DSTs designed to address similar problems, all
the case study participants were able to draw inspiration and ideas from elsewhere. The support and
advice provided by skilled advisors was highly valued, empowering end users to use the outputs from
DSTs to make decisions for protecting water quality.
The case study evaluations will aid the development of a framework to highlight how DSTs can be
used to improve awareness of diffuse pollution of vulnerable drinking water resources among farmers
and other stakeholders, and will contribute to the wider Fairway project objective of identifying and
developing innovative approaches for more effective drinking water protection.
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Appendix A
Table A1. Keywords used for the online literature search (Web of Science).
Search Term Keywords
DST

































































Table A2. Details for each DST supplied by FAIRWAY project partners.
Explanation of acronym
Brief description
Platform (e.g., paper-based tool, phone app, bespoke software)
Author name(s)
Author institute(s)
Date developed/released (or planned release date)
Member state(s) where developed
Member state(s) where currently used
Intended end user(s) (e.g., farmer, water quality manager, policy maker)
Temporal resolution (e.g., daily, annual, long-term)
Real-time component (e.g., incorporating live weather data, soil moisture data feeds etc.)
Geographical resolution (e.g., field, catchment, national)
Contaminant(s) covered (e.g., nitrate, metaldehyde etc.)
Number and type of mitigation measures included
Age/provenance of supporting data used to develop the DST
Details of validation and testing
Frequency of updates




Links to any other relevant documentation (e.g., user guides)
Demo material
Additional comments (e.g., shortcomings, obstacles)
The level of expertise or training required to use the DST
Input data required to run the DST
Outputs (including links to water quality and economic or financial aspects)
Country-specific calibration or data requirements (including restrictions on use)
The language of the DST and any supporting documentation
Other useful information (e.g., screenshots of inputs/outputs; how the DST is used in practice)
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Abstract: Nitrogen lost from agriculture has altered the geochemistry of the biosphere, with
pronounced impacts on aquatic ecosystems. We aim to elucidate the patterns and driving factors
behind the N fluxes in lowland stream ecosystems differing about land-use and climatic-hydrological
conditions. The climate-hydrology areas represented humid cold temperate/stable discharge
conditions, and humid subtropical climate/flashy conditions. Three complementary monitoring
sampling characteristics were selected, including a total of 43 streams under contrasting farming
intensities. Farming intensity determined total dissolved N (TDN), nitrate concentrations, and total
N concentration and loss to streams, despite differences in soil and climatic-hydrological conditions
between and within regions. However, ammonium (NH4+) and dissolved organic N concentrations
did not show significant responses to the farming intensity or climatic/hydrological conditions.
A high dissolved inorganic N to TDN ratio was associated with the temperate climate and high
base flow conditions, but not with farming intensity. In the absence of a significant increase in
farming N use efficiency (or the introduction of other palliative measures), the expected farming
intensification would result in a stronger increase in NO3−, TDN, and TN concentrations as well as
in rising flow-weighted concentrations and loss in temperate and subtropical streams, which will
further exacerbate eutrophication.
Keywords: agricultural impact; stream; nitrogen concentration; nitrogen losses; eutrophication
1. Introduction
The changes promoted by agriculture in terrestrial and freshwater ecosystems can be quite
dramatic [1,2]. During the 20th and 21st centuries, the global nitrogen (N) cycle has accelerated due
to the artificial fixation of atmospheric N2 (g) and extensive use of N fertilizers to boost agricultural
production [3,4]. A high amount of reactive N (~100 Tg N·year−1) is used in global agriculture, but it is
estimated that less than 1 out of every 5 N-atoms used as fertilizer is finally consumed by humans [3].
The N lost from agricultural production ultimately alters the geochemistry of the biosphere and
particularly impacts aquatic ecosystems, thus contributing to eutrophication, degradation of water
quality, and biodiversity loss [5–9].
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At the catchment scale, the biogeochemical processes determining the natural fluxes of N from
land to aquatic ecosystems mainly depend on climatic and hydrological regimes, and their interaction
with local soil and geological conditions [10]. Consequently, stream N concentrations are dependent
on variations in water temperature and discharge [11–13]. Moreover, farming intensity alters N mass
balance and fluxes, leading to changes in the hydrochemistry of the streams [14]. One of the main
changes induced by agriculture is the enhanced N level [4] due to the higher input of dissolved
inorganic N (DIN), resulting in increased nitrate exports to aquatic ecosystems [15,16].
Intensive farming is a worldwide phenomenon [1,17]. Europe has a much longer history
of intensive farming than tropics and subtropics, where the expansion of cropland areas became
particularly rapid after 1850 [18]. Furthermore, 50% of the N fertilizer (inorganic and manure) used
is confined to approximately 10% of the fertilized land, in tropical and subtropical areas of south
and southeast Asia and southeast South America [19,20]. So far, most studies of the environmental
consequences of N use in farming on streams have been conducted in developed countries, particularly
in areas characterized by a temperate climate within Europe and North America [21], whereas only a
few investigations have focused on developing countries and/or warm climate conditions e.g., [22–24].
Better knowledge of the use, transformation, and transport of N in subtropical and tropical climate
regions—and thus of the N cycle—is urgently needed to generate more nutrient-efficient ways of
producing food, while simultaneously reducing the negative side effects on the environment [18,25–27].
We aim to elucidate the patterns and driving factors behind the N fluxes in lowland stream
ecosystems with contrasting land-uses and climate. Specifically, we aimed to analyze to what extent
natural variations in soil characteristics and climate/hydrology would influence the effect of catchment
farming on concentrations and N losses in lowland streams. We expected that streams draining
microcatchments with high-intensity farming would have the highest concentrations of total N (TN),
total dissolved N (TDN), nitrate (NO3−), ammonium (NH4+), and dissolved organic N (DON) and a
higher DIN/TDN ratio than streams draining low-intensity farming microcatchments, independently
of variations in edaphic variability or climatic-hydrological conditions.
2. Materials and Methods
To obtain a suitable balance between the different scales of analysis [28], the sampling strategy
included three complementary monitoring schemes using different combinations of sampling
frequencies and the associated number of streams (considered as replicates of farming intensity
within each region).
A total of 43 lowland streams draining microcatchments under two contrasting conditions of
agricultural intensity (hereafter farming intensity) were selected in two distinctive climate areas:
humid cold temperate (Dfb sensu: [29]; n = 21 in summer; n = 20 in winter) and humid subtropical
(Cfa sensu: [29]; n = 22; Table 1). The topography of both selected landscapes was characterized by
gently rolling plains (mean slope < 5%) and the hydrographic catchment size varied around 10 km2
(Denmark 9 ± 11 km2, Uruguay 12 ± 7 km2, average and standard deviation, respectively).
One stream per combination of farming intensity/climate-hydrology condition (nstreams = 4,
Table 1) was described in detail relative to hydrology, hydrochemistry, meteorological conditions,
and catchment land-use. These streams acted as “benchmark streams” for each condition, and water
samples with two different temporal resolutions were taken for a 2-year period (see Section 2.2). Both
Danish benchmark streams are part of the Gudenå River basin, while the Uruguayan benchmark
streams are part of the Santa Lucía Chico River basin. Besides the benchmark streams, a larger set of
streams grouped according to farming intensity/climate-hydrology conditions were sampled with a
“snapshot” approach (nstreams = 39 winter, 38 summer; 1 sample per season; Table 1). More detailed
information can be found in Goyenola et al. [30] and Graeber et al. [31]. Automatized gauging stations
were established in the four benchmark microcatchments. Hydrometric data were recorded every
10 minutes using CR10X data loggers (Campbell Scientific Ltd., Shepshed, UK). In the subtropical
streams, we used CS450 Submersible Pressure Transducers (Campbell Scientific Ltd., Shepshed, UK)
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for water stage monitoring and Rain-O-Matic Professional rainfall automatized gauges (Pronamic).
In temperate catchments, the water level was registered with PDCR 1830 pressure sensors (Druck),
while meteorological information was obtained from the Danish Meteorological Institute monitoring
the network based on a 10 × 10 km grid. Periodic instantaneous flow measurements were taken using
a C2-OTT Kleinflügel, transferring data to software for the calculation of instantaneous discharge
(VB-Vinge 3.0, Mølgaard Hydrometri).
Table 1. Characteristics of the soil and land-use of all the studied stream catchments according to the
sampling method used. Benchmark streams were sampled fortnightly using grab and automatized
pooled sampling.
Climate & Farming Intensity Benchmark Streams Snapshot Grab-Sampling
TEMP Low
Granslev stream
Haplic Luvisols # O.M. = 5%
F.A.= 29%; mean L.U. = 0.25 ha−1
N fertilizer = 45 kg N·ha−1·year−1
(45 % fertilizers; 55% manure)
Mainly Luvisols and Podsols; Arenosols #
O.M. < 5%. Range F.A. = 0%–26%
TEMP High
Gelbæk stream
Gleyic Luvisols # O.M. < 5%
F.A.= 92%; mean L.U. = 0.79 ha−1
N fertilizer = 143 kg N·ha−1·year−1
(45 % fertilizers; 55% manure)
Mainly Luvisols and Podsols, some
Albeluvisols Arenosols and Cambisols #




Eutric Vertisols * O.M. = 5.2%
F.A.= 30%; mean L.U. = 0.62 ha−1
N fertilizer = 76 kg N·ha−1·year−1
(18% fertilizers; 82% manure)
Phaeozem and Vertisols *
O.M. = 5% ± 1.5
Range F.A. = 0%–25%
SUBT High
Pintado Stream
Eutric Regosols * O.M. = 4% to 5%
F.A.= 90%; mean L.U. = 2.00 ha−1
N fertilizer = 242 kg N·ha−1·year−1
(17% fertilizers; 83% manure)
Mainly Phaeozem *
O.M. = 5% ± 1.5
Range F.A. = 75%–100%
Total n nstreams = 4 nstreams = 39 (w), 38 (s)
Sampling grab and pooled sampling2 years 1 sample in (w) and 1 in (s)
Abbreviations: TEMP: temperate streams; SUBT: subtropical streams; Low and High: low and high-farming
intensity; O.M.: organic content of soils (%); F.A.: percentage of the Farming area; mean L.U.: mean livestock units
by ha; N fertilizer: total N inputs by year, discriminated in contributions of fertilizers and manure. (w): winter; (s):
summer. Source: (#) World Reference Soil Database classification, European Commission and European Soil Bureau
Network (2004); (*) SOTERLAC database, ISRIC Foundation (www.isric.org).
Nitrogen catchment input by hectare and year in Danish catchments was estimated considering
the surface of agriculture land in the catchment multiplied by the national average of chemical fertilizer
use for the years 2011–2012 (total input 69 kg N·ha−1·year−1), and the livestock density multiplied by
the average of N production in manure by livestock (86 kg N·ha−1·year−1 [32]). Nitrogen catchment
input by hectare and year in Uruguayan catchments was estimated through interviews with the
technical managers of the establishments. Based on the best available knowledge considering empirical
data [33], the average of N production in manure for the Uruguayan was assumed to equal than for
Danish catchments. The total N input was divided by the total catchment area to be able to make
quantitative comparisons with the TN losses.
2.1. Farming Intensity
Land-use intensity is a complex multidimensional concept and is difficult to measure [34,35],
and therefore we applied explicit operational definitions (Table 1). Low-intensity farming catchments
represent the condition with minimal anthropogenic pressures for each region. The subtropical
low-intensity farming catchments (n = 9, both summer and winter) were dominated by the natural
grasslands of the Pampa Biome [36] and sustained low-density cattle production (below one head per
hectare), while a mixture of deciduous and coniferous forests dominated the temperate low-intensity
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farming catchments (nsummer = 8; nwinter = 9; Figure 1; Table 1). Less than 30% of the selected
low-intensity farming catchments in both countries were influenced by arable cropping systems.
 
Figure 1. The geographic location of sampled streams. Left: subtropical/Uruguayan streams.
Right: temperate/Danish streams. Circles: Snapshot grab-sampling. Stars: Benchmark streams.
Green: high-farming intensity; brown: low-farming intensity. LAT/LONG of benchmark streams:
TEMP Low: 56.2837/9.8975; TEMP High: 56.2254/9.8117; SUBT Low: −33.8256/−56.2821; SUBT Low:
−33.9036/−56.0064. All the catchments fall within polygons limited by the following coordinates: Denmark
55.09 to 56.64 N; 8.38 to 12.44 E, Uruguay −31.79 to −34.18; −54.41 to −58.31 (decimal degrees; WGS84).
The criteria for the selection of high-intensity farming catchments were: (1) that arable cropping
systems with intensive use of fertilizers affected more than 70% of the total area and (2) that they
represented real and typical high-intensity farming catchments in the climatic-hydrological regions of
the two countries (nTEMP = 12; nSUBT = 13; Table 1).
2.2. Hydrochemistry Monitoring
The complementary strategy allowed us to evaluate whether the patterns observed were
generalizable for each climate/hydrological region or even common to both. The monitoring approach
included:
• Fortnightly grab-sampling in benchmark streams: Sub-surface grab samples were taken from a
well-mixed section with no macrophytes in the center of the stream channel during the daytime.
This instantaneous sampling was used for the analysis of conservative and non-conservative N
fractions (i.e., TN, TDN, NO3−, DON, and NH4+).
• Automatic pooled sampling in benchmark streams: High-frequency monitoring using automated
equipment was conducted during the same two-year period. Glacier refrigerated automatic
samplers (ISCO-Teledyne) collected an equal water volume every four hours from the same
sampling point, and the pooled samples were collected fortnightly. The final nutrient concentration
in the only sampler carboy thus represented a time-proportional average for the fortnightly
sampling period. As this sampling involved refrigerated storage of pooled samples for up to two
weeks, the emphasis was placed on the analysis of TN.
• Snapshot grab-sampling in the series of streams was made once in winter and once in summer.
Sub-surface grab samples were taken in a well-mixed section with no macrophytes from the
center of the stream channels during the daytime. This instantaneous sampling was used for the
analysis of different N fractions, with emphasis on dissolved compounds (i.e., TDN, NO3−, DON,
and NH4+).
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2.3. Laboratory Measurements
All pooled water samples from the high frequency monitored streams were analyzed for total
N (TN), total dissolved N (TDN), and nitrate (NO3−). Analysis of fortnightly and snapshot samples
included TN, TDN, NO3−, NH4+, and DON (dissolved organic N). Different techniques were applied
to guarantee accuracy, address the different concentration ranges, and assure the inter-comparability
of results between countries.
Water samples for the determination of dissolved N fractions were filtered through 0.45-μm
membrane filters pre-rinsed with ultrapure water (Milli-Q water). TN was converted to nitrate
following the protocol of Valderrama [37] and analyzed as NO3−. In Uruguay, the standard sodium
salicylate method was used for NO3− determination [38,39]. For the Danish samples, the sum of
both nitrate and nitrite was determined by flow analysis (CFA and FIA) and spectrometric detection
([40], Danish Standard 223). Additionally, the samples were analyzed by segmented flow analysis
including an additional channel to measure NO2−. As the NO2− concentration was always below the
quantification limit of the technique (<0.01 mg N·L−1), it was not considered in the analysis; instead
we assumed that (NO3−) + (NO2−) = (NO3−).
The analysis of the Uruguayan samples used for total TDN determination followed the same
approach as for the TN samples. The TDN concentrations of the Danish samples were measured using
high-temperature catalytic oxidation (HTCO, multi N/C 3100, Jena Analytik, Jena, Germany) after
acidifying the samples to pH 2–3 with HCl and sparging with synthetic air for 5 min. The samples
were oxidized with a platinum catalyst at 700 ◦C in a synthetic air stream, and TDN was measured
as NO gas with a chemiluminescence detector [41]. For the Danish water samples with high NO3−
levels (from high-intensity farming), the HTCO method led to significant underestimation of TDN,
likely because the HTCO method did not permit oxidization of all the N [42,43]. When oxidation was
not possible, TDN was estimated as the addition of DIN + DON, DIN being in turn estimated as the
addition of NO3− and NH4+ and DON being measured by size-exclusion chromatography [43,44].
DON samples taken in subtropical streams were acidified with hydrochloric acid and frozen, following
Hudson, et al. [45], and sent for analysis at the Leibniz-Institute of Freshwater Ecology and Inland
Fisheries laboratory in Berlin. Before measurements, the samples were brought to the same target
pH level of 7.5 ± 0.5 by neutralization with sodium hydroxide. NH4+ was measured following the
indophenol-blue method [46].
2.4. Data Analysis
Non-linear regressions between stage and discharge at each monitoring station (rating curves)
were fitted. Rating curves were used to generate a discharge data series with a 10-min resolution
using the software HYMER (www.orbicon.com). Base flow index (BFI) was estimated for the complete
data set from daily hydrographs using the automatic routine proposed by Arnold et al. [47] to set the
magnitude of the groundwater contribution to the streamflow.
Total N concentrations were determined from the fortnightly samples, while the high frequency
automatized pooled data were used to estimate the annual TN transport, loss, and flow-weighted TN
concentrations in the subset of the four benchmark streams (2-year period). The TN transport was
calculated by multiplying the TN concentration obtained from the pooled samples by the accumulated
discharge for the same fortnightly period and summing yearly [48]. The TN loss was calculated
dividing the annual transport by the catchment area in hectares [49]. Missing data from the relatively
short periods when the automatic samplers were not in operation (e.g., due to freezing in Denmark)
were re-generated through linear interpolation of concentrations [50]. The flow-weighted concentration
(FWC) was calculated as the annual TN transport divided by the annual runoff. Dissolved N fractions
were analyzed from both the fortnightly grab samples in the four benchmark streams (2-year period)
and the snapshot samples (nstreams = 39 winter, 38 summer; 1 sample per season).
The factorial design relative to climate/hydrology conditions and farming intensity was evaluated
using two-way nested ANOVA with farming intensity nested within climate/hydrology, followed
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by a post hoc pairwise multiple comparison when appropriate [51]. Variability in the high
frequency-automatized pooled and fortnightly samples represents the temporal variation within
each intensively sampled stream, while variability in the snapshot sampling expresses spatial
variation among comparable systems. The relationship between TN concentrations from the
fortnightly instantaneous grab samples, discharge, and water temperature were analyzed by Spearman
rank-order correlations.
3. Results
3.1. Climate and Hydrology
The climatic characteristics in the study period (2010 to early 2012) can be considered typical for
both Denmark and Uruguay (Table 2; [30]). The annual average air temperature did not exhibit any
anomaly [52,53] and corresponded to the mean for the corresponding region recorded by national
meteorological services based on recent historical information [54,55]. Mean air temperature was 8.8 ◦C
and ranged between −7.0 and 20.4 ◦C in the temperate sites and was ca. 17.5 ◦C, ranging between
3.7 to 32.2 ◦C, in the subtropical sites. No dry or wet seasons occurred in either country, but marked
differences in frequency and intensity of rainfall were detected. Total annual precipitation was lower in
the Danish catchments than in the Uruguayan catchments (Table 2), while rain events were less intense
but more frequent in the Danish than in the Uruguayan catchments [30,31]. Thus, hydrologically,
the Danish streams are more stable than the Uruguayan catchments, the latter being described as
“flashy” in previous publications (Richards-Baker Flashinnes Index < 0.3 for Danish streams and > 0.9
for comparable Uruguayan streams; [30]). The Danish stable streams have much higher contribution
of groundwater to water flow (higher base flow index, Table 2).
Table 2. Main climatic and hydrological characteristics of the four benchmark catchments monitored at
high frequency (nstreams = 4, 2-year period), showing annual accumulated rainfall in mm for each
study year (sources: a [56], b [55]). Abbreviations: TEMP: temperate streams; SUBT: subtropical streams;











of each study year (mm·y−1) 756–770 766–778 1010–1030 1196–1405
Mean regional
accumulated rainfall (mm·y−1) 765
a 1100–1200 b
Base Flow Index (BFI) 0.88 0.64 0.39 0.29
3.2. Total Nitrogen Concentrations and Losses in Benchmark Streams
The farming intensity was, as expected, a strong determinant factor of stream TN concentrations,
while climate/hydrology had no significant effects on the TN concentrations in the benchmark streams
(Figure 2). This was expressed by low and not statistically different TN concentrations in the
low-farming intensity streams (varying around 1.0 mg N·L−1) and significantly higher average annual
TN concentrations in high-intensity farming streams (2.2 ± 1.4 mg N·L−1 and 4.3 ± 2.5 mg N·L−1 for the
subtropical and temperate high-intensity farming streams, respectively; mean ± SD; Figure 2). Total N
loss and flow-weighted concentrations of TN (TN-FWC) obtained through high frequency-automatized
pooled sampling were also higher in the highest intensity farming streams for both climatic/hydrological
conditions (annual estimations for two years, no statistical testing possible; Table 3).
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Figure 2. Variability in total nitrogen (TN) concentrations for each of the four fortnightly grabs
sampled benchmark streams. Data correspond to a 2-year period. ANOVA results: F TEMP vs. SUBT
(1,190) = 23.73, Farming intensity conditions nested in climate/hydrology (2,190) = 70.44, F Interaction
(1,190) = 378.9. P < 0.001 for all cases. A, B, and C describe statistically similar groups according to
Bonferroni post hoc tests. The upper and lower boundaries of the box mark the 25th and 75th percentile,
whiskers above and below the box indicate the 90th and 10th percentiles and the line within the box
marks the median. Black dots display outliers. Abbreviations: TEMP: temperate streams; SUBT:
subtropical streams; low and high: low and high-farming intensity in the catchments.
Table 3. Total nitrogen losses by hectare (kg N·ha−1·year−1) and flow-weighted concentrations (FWC; mg
N·L−1) estimated annually using high frequency automatized pooled sampling of the four benchmark
streams (water samples taken every 4 h and accumulated fortnightly). Abbreviations: TEMP: temperate
streams; SUBT: subtropical streams; low and high: low and high-farming intensity in the catchments.
Region Year
Low-Farming Intensity High-Farming Intensity
TN Loss FWC TN TN Loss FWC TN
SUBT 1 1.39 0.82 4.67 1.99
SUBT 2 2.12 0.72 9.17 2.13
TEMP 1 6.11 1.2 13.16 6.28
TEMP 2 4.68 0.98 12.65 6.23
Without trends associated with farming intensity, the total N lost from subtropical catchments was
between 2% and 4% of the total annual inputs as fertilizers and manure (Tables 1 and 3). For the case
of temperate catchments, the total N lost by the stream was 9% for high-intensity farming streams and
between 10% and 14% (year 1 and 2 of monitoring) in low-intensity farming streams (Tables 1 and 3).
3.3. Influence of Temperature and Discharge on Total Nitrogen Concentrations
Stream TN concentrations tended to decrease with increasing water temperature and decreasing
discharge, as reflected in the set of four fortnightly sampled benchmark streams (Figure 3). In both
climates, the relationship between TN concentrations and discharge showed a higher explained
variance for high-intensity farming than for low-intensity farming (Figure 3). The TN concentration
of subtropical low-intensity farming stream, however, did not exhibit statistical relationships with
temperature and discharge (Figure 3).
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Figure 3. Total nitrogen concentrations vs. water temperature and discharge in the subset of the four
benchmark streams under high-frequency monitoring. Bubble size represents the concentration of TN
from fortnightly grab sampling (two-year data). The graphs show the main environmental gradients for
each stream. Spearman rank-order correlations (rs) are marked with * when significant (0.01 ≤ p ≤ 0.05).
ns: non-significant. Abbreviations: TEMP: temperate streams; SUBT: subtropical streams; low and
high: low and high-farming intensity in the catchments.
3.4. Influence of Climate/Hydrology and Farming Intensity on Nitrogen Species
Total dissolved N (TDN) constituted the main fraction of TN in all the studied streams
(Figures 2 and 4). It was also affected by farming intensity regardless of climate/hydrological conditions
and monitoring method/sampling time (Table 4; Figure 4). These assertions are based on the comparable
results obtained in all the sampled streams (n = 43), including both monitoring schemes: fortnightly
grab sampling in benchmark streams and snapshot sampling (the analyses of this section include all
these data sets; see Figure 4).
Relatively low (range of averages: 0.4 to 0.9 mg N·L−1), and not statistically different average TDN
concentrations were found in all low-intensity farming streams, intermediate concentrations were found
in the subtropical-high intensity farming streams (1.2 to 1.8 mg N·L−1), and the highest concentrations
occurred in the temperate high-intensity farming streams (3.5 to 5.2 mg N·L−1; Table 4; Figure 4 upper
panels). The pattern of intermediate TDN concentrations in the subtropical high-intensity farming
streams was similar for the two sampling strategies, the only significant difference with low-intensity
farming streams occurring for the fortnightly samples (Table 4; Figure 4).
Nitrate (NO3−) concentrations resembled the above TN and TDN: low and not statistically
different NO3− concentrations in the low-intensity farming streams, intermediate in the subtropical
high-intensity farming streams, and the highest in the temperate high-intensity farming streams
(complete data set; Table 4; Figure 4). Average annual NO3− concentrations ranged between values
as low as 0.05 and 0.3 mg N·L−1 in the low-intensity farming streams in both climates (Figure 4).
Average nitrate concentrations in the subtropical high-intensity farming streams ranged between
0.4 and 0.8 mg N·L−1. In contrast, in the temperate high-intensity farming streams, nitrate varied
between 3.2 and 4.9 mg N·L−1 on average, depending on the sampling method and season (Figure 4).
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Figure 4. The concentration of dissolved nitrogen fractions in fortnightly grab sampling in benchmark
streams and snapshot samples. Significance level P < 0.05. A, B, and C describe statistical groups
according to post hoc Bonferroni tests. We indicate non-significant results as ns (p > 0.1), and marginally
significant as ms (0.05 < P < 0.1). Abbreviations: TEMP: temperate streams; SUBT: subtropical streams;
low- and high-FI: low and high-farming intensity. Vertical axes are concentrations expressed in mg
N·L−1. The upper and lower boundaries of the box mark the 25th and 75th percentile, whiskers above
and below the box indicate the 90th and 10th percentiles and the line within the box marks the median.
Black dots display outliers. Note that the scale varies among fractions.
We found no significant association between DON concentrations and climate/hydrological
conditions or farming intensity, except for significantly higher levels of DON in the subtropical
high-intensity farming streams (benchmark streams only, average= 0.9 mg N·L−1; Figure 4). All the other
streams representing both climatic conditions had average levels below 0.7 mg N·L−1 (Table 4; Figure 4).
No significant relationships were found between ammonium (NH4+) concentrations and
climate/hydrological conditions and farming intensity (fortnightly grab sampling in benchmark
streams and snapshot sampling in summer; Table 4; Figure 4). Average NH4+ concentrations were
always < 0.1 mg N·L−1, regardless of climate and farming intensity. In the wintry snapshot sampling,
average NH4+ concentrations were significantly higher in the temperate (average 0.08 mg N·L−1) than
in the subtropical streams (0.04 mg N·L−1; Table 4; Figure 4).
The DIN/TDN ratio was higher in the temperate (average ranging from 0.5 to almost 1) than in
the subtropical streams (average ranging from 0.2 to 0.5) for the fortnightly and snapshot sampled
streams (Table 4; Figure 5). The temperate high-intensity farming streams exhibited the highest
DIN/TDN ratios (average between 0.89 and 0.95), which was linked to the strong predominance of
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NO3− (Figures 4 and 5). In general, higher variability in the DIN/TDN ratio was observed in the
subtropical streams (SD ranging from 0.2 to 0.3; Figure 5) than in the temperate streams.
Table 4. Summary of 2-way nested ANOVA tests for the concentration of N forms, indicating the
origin (sampling method) of the data. Above: Main effects of climate/hydrology conditions (two levels).
Below: Main effects of farming intensity (two levels: low- and high-intensity farming) nested within
climate/hydrology conditions and interaction between factors. F values and the respective degrees of
freedom are indicated. Significance level: P > 0.1 ns, 0.05 < P < 0.1 ms, P < 0.05 *, P < 0.01 **, P < 0.001
***. Results of post hoc pairwise multiple comparisons are shown in Figures 3–5. Abbreviations: TEMP:
temperate streams; SUBT: subtropical streams; low and high: low- and high-farming intensity in
the catchments.
N Form
Benchmark Streams Snapshot Sampling
Fortnightly Sampling Winter Summer
Comparison between Climate/Hydrology Conditions (TEMP vs. SUBT)
TDN F(1, 181) = 38.16 *** F(1, 35) = 29.97 *** F(1, 34) = 19.60 ***
NO3− F(1, 186) = 78.25 *** F(1, 35) = 29.99 *** F(1, 34) = 30.58 ***
DON F(1, 181) = 27.27 *** F(1, 35) = 1.44, p = 0.24 ns F(1, 34) = 4.90 *
NH4+ F(1, 186) = 0.19, p = 0.66 ns F(1 35) = 7.72 ** F(1, 34) = 2.31, p = 0.14 ns
DIN/TDN F(1, 181) = 179.67 *** F(1, 35) = 30.06 *** F(1, 34) = 23.67 ***
Comparison between Farming Intensity Conditions (Low & High)
Nested in Climate/Hydrology
TDN F(2, 181) = 71.85 *** F(2, 35) = 30.30 *** F(2, 34) = 20.78 ***
NO3− F(2, 186) = 80.12 *** F(2, 35) = 28.48 *** F(2, 34) = 20.49 ***
DON F(2, 181) = 24.42 *** F(2, 35) = 0.232, p = 0.79 ns F(2, 34) = 1.19, p = 0.31 ns
NH4+ F(2, 186) = 10.05 *** F(2, 35) = 2.75, p = 0.08 ms F(2, 34) = 3.09, p = 0.08 ms
DIN/TDN F(2, 181) = 14.67 *** F(2, 35) = 6.26 ** F(2, 34) = 5.50**
Interaction between Farming Intensity and Climate/Hydrology
TDN F(1, 181) = 307.1 *** F(1, 35) = 85.0 *** F(1, 34) = 116.4 ***
NO3- F(1, 186) = 193.6 *** F(1, 35) = 57.5 *** F(1, 34) = 52.33 ***
DON F(1, 181) = 255.1 *** F(1 35) = 103.0 *** F(1, 34) = 59.9 ***
NH4+ F(1, 186) = 140.3 *** F(1, 35) = 106.0 *** F(1, 34) = 21.6 ***
DIN/TDN F(1, 181) = 2744.1 *** F(1, 35) = 299.3 *** F(1, 34) = 132.9***
Figure 5. DIN/TDN ratio for the fortnightly grab sampling in benchmark streams and snapshot samples.
Significance level P < 0.05. A, B, and C describe statistical groups according to post hoc Bonferroni
tests. We indicate marginally significant as ms (0.05 < P < 0.1). The upper and lower boundaries of the
box mark the 25th and 75th percentile, whiskers above and below the box indicate the 90th and 10th
percentiles and the line within the box marks the median. Black dots display outliers. Note that the
scale varies among fractions. Abbreviations: TEMP: temperate streams; SUBT: subtropical streams; low
and high: low and high-farming intensity.
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4. Discussion
4.1. Influence of Farming Intensity
Our analysis of streams draining microcatchments under low-intensity farming conditions in
contrasting climatic-hydrological settings revealed low and quite comparable TN, TDN, NO3−, NH4+,
and DON concentrations. In addition, NO3− concentrations in low-intensity farming streams at both
climate/hydrological conditions exhibited levels that were considered as background concentrations in
a recent and independent study conducted for streams draining relatively undisturbed catchments
in Denmark and elsewhere [57]. No reference data for background concentrations in Uruguayan or
subtropical streams have previously been reported in the scientific literature.
In contrast, the highest concentrations of NO3− were found in all sampled streams draining
microcatchments impacted by high-intensity farming, irrespective of the monitoring method. Annual
flow-weighted concentrations of TN never exceeded 1.2 mg N·L−1 in the two benchmark streams
draining low intensity farmed catchments, but they were always higher than 2.0 mg N·L−1 in the two
benchmark streams draining high intensity farmed catchments. The higher NO3− concentrations in
the water (leading to higher concentrations of TDN and TN) can, therefore, be attributed to the impact
of intensive farming in the catchments.
The TN, TDN, NO3−, and TN-FWC concentrations in the streams draining high-intensity farming
catchments were significantly higher in the temperate climate, with stable discharge conditions than in
the subtropical climate with flashy discharge conditions.
The N input to the catchments as fertilizer and manure, was higher in subtropical than in temperate
catchments, particularly by the higher contribution of manure derived from higher livestock loads.
Contrarily, the N loss/N input fraction was higher in temperate catchments (9% to 14%), respect to
subtropical ones (2% to 4%). Further, more detailed studies must be done to establish if assumptions
made about N content of manure for Uruguay are correct, or if our results could be biased by it.
Notwithstanding, these results are consistent with the much longer history of intensive farming
in central and northern Europe than in South America, creating a potentially high N legacy in the
groundwater feeding the streams [58–60]. Moreover, the widespread use of artificial drainage practices
via tile drains in Danish productive catchments is a shortcut pathway for nitrate from the soils to surface
waters; thus avoiding attenuation processes in groundwater [61–64]. Accordingly, the streams draining
the temperate high intensity farmed catchments were characterized by higher NO3− concentrations
and a larger contribution of groundwater to the total flow measured (higher base flow index, BFI) than
in similar subtropical streams.
The concentrations of NH4+ and DON in streams did not show any clear relationship with the
analyzed environmental factors. The proportional contribution of DON to TDN in the subtropical
streams was, however, higher than in the temperate streams, which might be explained by the moderate
to low levels of NO3− observed in the subtropical streams.
The global use of N fertilizers increases steadily [65], and the trend is forecasted to continue for the
next decades despite more efficient management practices [66]. In the absence of a significant increase
in N use efficiency (or the introduction of other retention or mitigation measures), the expected farming
intensification in the future will result in an increase in N concentrations and losses in streams, which
will further exacerbate eutrophication in surface freshwater bodies.
4.2. Influence of Climate
Benchmark streams showed statistically significant relationships between N concentrations
and water temperature (negative) and discharge (positive). The former may be linked with high
temperature-driven denitrification and higher N assimilation by aquatic macrophytes and periphyton
in summer [65–67]. The latter, in contrast, may be explained by the N legacy in groundwaters in the
intensively farmed catchments together with the annual N surplus and hence diffuse N contributions
from agriculture in the catchments (leading to higher NO3− and TN concentrations in streams with
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increasing discharges). The lack of a significant relationship between N concentrations and temperature
and discharge in the subtropical stream draining the low intensity farmed catchment was probably
caused by the extremely low or lack of N surplus and N legacy, together with high denitrification and
biological N uptake promoted by the higher temperatures.
Our results suggest that in a stationary scenario of farming intensity and management, warming
alone might promote a reduction of TN concentrations in lowland low-order streams driven mainly
by a reduction in NO3− concentrations. In contrast, the predicted increase in annual precipitation
and the enhanced intensity of precipitation events in both countries [67–69] will probably increase
the risk of diffuse N losses to streams, at least in intensively farmed catchments. Consequently, given
these contradictory trends, it is uncertain what will be the resulting impact of climate change on N
concentrations and losses in lowland streams in different climates and agricultural systems [70]. Several
model scenario studies of climate change effects on N cycling in catchments have, however, suggested
increases in exported N in the temperate climate regions [71,72]. The sense of the changes that the water
tables suffer (e.g., height, residence time) probably will be one of the most influential factors regarding
the N loss towards the streams. If the increase in flow regime variability, flashiness, and enhanced
evapotranspiration results in a decrease in the contribution of groundwater [12], a lowering of the NO3−
concentration and DIN/TDN ratio could be expected. Nevertheless, if the increasing precipitations get
more infiltration, higher groundwater tables, and longer periods with tile drain flow, the effects could
be the contrary.
5. Conclusions
The results from our three complementary monitoring approaches were broadly comparable
and support that farming intensity is of key importance for determining N concentrations and losses
in lowland streams, despite differences in soil and climatic-hydrological conditions between and
within regions.
Overall, farming intensity determines the concentrations of TN, TDN, and NO3−, flow-weighted
TN, and TN exported to streams, but not those of ammonium (NH4+) and dissolved organic N (DON).
In the absence of a significant increase in farming N use efficiency (or the introduction of other
palliative measures), the expected farming intensification will result in a stronger increase in NO3−,
TDN, and TN concentrations as well as rising flow-weighted N concentrations and N losses in temperate
and subtropical streams, further exacerbating eutrophication.
In contrast to our expectations, a high dissolved inorganic N (DIN) to TDN ratio was associated
with temperate climate and high base flow conditions but not with farming intensity.
The consequences of changes in climate for the streams in the studied countries are hard to
predict as higher temperatures and higher precipitation had contrasting effects on TN concentrations
in our study.
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Abstract: The Qiandao Lake Basin (QLB), which occupies low hilly terrain in the monsoon region
of southeastern China, is facing serious environmental challenges due to human activities and
climate change. Here, we investigated source attribution, transport processes, and the spatiotemporal
dynamics of nitrogen (N) movement in the QLB using the Soil and Water Assessment Tool (SWAT),
a physical-based model. The goal was to generate key localized vegetative parameters and agronomic
variables to serve as credible information on N sources and as a reference for basin management.
The simulation indicated that the basin’s annual average total nitrogen (TN) load between 2007
and 2016 was 11,474 tons. Steep slopes with low vegetation coverage significantly influenced the
spatiotemporal distribution of N and its transport process. Monthly average TN loads peaked in June
due to intensive fertilization of tea plantations and other agricultural areas and then dropped rapidly
in July. Subsurface flow is the key transport pathway, with approximately 70% of N loads originating
within Anhui Province, which occupies just 58% of the basin area. The TN yields of sub-basins vary
considerably and have strong spatial effects on incremental loads entering the basin’ major stream,
the Xin’anjiang River. The largest contributor to N loads was domestic sewage (21.8%), followed by
livestock production (20.8%), cropland (18.6%), tea land (15.5%), forest land (10.9%), atmospheric
deposition (5.6%), orchards (4.6%), industry (1.4%), and other land (0.8%). Our simulation underscores
the urgency of increasing the efficiency of the wastewater treatment, conserving slope land, and
optimizing agricultural management as components of a comprehensive policy to control N pollution
in the basin.
Keywords: N sources; spatiotemporal patterns of pollution; N transport processes; Qiandao Lake
Basin; fertilization
1. Introduction
The nitrogen (N) cycle is dynamic and strongly influenced by both human activities and physical
conditions, especially in environmentally sensitive areas that are prone to nutrient pollution [1,2].
Agricultural practices and domestic sewage account for a substantial proportion of released N, which
subsequently enters waterways via pathways that are diverse and poorly understood. Climatic
features and geomorphological factors, including intense rainfall, steep slopes, and the presence
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of easily erodible soils, exacerbate N emission, transport, and export, adding complexity to the
problem of pollution control [1–3]. Against this backdrop, access to comprehensive information about
spatiotemporal patterns of N distribution becomes a primary concern for pollution management.
Physical-based models are powerful tools to provide detailed information about the key
driving factors of N release and transport. Available models include the Hydrological Simulation
Program—FORTRAN [4], the Spatially Referenced Regressions On Basin Attributes model [5], the
Regional Nutrient Management model [6], the Annualized Agricultural Nonpoint Source model [7],
and the Soil and Water Assessment Tool (SWAT) [8]. As confirmed by many studies, SWAT has
performed particularly well for nutrient source analysis and the interpretation of transport processes
in spatially heterogeneous areas of China [9,10] and elsewhere where agriculture predominates [11,12].
Moreover, SWAT can comprehensively estimate the attribution patterns of nutrients from various
diffuse pollution sources [13,14]. Previous applications of SWAT have mainly focused on basins in
semi-humid or semiarid zones [15,16], flat regions [17,18], cropland-dominated areas [19,20], and other
environments [21]. Much less is known about the ability of this model to provide information on runoff
and nutrient cycles in hilly monsoon areas characterized by diverse land use types and the absence of
systematic information needed for science-based policy making [2,22].
We address these issues here by employing SWAT to precisely simulate N loads in one of the
largest basins of southeastern China, the Qiandao Lake Basin (QLB). This basin, which lies in a typical
low hilly area, experiences a monsoon climate and is a critical source of drinking water for Hangzhou,
a prefecture-level city with 10 million residents. Total nitrogen (TN) concentration at the basin’s
outlet increased from approximately 0.75 to 1.12 mg/L during the past 15 years and now exceeds the
target concentration (< 1.0 mg/L) for use as a drinking water source [23,24]. Elevated levels of TN
have been attributed to socio-economic development, increasing environmental pressure from rapid
expansion of tea plantations, and domestic sewage discharge, all of which have adversely affected
water quality in this region over the past decade [22,25–27]. Agriculture is especially important,
because fertilizer application rates in the basin, which average 436 kg/ha, are excessive compared to
the rest of the world—triple those in the United States and double those in Europe and Japan [28].
Moreover, intensive application of fertilizer occurs from March to May, just before the onset of the
rainy season, when erosion is most likely [29,30].
In this study, we applied the SWAT model to the QLB to (i) simulate, estimate, and analyze key
localized TN parameters including factors influencing loads, source appointment, and spatiotemporal
dynamics, (ii) determine how TN delivery and transport are influenced by complex terrain and
monsoon climate, and, (iii) inform a more efficient and targeted strategy for controlling nutrient
pollution based on a comprehensive understanding of attribution and spatiotemporal patterns of TN.
2. Materials and Methods
2.1. Study Area
The QLB (29◦11′ N–30◦02′ N, 118◦21′ E–119◦20′ E) is centered on Qiandao Lake, which was
impounded by a hydroelectric dam constructed in the late 1950s [31]. The basin covers an area of 10,369
km2, of which 4341 km2 is in Zhejiang Province and 6028 km2 is in Anhui Province (Figure 1). The main
land use types in the basin are forest land (79.4%), followed by orchards (1.4%), cropland (8.2%), tea land
(3.8%), water body (5.4%), and other land (1.8%). The annual average precipitation within the Zhejiang
and Anhui portions of the basin is 1498 mm and 1712 mm, respectively. The Xin’anjiang River is the
longest and most significant river pathway of the basin. It flows in an eastwardly direction, crossing
from Anhui Province to Zhejiang province at Jiekou (location 243.7 km, Figure 1), and proceeding to
the basin’s outlet at Baqian (location 320.4 km, Figure 1), which lies just above the dam. The middle
and lower reaches of the river below Baqian are known locally as the Fuchun River and the Qiantang
River; ultimately, the water empties into the East China Sea.
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Figure 1. The Qiandao Lake Basin (QLB). (A) The Yangtze River delta region showing the orientation
of the basin in Anhui and Zhejiang provinces. (B) Topography of the basin showing elevations and
the location of rainfall stations. (C) Detailed map of the basin showing streams, sub-basins, important
monitoring sites, and distance markers along the reach of the Xin’anjiang River. The location of the
urban core of Chun’an County is also given.
2.2. Data Collection
As shown in Figure 1, the entire QLB was delineated into 96 sub-basins based on the 25-meter
digital elevation model. High resolution, 2.1-meter land use data were derived from ZY-3 satellite
imagery for 2015, which was purchased from the Chinese Geographical Monitoring Cloud Platform
(http://www.dsac.cn/Data/Product/Detail/1009). Whenever possible, e.g., for forest land and built
land, default parameters from the land use database were used in SWAT. eCognition Developer, an
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object-based tool for automatic analysis of remotely sensed data (http://www.ecognition.com/suite/
ecognition-developer), was employed to identify land use types that are typical for the area, e.g., tea
land and orchard land. Multiresolution segmentation was adopted for this purpose, with scope of
classification algorithms from sample-based nearest neighbor analysis. Every imagery object was
checked by visual interpretation, with verification by field observations at 100 separate sites in the
basin. The final land use classification map is shown in Figure S1 (see Supplementary Materials for
Figure S1).
Soil types and their physical properties were extracted from databases of the Nanjing Institute
of Soil Science and, when necessary, verified by field sampling to generate the map shown in Figure
S2 (see Supplementary Materials for Figure S2). Distributed rainfall data were collected from 54
rainfall gauges within the QLB (Figure 1). Daily streamflow data from two hydrological stations (Tunxi
and Yuliang, see Figure 1) were obtained from the Huangshan Hydrology Bureau and published in
Chinese Hydrological Yearbooks [32]. Monthly water quality data were from records of the Chun’an
Environmental Protection Bureau. TN data, expressed as the sum of different forms of nitrogen
including ammonia, nitrate, nitrite and organic N, were measured according to the National Surface
Water Quality Standard (GB 3838-2002) and obtained from the Chun’an Environmental Protection
Bureau, which also supplied precipitation and dry deposition data used to determine atmospheric
deposition of TN.
The Chun’an Environmental Protection Bureau and Chun’an County Statistical Yearbooks [33,34]
provided additional information for the model, including the locations of industrial and domestic
wastewater outlets and discharge from them. The spatial distribution of livestock production
facilities, their scales of production, and discharge from them was based on governmental monitoring
of wastewater streams. Supplemental Information about cropping systems, agronomic practices,
management decisions, and rural sewage treatment was obtained from detailed governmental
interviews with 487 farmers from 44 villages in the study region. Sewage in the QLB is collected
into centralized treatment facilities that discharge wastewater into nearby rivers, and thus for the
purpose of SWAT modeling, domestic, industrial, and animal agricultural pollution sources could be
generalized as point sources that discharge into point outlets.
2.3. SWAT Model Configuration
Soil data (Figure S2) were transformed into a modeling format by means of standardized definition
and interpretation of SWAT parameters, and discharge and associated TN loads from domestic,
industrial, and animal agriculture from each sub-basin were configured into the model as described
above. Source attribution of atmospheric N deposition was generalized as the single direct source of
pollution into water bodies as follows: deposition of ammonium (0.97 mg/L), deposition of nitrate
(0.73 mg/L), dry deposition of ammonium (0.434 kg/ha/yr), and dry deposition of nitrate (0.61 kg/ha/yr).
Information from field surveys of agricultural practices in the QLB was used to guide the
scheduling of cropland, tea land, and orchard management for the model. Cropland and orchards were
operated with heat unit scheduling, but because of its unique growth and management characteristics,
tea land was operated with date scheduling in Table S1 (see Supplementary Materials for Table S1).
Localized parameters for tea land were optimized on the basis of multi-year field measurements during
the growth season, as well as information obtained in similar areas of southeastern China, and then
manually assembled into the final input suite for the SWAT database (Table S1).
The previously used SUFI-2 algorithm was employed to analyze the sensitivity, calibration,
validation, and uncertainty of the SWAT model [35,36]. Three statistical indicators were utilized to
evaluate the model’s performance during calibration and validation: the coefficient of determination
(R2), which is an indicator of the goodness of fit between the observed and simulated results; the
Nash–Sutcliffe simulation efficiency (ENS), which determines the ability of the model to predict the
1:1 line of correspondence between the observed and simulated values; and PBIAS (Percent bias),
which measures the average tendency of simulated values to be larger or smaller than corresponding
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observed values [37,38]. Previously defined metrics of model performance were adopted. These assign
satisfactory, good, and very good performance to ENS values of 0.5, 0.65, and 0.75, and R2 values of 0.6,
0.7, and 0.8, respectively [39,40]. PBIAS values of ±25% and ±25% ≤ ±40% are considered to indicate
very good and good model performance for N, respectively. The corresponding values for streamflow
are ±10% and ±10% ≤ ±15%, respectively.
The SWAT model was used for simulations during the interval from 2003 to 2016. The first
four-year interval, from 2003 to 2006, was employed as a warm-up period to allow the streamflow
variables to reach a limited range of initial values (see Table S2 for details in Supplementary Materials).
Observed daily data from 2007 to 2012 were subsequently used for calibration and those from 2013
to 2016 for validation. N load simulations at the two sampling sites, e.g., Jiekou and Baqian, were
executed simultaneously, and iterations of the entire model were performed until satisfactory results
were obtained.
3. Results
3.1. Calibration and Sensitivity Analysis of the SWAT Model
Parameters such as cropping systems, fertilization protocols, and soil conditions can vary
significantly in different basins, with substantial impacts on modeling outcomes [15,18,41]. Appropriate
calibration with parameters that are optimized for the QLB is consequently important, especially for
tea, which is intensively managed, known to have undergone considerable expansion during the
study period, and recognized to be an important source of nutrient pollution [42,43]. Twenty-one
optimized SWAT parameters for tea land in the QLB are given in Table S2. Three crucial parameters
(Table 1) diverge significantly from those provided by the SWAT model for forest land and land used
for cultivation of other crops. This indicates that both maximum root depth and harvest index are
comparatively low for tea, but demand for N in seed is relatively high.
Table 1. Comparison of key Soil and Water Assessment Tool (SWAT) parameter values derived for tea
with those available for other crops grown in the QLB.
Parameter Definition Cropland Orchard Forest Land Tea Land
HVSTI Harvest index for land cover/plant[(kg/ha)/kg/ha)] 0.45 0.10 0.76 0.07
RDMX Maximum root depth for land cover/plant (m) 2.0 2.0 3.5 0.5
CNYLD Normal fraction of nitrogen in seed for landcover/plant (kg N/kg seed) 0.0199 0.0019 0.0015 0.0246
The most important and sensitive parameters during the calibration of the SWAT model were
groundwater (.gw), soil (.sol), basins (.bsn), and management (.mgt). In agreement with previous
studies, the moisture condition II curve of the soil conservation service (SCS) curve number method
(CN2) was the most sensitive parameter for streamflow [18,36]. This was also the key parameter for
runoff yield, as would be expected in a basin characterized by a hilly terrain, agricultural land, and
abundant rainfall. Other important parameters representing land-cover features were OV_N, CANMX,
HRU_SLP, GWQMN, SOL_AWC, TRNSRCH, and ALPHA_BNK. The most sensitive parameters
during calibration of TN loads included N source, transport process, and transformation. The most
sensitive nitrogen source parameters were RCN, CMN, SOL_NO3, and FRT_SURFACE, and the most
sensitive N transformation and transport process parameters were NPERCO, LAT_ORGN, ERORGN,
and BIOMIX.
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Overall attribution patterns of TN pollution sources are quite variable across the QLB (Table 2).
CN2, a function of land use and soil permeability and thus runoff yield, was the most sensitive
hydrological parameter for streamflow and TN output in the basin. Low calibrated values for the
initial nitrate concentration in the soil layer and for the N percolation coefficient provide evidence
that lateral flow in the shallow soil layer covering much of the basin’s steep topography is the main
pathway of TN loads. These observations are consistent with an earlier SWAT modeling effort that
was confined to the upper half of the basin in Anhui Province [44]. However, a small Manning’s ‘n’
value and low transmission losses (Table 2) indicate that, in contrast to findings of the earlier study,
surface and lateral runoff significantly affect TN transport and loss across the basin. We attribute
these differences to the larger, basin-wide scope of the current study area, which alters fundamental
topographic (Figure 1) and land use (Figure S1) relationships and includes soil types not prevalent in
the upper basin (Figure S2).






CN2.mgt (Forest land) Default SCS curve number for moisture conditions 35–98 97.9261
OV_N.hru Default Manning’s ‘n’ value for overland flow 0.01–30 0.9790
TRNSRCH.bsn Fraction of transmission losses partitioned to thedeep aquifer 0–1 0.0039
Nitrogen
RCN.bsn Concentration of nitrogen in rainfall 0–15 0.0412
NPERCO.bsn Nitrogen percolation coefficient 0–1 0.0020
SOL_NO3.chm Initial nitrate conc. in soil layer 0–100 27.5619
3.2. Validation of Streamflow and TN Loads
Distributed rainfall data, which are critical for understanding spatiotemporal dimensions of key
nutrient transport processes in hilly areas [45,46], exhibited strong annual variation, ranging from a
low of 1375 mm to a high of 2373 mm (see Figure S3 in Supplementary Materials). Significant annual
fluctuation with a coefficient of variation above 0.1 was recorded for the entire basin, and monthly
precipitation was, as expected, characterized by spatial heterogeneity [47]. Rainfall tended to rise
rapidly from May to June and decrease sharply from June to July. Average monthly rainfall peaked in
June (389 mm), which accounted for over 20% of the total annual accumulation (Figure S3).
Rainfall regulates streamflow and TN transport in the QLB, but other driving forces also occur,
and monitoring data are limited. Instead of simply relying on the coupling model [12,48], we applied
stepwise calibration and validation to the stimulation to optimize model performance in different
regions of the basin. TN data are available from the border between the two provinces at Jiekou and
from the basin’s outlet at Baqian; streamflow data are also available at Baqian and additionally from
two upstream stations at Tunxi and Yuliang (Figure 1). Following the warm-up period, the SWAT
model was consequently calibrated and validated for the variables available at each of these sites over
a decade-long interval from 2007 to 2016 (Figures 2 and 3).
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Figure 2. Observed and simulated daily streamflow values and monthly TN loads at the basin’s outlet
at Baqian.
 
Figure 3. Observed and simulated daily streamflow values at Tunxi and Yuliang, and observed and
simulated monthly TN loads at Jiekou.
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The correspondence between measured and simulated values for TN and streamflow at Baqian is
illustrated in Figure 2. Both variables are characterized by cyclical fluctuations, with annual maxima
during the summer rainy season. The TN peaks tend to be displaced to the right compared to
corresponding peaks for streamflow, likely because of differences in the frequency of measurement
(monthly for TN, daily for streamflow). There is some divergence between observed and simulated
TN levels during the peak flow periods of 2015 and 2016, both of which were wet years with extreme
rainfall events. R2 and NSE values (Table 3) are nevertheless indicative of the SWAT model’s good and
very good performance, respectively, during the calibration and validation periods [35,36].











ENS 0.92 0.91 0.65 0.68
PBIAS −14.4% −12% −18.1% 1.3%
R2
Yuliang 0.95 0.95 Jiekou 0.75 0.71Tunxi 0.98 0.97
ENS
Yuliang 0.94 0.92 Jiekou 0.74 0.62Tunxi 0.97 0.93
PBIAS
Yuliang 9.9% 2.1% Jiekou 14.6% 22.6%Tunxi 8.9% 1.5%
The SWAT model was also calibrated and validated at sites above the lake and distant from the
outlet at Baqian. Observed monthly streamflow at Tunxi and Yuliang was much lower than that at the
basin’s outlet, and the model accurately simulated this parameter (Figure 3), i.e., the performance of
the simulation model at Tunxi and Yuliang was rated as very good according to all three statistical
measurements (Table 3). In comparison, performance for streamflow at Baqian was rated as very good
by the R2 and NSE statistics and good by the PBIAS statistic. The model was somewhat less accurate
in simulating TN levels at Baqian and Jiekou, especially during the validation period, when TN levels
tended to be underestimated (Figure 3). Nevertheless, with just one exception (the NSE statistic at
Jiekou during the validation period), model performance at these two sites was uniformly rated as
good to very good, indicating that overall model performance was satisfactory.
3.3. Spatiotemporal Patterns of TN Loads and Yields
TN loads over the interval from 2007 to 2016 at the outlet of the QLB are strongly correlated
with variations in average rainfall in the basin, both when measured annually (Figure 4A) and
monthly (Figure 4B). This indicates that rainfall trends are key drivers of N discharge. TN loads
spiked early in the annual fertilization cycle, which begins in March, and reached a maximum in
June, when precipitation was also greatest and the risk of erosion highest. Precipitation and TN loads
declined thereafter.
The mean annual TN load of the basin was 11,474 t, as calculated from simulations spanning the
period 2007–2016. This corresponds to an overall mean TN yield of 1.1 t/km2/yr. The TN point sources
that were generalized into three categories for simulation with the SWAT model jointly accounted
for 44% of the annual TN load in the basin. The contribution of industrial sources was negligible
in comparison to that of domestic sewage and livestock production, which accounted for nearly
equivalent amounts of TN loads to the basin (Figure 5A). In addition, nearly 6% of the total could be
attributed to atmospheric deposition, with other non-point sources of TN accounting for the remaining
half of TN loads in the basin. On a percentage basis, the most important of these sources were cropland
and tea land, followed by forest land and orchard land (Figure 5A). These relationships obscure the fact
that intensively fertilized tea land contributes 30 times as much TN as forest land does when expressed
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in terms of annual TN yields per km2 (Figure 5B). Other agricultural land, including orchards and, to a
lesser extent, cropland, also account for disproportionate amounts of non-point source TN pollution
when measured this way.
 
Figure 4. Annual (A) and monthly (B) variations in precipitation and TN output from the QLB during
the interval from 2007 to 2016. Precipitation values were averaged from measurements at 54 sites across
the basin, and TN output was measured at the basin’s outlet at Baqian.
 
Figure 5. (A) Simulated annual contributions of point and non-point sources of pollution to TN loads,
as expressed as percentages of the total. (B) Simulated annual contributions of non-point sources of
pollution, expressed on a per unit area basis, i.e., as TN yields. The yellow bar gives the mean for all
land use types.
The spatial patterns of TN loads and TN yields in each of the 96 sub-basins of the QLB are
mapped in Figure 6. Upstream sub-basins in Anhui Province jointly account for 70% of the basin’s
TN loads, but significant sub-basin to sub-basin heterogeneity is obvious, and several hotspots are
apparent (Figure 6A). The largest of these lies near the Huangshan City urban core. Downstream
riparian areas near the lake also emit significant TN loads, but most sub-basins in Zhejiang Province
are relatively minor contributors (Figure 6A). A different pattern emerges when TN yield is considered
(Figure 6B). The highest such yields are from a single cluster of sub-basins, and their magnitude tends
to progressively diminish with distance from this hotspot. TN yields in other sub-basins, including
those near the lake, are generally low. A few additional areas of high TN yield are nevertheless evident,
including one near the rapidly urbanizing tourist area in Zhejiang Province’s Chun’an County.
131
Water 2020, 12, 1075
 
Figure 6. Spatial distribution of annual (A) TN loads and (B) TN yields among the sub-basins of the
QLB. The locations of the urban core of Huangshan City (black dots) and Chun’an County (purple
dots) are indicated.
3.4. Sources and Spatial Dynamics of TN Entering the Main Reach of the Xin’anjiang River
Optimization of pollution management requires as much spatiotemporal understanding as
possible about sources and transport of pollutants. We consequently used detailed information about
TN loads and yields in the sub-basins of the QLB to simulate sources, transport, and entry points of
TN pollution into the main stem of the Xin’anjiang River. Figure 7 relates average annual contributions
of different pollution sources of TN to their entry along the river’s pathway through the QLB. Almost
no TN enters the upper 45% of the river’s course, but thereafter, three distinct surges of TN become
evident. The first, which accounts for 25% of the total TN pollution entering the river (Figure 7),
is at Tunxi (location 154.6 km; see Figure 1). Increased discharges of TN from agriculture, especially
livestock production, predominate at this site and account for the majority of the surge.
 
Figure 7. Average annual contributions of point and non-point sources of TN pollution along the main
reach of the Xin’anjiang River.
A second, even sharper surge in TN is at location 188.7 km, near a tributary that flows through the
municipalities of Shexian and Huizhou (both part of Huangshan City) and nearby highly populated
areas before entering the Xin’anjiang River. Significant increases in TN attributable to domestic sewage
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are evident at this site. Downstream TN pollution from all sources then increases gradually until a third
surge appears at location 287.1 km in Zhejiang Province. Elevated TN discharge from highly erodible
forested slopes [2], and to a lesser extent from domestic sewage and orchard, are major contributors to
the increase at this location. Distinct spatial patterns of TN release from plant-based agriculture are
clearly evident along the course of the river. Thus, the accumulation of TN from cropland and tea land
reaches its near maximum before the Xin’anjiang River flows out of Anhui Province, but most of the
TN accumulation from orchard land occurs later, as the river flows through Zhejiang Province.
Delivery of TN from non-point sources to the Xin’anjiang River can follow three general pathways:
lateral flow, groundwater, and surface flow. The contributions of these pathways to TN accumulation
in the river are visualized in Figure 8, which reveals four significant surges of TN from non-point
sources and identifies spatially explicit contributions of lateral flow, groundwater, and surface water.
The first surge, at Tunxi (location 154.6 km), is primarily attributable to increases from surface flow and
groundwater, but the second, at location 208.3 km, is primarily attributable to increases in lateral and
surface flow. The third and fourth surges peak at Jiekou, on the border between the provinces (location
243.7 km) and within Zhejiang Province (location 287.1 km), respectively. Almost all of the incremental
increase at both of these locations is contributed by lateral flow, which ultimately accounted for nearly
two-thirds of TN transport in the river.
 
Figure 8. Average annual contributions of non-point sources of TN pollution along the main reach of
the Xin’anjiang River.
The monthly dynamics of TN discharge from non-point sources via groundwater, surface flow,
and lateral flow (Figure 9) generally correspond to monthly rainfall (Figure 4). Release of TN is most
significant from February through August and sharply reduced during the other months, when TN
from groundwater and surface flows become insignificant. Lateral flow and surface flow transport
roughly equivalent amounts of TN during the period of peak movement, except for February and
March, when lateral flow predominates and exceeds the contribution from surface flow by three to
four-fold. Groundwater movement of TN, on the other hand, increases progressively during this same
period, but is of minor significance compared to the other two pathways.
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Figure 9. Monthly dynamics of TN movement via three different non-point source routes.
4. Discussion
4.1. Spatio-Temporal Dynamics of TN Transport
The QLB is characterized by hilly topography, diverse, rapidly intensifying agricultural production,
and several urban areas where domestic and industrial activities are concentrated [25,31]. It is no
wonder, then, that nutrient pollution in the basin is governed by dynamic upstream to downstream
transport processes that are spatially and temporally heterogeneous and poorly understood [24,49]. It
has been known for several decades that these factors have seriously compromised water quality in the
basin [27]. China’s first transboundary Payment for Ecosystem Services (PES) plan was consequently
established in the QLB in 2012 [50,51]. Although this scheme has generated significant investment to
reduce nutrient pollution entering the lower basin from Anhui Province, many fundamental questions
persist, and water quality in the Xin’anjiang River and Qiandao Lake remains at risk [31,52].
Here a modeling approach scaled to the entire QLB was employed to understand the spatiotemporal
dynamics of TN, a key polluting nutrient in both hilly [44,49,53,54] and lowland basins [55,56].
We establish that TN from point sources, which is almost equally attributable to livestock production
and domestic sewage, accounts for nearly half of the aggregate TN loads in the basin. Both of these
point sources are longstanding targets for mitigation under the PES plan [51]. On the other hand,
seasonal surface and lateral flows from non-point sources account for the majority of TN loads in
the QLB, with crop, tea, and orchard lands together comprising nearly 40% of the total. The yield
of TN from tea land exceeds that from other crop types, and although crop production is declining
in the area [57,58], tea cultivation is rapidly expanding, both in the QLB and in other nearby basins
with similar topography [27,31,59,60]. This is important because agricultural fertilizers are commonly
applied in excessive amounts to tea and other intensively managed crops in the basin, especially the
upper basin in Anhui Province [59–63].
In general, incremental contributions of TN from non-point sources in the lower basin rise
modestly and proportionately to one another, but disproportionately high contributions are evident
from forest land and orchards in Zhejiang Province [31,59]. The dynamics differ, however, because
forest land contributes high TN loads but low TN yields, but the situation is reversed with orchard
land, which contributes low TN loads but high TN yields. The significant degree of forest coverage in
the QLB contributes to high TN loads [27], but slope and erosion are also major factors. The mean
slope of the study area is 24.9◦, and the area proportions of slopes < 10◦, 10◦–20◦, 20◦–25◦, 25◦–30◦, and
>30◦ are 22%, 13%, 9%, 12%, and 44%, respectively. Sediment loss from such highly erodible forested
slopes in the QLB is known to be substantial [44], and the importance of these sediments in the release
of TN is documented [57]. In contrast, orchards are currently a minor but growing land use category in
the QLB. Our data underscore the need for further study of their role in nutrient pollution in the basin.
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Not all sub-basins in a given catchment contribute equally to nutrient loads, even if they are
similar [55,56,64]. Nutrient runoff is known to be sensitive to mountainous topography and abundant
annual rainfall in eastern China [44], and the differential influence of steeper and flatter lands on
seasonal variation of nutrient loads is well documented [55,56]. We found that sub-basin to sub-basin
heterogeneity in TN loads and yields was pronounced across the QLB, where four clustered sub-basins
located upstream in Anhui Province stand out as a hotspot, because of their extensive and intensive
contributions to TN pollution. These adjacent sub-basins deliver high annual TN loads ranging from
423 to 576 t and correspondingly high TN yields that can be as high as 5.3 t/km2/yr. Similar TN
loads characterize a few other areas of the QLB, including the large sub-basin surrounding Qiandao
Lake, where the annual contribution is 464 t. TN yields in these areas are nevertheless modest
(just 0.4 t/km2/yr in the case of the sub-basin surrounding Qiandao Lake).
There are two important practical reasons to assign significance to pollution hotspots such
as those identified here in the QLB. First, hotspots represent priority areas for detailed analysis
of factors that contribute to TN pollution, e.g., soils, land use patterns (including legacy effects),
agronomic management procedures, and topographical features such as hillslopes and streams that
affect movement of nutrients [65–71]. Second, hotspots are locations where efforts to control pollution
are likely to be most efficient and have the greatest impacts [31,59]. Knowledge of their location and
characteristics is especially relevant in the QLB, where significant ongoing investments are underway
to reduce transport of TN into Qiandao Lake [72,73].
Although pathways of nutrient transport have been examined in the QLB [10,27] and other hilly
areas of eastern China [74–76], the proportion of pollution contamination from surface flow, sub-surface
flow, and groundwater is difficult to monitor in field experiments [77]. Physical-based modeling
with multivariate correlated data as employed here is consequently useful, because it can spatially
resolve the relative contributions of TN transport processes. These dynamics are illustrated with
the Xin’anjiang River, where, for example, modeling revealed that TN loads from nonpoint sources
doubled over a distance of less than 10 km (between locations 146.2 and 154.6 km, see Figure 8).
Although groundwater was a relatively significant transport component at this location, surface and
lateral flow assumed increasing importance as the river flowed downstream, such that the overall
significance of groundwater was eventually marginalized.
The relative contributions of lateral and surface flow to TN also changed as the river flowed
downstream, i.e., the incremental contribution of lateral flow rose continuously after the river passed
beyond location 154.6 km, but that of surface flow nearly ceased before the river entered Zhejiang
Province at location 243.7 km. Thereafter, almost all incremental increase in TN was due to lateral flow,
which would be expected to be significant in this area, which is characterized by dense agriculture
and disturbed soils capable of enhancing such flows. The above insights from basin-wide analysis
underscore the importance of this perspective, which can amplify more detailed information obtained
from narrowly focused studies of sub-basins [27].
4.2. The Basin’s N Cycle and Implications for Pollution Management
Figure 10 shows the integrated N cycle for the QLB as simulated by the SWAT model used here.
Net N intake is assigned to three non-point sources (in decreasing order of magnitude: fertilizer,
N stored in the soil, and atmospheric deposition) and three point sources (in decreasing order of
magnitude: domestic sewage, livestock production, and industrial sewage). The most significant N
outlet in the terrestrial area consists of processes associated with plant growth, e.g., N removal via
harvest of agricultural crops, but processes such as ammonia volatilization, denitrification, and the
return of N from plant litter to the soil are also important [78]. Thirteen percent of N from non-point
sources in the basin is discharged into water bodies (Figure 10). This amount exceeds that discharged
from point sources in the QLB and on a percentage basis, it is much greater than the 1.8%–4.5%
determined earlier in a nearby low hilly basin with humid climate [79]. Entry of N from non-point
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sources thus represents a major environmental concern, even though nearly one-quarter of the N is
removed from the basin’s waterways during transport.
 
Figure 10. Diagrammatic representation of the area-averaged N budget of the QLB during the period
from 2007 to 2016. Blue arrows represent net N inputs and pink arrows represent net N outlets and
in-basin consumption. Note that rainfall N deposition here represents all deposition from every land
use across the basin, including the water body component.
Key parameters of streamflow and N transport (Table 1), as well as the relatively small Manning
‘n’ value, the percolation coefficient, and transmission loss to the deep aquifer (Table 2), highlight the
significance of subsurface flow in the QLB. Such flow is facilitated by shallow soils and frequent heavy
rainfall events in basins with steep topography and convex hillsides [80], and it represents the main
N delivery pathway and thus the principal target for reducing N pollution in the QLB. Consistent
with the view that agricultural land and associated N fertilizer inputs are key factors for protecting
aquatic environments [10,27,81,82], the control of N pollution in the QLB and similar basins currently
emphasizes reduced fertilization, application of controlled-release fertilizers, construction of waste
water treatment plants, collection of livestock sewage, and restriction of agricultural development [83].
On the basis of SWAT modeling, a strategy which has previously been employed to identify ways
to reduce pollutant loads in other regions [84,85], we suggest a shift from controlling N loads to a
targeted and comprehensive strategy emphasizing N distribution and transport processes.
Our SWAT analysis draws attention to two key factors for nutrient management in the QLB. The
first is temporal and indicates that processes occurring during the period before June, especially those
that influence subsurface flows in March, are crucial for annual N output. The second is spatial and
emphasizes the importance of hotspots in the basin that contribute disproportionately to N outputs.
These factors underscore the importance of restriction of agriculture on steep slopes—especially
intensive agriculture that often relies on heavy applications of fertilizers in the spring. They also
highlight the need for effective sewage collection—especially strategies that minimize N in tail water
discharge, a goal that has proved elusive in the past [2,27,44].
Lakeside buffers [86,87], maintenance of high fractional vegetation cover [88,89], and construction
of ponds to slow water movement and intercept nutrients [60] during the rainy season would
undoubtedly reduce N loss in the QLB. The health of the basin’s riparian and aquatic ecosystem could
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be further improved by adopting soil and water conservation strategies such as the restoration of
vegetation and construction of wetlands. A third option involves the establishment of an ecological
interception system to disrupt the N delivery pathway from subsurface flow to the lake and the basin’s
major waterways. Measures such as vegetative filter strips and ecological interception ditches would
exploit chemical and biological mechanisms of self-purification and N retention to promote effective N
reduction in the ecosystem [31,59,90].
5. Conclusions
Complex topographical conditions, varying climatic factors, and intensive anthropogenic activities
exacerbate N pollution in hilly basins with monsoon climate. Understanding of source apportionment
and spatiotemporal dynamics of N distribution and transportation is consequently vital for formulating
reasonable strategies to ensure comprehensive water quality management in these basins. The
physical-based SWAT model was utilized in this study to simulate the drivers and transport process of
N, so that effective nutrient management of the QLB can be facilitated. Three main conclusions can
be drawn.
First, optimization of localized model parameters suitable for hilly areas with monsoon climate
enables the SWAT model to provide reliable estimates of N loads in the basin. The model confirms
that, owing to the shallow soil layer and intensive rainfall, N loss from subsurface flow in the period
before rainy season is the main driver of the N transport process. Complex terrain and severe rainfall
heterogeneity enhance the complexity of the problem.
Second, non-point sources are the major contributors to N loads across the QLB, with cropland,
tea land, and the basin’s extensive tracts of highly erodible forest land accounting for 18%, 15%, and
10% of the TN loads, respectively. Major point sources include domestic sewage (21%) and livestock
production (20%). The basin is characterized by the existence of hotspot sub-basins of high TN
yield, non-uniform loading of TN along the reach of the Xin’anjiang River, and spatially determined
variability in the relative contributions of different transport processes to TN movement.
Third, physical-based modeling suggests that N pollution control in the QLB can be made more
comprehensive and efficient. Upstream to downstream analysis of the N transport pathway highlights
the need not only to construct more wastewater treatment plants in areas identified here as sites of high
domestic and industrial pollution, but also to increase their operational efficiency. In addition, soil and
water conservation practices should be targeted to areas identified here with intensive agriculture and
high TN yields. Insights from this study thus are likely to aid regional management of the QLB and
provide a framework for similar monsoon basins elsewhere.
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Abstract: Deficit analysis—which principally deals with the question “how big are the gaps between
current water status and good ecological status?”—has become an essential element of the river basin
management plans prescribed by the European Water Framework Directive (WFD). In a research
project on behalf of the Ministry of Energy, Agriculture, the Environment, Nature and Digitalization
Schleswig-Holstein (MELUND), a deficit analysis based on distributed results from the water balance
and phosphorus emission model system GROWA-MEPhos at high spatial resolution was performed.
The aim was, inter alia, to identify absolute and relative required reduction in total phosphorus
at any river segment or lake within the state territory as well as to highlight significant emission
sources. The results of the deficit analysis were successfully validated and show an exceedance of
the phosphorus target concentrations in 60% of the analyzed subcatchments. Statewide, 269 tons
of phosphorus needs to be reduced yearly, which corresponds to approximately 31% of the total
emission. Detailed data as well as maps generated by the deficit analysis benefit the planning and
implementation of regionally efficient measures, which are indispensable with regard to meeting the
environmental quality objectives set by the WFD.
Keywords: deficit analysis; phosphorus; inland surface waters; Water Framework Directive; LAWA;
Schleswig-Holstein
1. Introduction
With the European Water Framework Directive (WFD) 2000/60/EC, the European Union is pursuing
a holistic protection and utilization concept for European waters. The fundamental aim is to establish
good ecological status in natural waters and good ecological potential in “heavily modified” and
“artificial” waters. To achieve this objective, the EU Member States are obliged to draw up river basin
management plans at regular intervals. The management plans must contain, inter alia, a summary of
significant pressures and impact of human activity on water status, a map of established monitoring
networks and results of monitoring programs carried out as well as a summary of binding measures
required [1].
In order to properly target their programs of measures, Member States need to identify how
measures can be combined in the most cost-effective way to close the gaps between current water status
and good ecological status [2]. A deficit analysis—which principally deals with the question “how big
are the gaps between current water status and good ecological status?”—needs to be carried out to
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determine what has to be done to meet the objective, how much time it will take and who will bear the
expenses [2,3]. Furthermore, exceptions due to technical impracticability or disproportionate costs can
only be duly justified on the basis of this analysis [2]. Further, even where derogations are justified,
Member States must ensure that measures are taken to achieve the closest possible approximation to
the objective [2]. Acknowledging the importance of the deficit analysis in measure planning processes,
the German Working Group on water issues of the Federal States and the Federal Government (LAWA)
developed a guidance document for a harmonized approach in the context of nutrient management [3].
The LAWA proposes that the deficit analysis should be carried out for river basin districts as well
as their hydrological subareas and not only on basis of nutrient concentrations, but also based on
nutrient loads. Monitoring, modeled data or a combination of both can be used in a deficit analysis.
Furthermore, for each deficit identified, significant emission sources should be highlighted.
Due to the federal political structure in Germany, the 16 German states are responsible for the
implementation of the EU Directives in the water sector [4]. In Schleswig-Holstein, the input of
phosphorus into surface waters presents a substantial problem [5]. The physicochemical conditions
of surface waters in the state were assessed in 2017 on the basis of monitoring data. The assessment
revealed that approximately two-thirds of the river water bodies in Schleswig-Holstein do not comply
with the orientation values for total phosphorus, which are stipulated in Annex 7, Ordinance on the
Protection of Surface Waters 2016 (OGewV 2016). This result exerts a great pressure on the responsible
water management institutions.
Although the results of the monitoring can be used to calculate the distance to good ecological
status as a concentration, mg/L, information as the load in tons per year or information about the most
significant emission paths are not feasible. It should also be noted that, due to the lack of measurements,
some river segments had to be assessed on the basis of neighboring water bodies. Since monitoring data
are not available in sufficient quantities for every water body in Schleswig-Holstein, it is advantageous
to take model results into account. A prerequisite is that the models are implemented consistently and
comprehensively at the state level and all the relevant diffuse and point source inputs are considered.
The high-resolution model results by Tetzlaff et al. [6] fulfill these requirements and therefore can be
taken into consideration.
Against this background, the main objective of this paper is to develop a method to perform a
deficit analysis according to the LAWA for the entire federal state of Schleswig-Holstein based on
available data and model results. Inter alia, the following results are to be achieved:
• Absolute and area-specific phosphorus loads for each subcatchment;
• Maximum and second-highest input path from a comparison of all paths;
• Percentage shares of point and diffuse sources for each subcatchment;
• Expected phosphorus concentration in each subcatchment;
• Absolute and relative required reduction in mg/L, t/yr or % for each subcatchment in order to
meet the orientation values according to OGewV;
• Number of subcatchments which do not achieve good ecological status, statewide and for each
river basin district;
• Required reduction statewide and for each river basin district. Results of the deficit analysis are
also available for more detailed units such as planning units (Planungseinheiten) and subbasin
areas (Bearbeitungsgebiete). In order to keep this paper short and easily readable, these results
will not be included but can be provided if necessary.
The research works have been carried out by the authors in a project on behalf of the Ministry of
Energy, Agriculture, the Environment, Nature and Digitalization Schleswig-Holstein (MELUND).
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2. Methods
2.1. Study Area
The Federal State of Schleswig-Holstein is located in Northern Germany and comprises a total
area of 15,800 km2, with a population of 2.9 million and a population density of 183.7 inhabitants
per km2 (2019).
Schleswig-Holstein is characterized by a dense network of streams and rivers, which sum up
to a total length of approximately 30,000 km, as well as a large number of natural lakes. Typical
for Schleswig-Holstein are streams with small catchment areas, low gradients and a short flow path
towards the nearest lake or sea. Most of the streams are no wider than 2 m. Larger river systems are
Treene, Eider, Stör, Trave, Füsinger Au and Schwentine [7]. Approximately 300 natural [8] and a few
artificial lakes located along the North Sea Coast encompass an area of more than 350 km2, which
makes up more than 2% of the state area.
Schleswig-Holstein is divided into three river basin districts, Elbe, Eider and Schlei/Trave [9],
as well as three natural regions, “Marsh” (on the North Sea coast), “Geest” (in the state interior)
and “Morainic Uplands” (in the east) [10] (p. 8). Approximately 69% of the state area is used for
agriculture. Arable land (46%) is widely distributed in all parts of the country, while grassland (23%) is
strongly limited to the “Marsh” as well as lowlands and floodplains. Special crops play a minor role in
comparison to other agricultural land use types.
2.2. Methods of the Deficit Analysis
The deficit analysis makes use of available spatially distributed results on mean annual discharges
and mean phosphorus emissions in tons per year for ten different pathways, which were modeled
in a previous research project on behalf of MELUND (2010–2014) [6]. The main idea is to determine
long-term phosphorus concentrations at any river segment or lake in Schleswig-Holstein and compare
them with orientation concentrations for achieving good ecological status according to OGewV 2016.
In a first step, modeled phosphorus loads and long-term modeled annual discharges were assigned
for each of the LAWA subcatchments, which represent the smallest existing subdivision of a river
basin according to the rules written by the LAWA [11]. This was performed in GIS based on spatial
relationships. Subsequently, the modeled phosphorus loads and discharges were summed up from
upstream to downstream subcatchments based on their hierarchy, which can be decoded from the
hydrological area register Schleswig-Holstein. The modeled phosphorus concentration in the river
segment of each subcatchment was then derived as the quotient of the total load and the total discharge.
If the calculated concentration is higher than the orientation value, the required reduction in mg/L
is calculated as the difference between these two values. In order to obtain the absolute required
reductions in tons per year, the required reductions in mg/L are multiplied by the total discharges.
The reduction amount can also be expressed as a relative percentage. The methods described are
illustrated in the example below.
Figure 1 shows a total of three subcatchments (CA). Following the river flow directions,
subcatchments 1 and 2 are upper basins and both drain into subcatchment 3. The phosphorus
loads in t/yr arising from individual subcatchments are marked as P1, P2 and P3. Q1 to Q3 characterize
the average annual discharges in mm/yr (or m3/yr) originating from the respective subcatchments 1 to
3. A specific phosphorus orientation value in mg/L based on the characteristics of the water body was
taken from OGewV 2016 and assigned for each subcatchment. Since subcatchments 1 and 2 are also
basins without loads from upstream, the total loads and total discharges (subscript k, considered all
upstream subcatchments) correspond to their own loads and discharges: P1,k = P1 and Q1,k = Q1 as
well as P2,k = P2 and Q2,k = Q2. For subcatchment 3, the total phosphorus load is calculated as:
P3,k= P1+P2+P3 (1)
and the total discharge, respectively:
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Q3,k= Q1+Q2+Q3 (2)







Figure 1. Example for the deficit analysis (CA: subcatchment, P: phosphorus load, Q: annual discharge,
and OV: phosphorus orientation value).
The LAWA recommends that phosphorus retention and release in lakes should be taken into
account, as neglecting such processes can lead to incorrect calculation of the concentration in the
outflows and therefore the required reduction amount. However, the phosphorus cycle in lakes is
complex and usually requires a large number of temporally and spatially high-resolution parameters,
e.g., sedimentation rates, kinetic coefficients or diffusion coefficients of different layers of the water
column, etc. Due to the availability of data, only phosphorus concentrations in lakes could be estimated
based on inflow phosphorus loads. In a lake subcatchment numbered j, the phosphorus concentration
is estimated using the formula according to Vollenweider and Kerekes [12] (Equation (4)). The retention
and release processes, which possibly affect the lake outflows were neglected in this study due to





















TWj = theoretical water retention time [yr], and
zj = average depth of the lake [m].
If the determined concentration Ci or Cj is higher than the orientation value OVi or OVj, respectively,
there is a need to reduce the phosphorus loads (Figure 2).
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Figure 2. Methodological approaches of deficit analysis in the context of nutrients, according to
the guidance of the German Working Group on water issues of the Federal States and the Federal
Government (LAWA) [3]. Instead of measured values, modeled values are used as discussed in the
introduction chapter.
An important indicator in terms of nutrient loads according to the LAWA [3] is the number of
water bodies that are not in a good ecological status. The deficit analysis carried out in this paper
indicates the number of subcatchments in which the river segments or lakes do not achieve good
ecological status, statewide as well as for each of the river basin districts.
A further important question is how much of the phosphorus load each river basin district has
to reduce. This is also subject of the deficit analysis. The calculation of the total reduction for each
unit is explained using the example below. Assuming that there are n river subcatchments and m lake



















for Ci > OVi and Cj > OVj with Aj is the area of the lake.
Equation (5) applies under the assumption that each individual subcatchment complies with the
orientation value on the basis of its own phosphorus load and its own discharge. As a result, neither
negative reductions nor “dilution effects” are taken into consideration.
In addition to the phosphorus concentrations and the amount of reductions that may be necessary,
further results are provided by the deficit analysis. Information and maps of the absolute and
area-specific phosphorus loads for each subcatchment—from individual subcatchments as well as from
all upstream areas inclusive (as a sum value or broken down by paths)—can serve to identify hotspots.
Furthermore, the maximum and second-highest phosphorus input path for each subcatchment can be
highlighted. In the context of an integrated and holistic river basin management approach followed by
the WFD, these results enable a more targeted planning of measures.
2.3. Input Data for the Deficit Analysis
Table 1 provides an overview of the input data required for the deficit analysis. These include,
among others, the phosphorus emission over all input paths, the average annual discharge, the
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information on the hierarchy between subcatchments as well as the orientation values according to
OGewV 2016. All data must be fully available for each subcatchment.
Table 1. Input data for the deficit analysis.




Schleswig-Holstein (GFV) decoding based on [11]
total and agricultural area
of subcatchments
GFV, Integrated Administration and
Control System (InVeKoS 2011) derivation in GIS
information relating to
river basin districts
State Agency for Agriculture,
Environment and Rural Areas
Schleswig-Holstein (LLUR)
transfer to subcatchments
lake information expert information system for watermanagement: lakes transfer to lake subcatchments
average annual discharge water balance model GROWA [6] spatially intersecting in GIS
phosphorus emission phosphorus emission model MEPhos [6] spatially intersecting in GIS
type of surface water body GFV, database of surface water bodycharacteristics
link column SH_CD_WB from GFV
to surface water body database
orientation value OGewV 2016, LLUR (Table 2) transfer to subcatchments based onthe type of surface water body
2.3.1. The German Catchment Coding System and the Hydrological Area Register Schleswig-Holstein
The German catchment coding system was firstly established in 1970 by the LAWA and updated
two times, in 1993 and 2005 [11]. The numbering is executed from the source of the river to its mouth.
Thus, the system is hydrology based and highly hierarchical. Every catchment can be subdivided
into 9 subcatchments. Every subdivision of a catchment into subcatchments introduces a new digit,
where an odd digit indicates the intercatchment areas along the main river and an even digit implies
tributary catchments. The greater the number of digits, the more detailed the subcatchments. The latest
version of the hydrological area register Schleswig-Holstein comprises 6428 subcatchments with a
maximum digit number of 9, which is equivalent to the 9th level of subdivision. The average size of
each subcatchment is approximately 2.5 km2. A few subcatchments, which have the same coding
numbers and further attributes, e.g., orientation value, are merged together.
For each of the subcatchments, the direct downstream basin was determined based on the
described LAWA regulations. In order to check the correctness of the derived drain directions, a further
routine was developed and implemented, which can identify and graphically illustrate codings, which
do not comply with the guideline written by the LAWA [11]. These issues were discussed in several
stages with the State Agency for Agriculture, Environment and Rural Areas Schleswig-Holstein (LLUR)
and corrected where necessary.
Within the framework of this study, the focus lies on inland waters or, to be more precise, on
inland rivers and lakes. Coastal and transitional water bodies are not part of the work and therefore
were removed from their subcatchments (Figure 3). The remaining parts of the cut-off subcatchments
are treated as outflows into the sea and are assigned river orientation values. Consequently, the state
area of Schleswig-Holstein can be completely taken into account.
After all the above-mentioned processing steps, instead of 6428, 6407 subcatchments are available
for the state of Schleswig-Holstein.
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(a) (b) (c) 
Figure 3. Removal of the coastal water bodies from the subcatchments using the example of the river
Schlei: (a) original subcatchments; (b) coastal water bodies (blue); (c) cut-off subcatchments.
2.3.2. Average Annual Discharge Modeled with GROWA
GROWA [13] is a grid-based empirical water-balance model that was developed, calibrated
and validated for central-European site conditions. GROWA conceptually combines distributed
meteorological data (precipitation and potential evapotranspiration) with distributed site parameters
(land use, soil properties, slope gradient and exposure, mean depth to groundwater) to calculate
long-term annual averages of water-balance components [14]. During the last 17 years, GROWA has
been applied and successfully used for various water management issues at different scales, from
national, i.e., in Lower Saxony [15], Hamburg Metropolitan Region [16], North Rhine-Westphalia [14],
etc., to international, i.e., Greece [17] and Slovenia [18].
The statewide average annual discharge was determined with the GROWA model for the period
1971–2000 in the framework of the research project “Regional differentiated modeling of nutrient inputs
into groundwater and surface waters in Schleswig-Holstein” on behalf of MELUND [6]. The result
was successfully validated [6] (p. 120) and is available as a high-resolution raster of 25 m × 25 m [6]
(p. 112). The highest values partly exceeded 400 mm/yr and can be observed in the “Geest” region.
As the annual precipitation decreases towards the east, the total discharge falls to values of 100 to
200 mm/yr at a maximum.
2.3.3. Phosphorus Emission Modeled with MEPhos
The MEPhos model is based on an area- and pathway-differentiated emissions approach [19].
The model uses a modular structure to quantify the mean long-term phosphorus inputs separately for
different pathways. While entries from municipal sewage treatment plants and industrial effluents are
considered as site specific using point data, entries by rainwater sewers and combined sewer overflows
are calculated integratively for subcatchments of 10–520 km2 in size [20]. Within MEPhos, diffuse
phosphorus entries via artificial drainage, groundwater outflow, interflow, erosion and wash-off are
modeled based on phosphotopes [20]. Phosphotopes are regarded as homogenous types of subareas
representing discontinuous source areas for non-point phosphate inputs. Analogous to hydrotopes,
phosphotopes include a set of parameters that control the phosphorus emissions, e.g., soil types,
land use or hydraulic connectivity to surface waters, etc. By means of MEPhos, differentiated
phosphorus emissions in Schleswig-Holstein were modeled and successfully validated [6] (p. 168).
The highest phosphorus input into surface waters originates from artificial drainage (371 t/yr), followed
by municipal sewage treatment plants (145 t/yr), groundwater outflow (136 t/yr), rainwater sewers
(82 t/yr), erosion (70 t/yr), deposition (38 t/yr), small sewage treatment plants (37 t/yr) and industrial
effluents (19 t/yr). Inputs via interflow and wash-off are considerably lower and amount to 5 and 2 t/yr,
respectively. All the results are available as high-resolution datasets.
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2.3.4. Phosphorus Orientation Values for Surface Waters
Phosphorus orientation values for achieving good ecological status vary depending on the type of
water body and are defined in OGewV 2016 (Table 2).





Rivers 14 Small sand-dominated lowland rivers 0.1
15 Mid-sized and large sand and loam-dominatedlowland rivers 0.1
16 Small gravel-dominated lowland rivers 0.1
17 Mid-sized and large gravel-dominated lowlandrivers 0.1
19 Small streams in riverine floodplains 0.15
20 Very large sand-dominated rivers 0.1
21_N Lake outflows in the North German lowlands 0.1
22.1
Marshland streams with catchments almost
completely inside the marshes, which flow directly
into the North Sea or lower reaches of large rivers
0.3
22.2 Marshland streams with catchments in groundmoraines of young and old moraine landscapes 0.3
22.3 Very large marshland rivers (only Elbe and Weser) 0.3
77 Kiel Canal 0.15 (in agreementwith LLUR)
Lakes 10.1 Lowland layered lakes with relatively largecatchment area 0.0325
10.2 Lowland layered lakes with relatively largecatchment area 0.037
11.1 Lowland polymictic lakes with relatively largecatchment area 0.04
11.2 Lowland polymictic lakes with relatively largecatchment area 0.045
12 Lowland river-like lakes 0.075
13 Lowland layered lakes with relatively smallcatchment area 0.03
14 Lowland polymictic lakes with relatively smallcatchment area 0.037
99 Artificial lakes located along the North Sea Coast Not considered as ingood condition
By means of the processing method presented in Table 1, the orientation values can be assigned to
each of the subcatchments. Their spatial distribution is illustrated in Figure 4.
It should be noted at this point that a wide range of methods are currently being used by Member
States of the European Union for deriving nutrient thresholds to support good ecological status in
surface waters [21]. As a consequence, thresholds vary greatly among countries, even for similar water
body types and in some cases show more than a 10-fold difference in concentrations [21,22]. Poikane
et al. suggest that nutrient criteria should be derived from biological responses to nutrients and a
harmonization of methods between countries should be established [21].
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Figure 4. Phosphorus orientation values for achieving good ecological status.
3. Results
The results of the deficit analysis using the methods described above and based on the water
balance and phosphorus emission model combination GROWA-MEPhos are shown in Figures 5–9.
Since these figures consider the phosphorus emissions originating from individual subcatchments as
well as from their upstream areas, they support the integrated and holistic river basin management
approach followed by the WFD.
The maximum phosphorus emission path is illustrated in Figure 5a. It is obvious that, in the
landscapes “Marsh” and “Geest”, artificial drainage represents the dominant input path. In the
landscape “Schleswig-Holstein Morainic Uplands” in the east, erosion characterizes the maximum
phosphorus emission. As upstream areas are considered, site-specific sewage treatment plants become
more noticeable in the map. In the large cities of Kiel and Lübeck and the medium-sized towns of
Flensburg, Rendsburg, etc., phosphorus mostly emits to the surface waters through rainwater sewers.
Deposition plays a major role in the subcatchment areas of the lakes.
Figure 5b provides information on which emission path represents the second-highest phosphorus
input into surface waters. It can be seen that input via groundwater, which is not particularly noticeable
in Figure 5a, dominates in almost the entire state. Phosphorus input through artificial drainage, sewage
treatment plants and erosion can still be observed. The emission from small sewage treatment plants
emerges spatially aggregated in the areas southeast of Flensburg, southwest of Itzehoe and in the
northern surroundings of Lübeck.
The percentage shares of point sources (comprised of wastewater treatment plants, industry,
rainwater sewers and small sewage treatment plants) in the total modelled phosphorus loads are
shown in Figure 6a. The map shows a high proportion (over 70%) in the cities and surrounding areas.
Figure 6b showing the percentage shares of the diffuse sources due to agriculture (artificial drainage,
erosion and wash-off) indicates almost the opposite of Figure 6a. A very high proportion of agricultural
sources of over 70% can be observed in the “Marsh”, which is strongly caused by artificial drainage.
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Except in the cities, at least 30% and mostly more than 50% of phosphorus emissions originate from
agricultural sources.
Figure 5. (a) Maximum and (b) second-highest phosphorus emission path from individual subcatchments
and upstream areas.
Figure 6. (a) Point sources and (b) agricultural diffuse sources as percentage shares of the total modeled
phosphorus loads from individual subcatchments and upstream areas.
Figure 7a provides an overview of the modeled absolute phosphorus loads. Along large rivers,
the phosphorus loads accumulate, which is clearly shown in the map, for example, along the Treene,
Schwentine, Stör and Trave. The map of absolute phosphorus loads is strongly dependent on the size
of the catchments. In order to assess and compare the spatial distribution of phosphorus emissions, it is
of advantage to relate the loads to the catchment area sizes. Figure 7b shows the so-called area-specific
phosphorus loads in kg/(ha·yr). Compared to the rest of the state, higher values in the “Marsh” can be
observed. Alternatively, phosphorus loads due to agriculture can also be related to the agricultural
area of catchments.
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Figure 7. (a) Absolute and (b) area-specific phosphorus loads from individual subcatchments and
upstream areas.
The modeled phosphorus concentrations in the surface waters of the subcatchments are shown
in Figure 8a. Due to the high loads (Figure 7a,b), high phosphorus concentrations were calculated
for the “Marsh”, which, to a large extent, exceed the orientation value of 0.3 mg/L that applies in this
region. In the rest of the state, with the exception of cities and their surroundings, modeled phosphorus
concentrations are predominantly below 0.15 mg/L.
Figure 8. (a) Modeled phosphorus concentration; (b) compliance or exceedance of the phosphorus
orientation values based on model results.
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Figure 9. (a) Absolute and (b) relative required reduction in phosphorus emissions from individual
subcatchments and upstream areas.
If the modeled phosphorus concentrations are compared with the orientation values from Figure 4,
problematic areas and required reductions can be identified, which are shown in Figures 8b and 9a,b.
It is obvious that for a large part of the state, phosphorus reduction is urgently necessary. In some
isolated subcatchments, over 80% of total phosphorus emissions needs to be reduced. In such cases,
information about the maximum emission path as well as the percentage shares of point and diffuse
sources offers great help in developing targeted measures and assessing their feasibility.
The need for action regarding phosphorus emissions into inland surface waters in Schleswig-
Holstein is summarized in Table 3. Accordingly, 60% of the subcatchments exceed the orientation
values for phosphorus. Approximately 31% of the total phosphorus emissions should be reduced in
order to achieve good ecological according to the WFD. This corresponds to approximately 269 t/yr.
It should be noted that the total phosphorus load for Schleswig-Holstein in Table 3 differs from the
sum given in Section 2.3.3 (905 t/yr). This is due to the neglect of coastal and transitional water
bodies, whereby large water areas with high phosphorus inputs through deposition are not taken
into consideration. However, the difference of 25 t/yr or 2.7% of the total emission is to be regarded
as minor.












Elbe 2815 1609 (57%) 313 101 (32%)
Eider 1170 718 (61%) 359 100 (28%)
Schlei/Trave 2422 1542 (64%) 208 68 (33%)
Schleswig-Holstein 6407 3869 (60%) 880 269 (31%)
4. Validation of Results and Discussion
In order to assess the accuracy and reliability of the implemented deficit analysis, possibilities
for validating the results were sought. In the “Waterbody and Nutrient Information System
Schleswig-Holstein”, measured phosphorus concentrations in rivers for the period 1991–2018 are
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available. Additionally, seasonal mean concentrations of phosphorus in the lakes were provided by
the LLUR’s lake department.
These data underwent a detailed analysis and subsequently were processed and then compared
with the modeled results. If there is a satisfactory agreement for a sufficiently large number of quality
monitoring stations, it can be assumed that representative statements can be made with the underlying
deficit analysis. In order to keep unavoidable uncertainties as small as possible, only monitoring
stations with at least 50 concentration measurements were used.
4.1. Validation Based on Phosphorus Concentrations Measured in Rivers (at Least 50 Measurements per
Measuring Station)
In total, there are 138 monitoring stations that meet the quality criterion of at least 50 measurements.
With approximately 12 measurements per year, the criterion corresponds to approximately four years
of monitoring. The 138 monitoring stations are distributed homogeneously throughout the state and
cover all river basin districts and the state’s major rivers. Figure 10 shows the comparison between
the mean measured and modeled phosphorus concentrations. Most of the points are located in the
zone of ±30% deviation. The mean absolute percentage error amounts to 29%. However, larger
deviations, which are over 100% in extreme cases, can be observed. A more detailed analysis revealed
that monitoring stations with the largest deviations are located near coastal areas, for example in the
island of Fehmarn, as the tidal influence could not be considered in the models. Furthermore, for
some of the stations, the monitoring time was not continuous, so that their average values are not fully
comparable with model results, which generally characterize mean long-term conditions. It should
also be noted that the input parameters for the GROWA-MEPhos model combination was derived
from statewide available databases. As a consequence, local obviously deviating model results may
have been due to databases being insufficiently accurate for local issues [23].
 
Figure 10. Validation based on phosphorus concentrations measured in rivers.
Figure 11 shows a comparison of measured and modeled relative required reduction for the 138
monitoring stations used for validation as well as their agreement based on classes defined in the
upper panels. In general, good agreement can be considered, as there are mainly no, one or two class
differences between measured and modeled results. A perfect match between them is also not realistic,
since on the one hand the available data used for validation and the modeled results do not cover the
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exact same period of time, on the other hand there are fundamental uncertainties in the modeling, but
also in the handling of measured values below the determination limits or in the estimation method
used to determine the phosphorus loads at the monitoring stations.
 
Figure 11. (a) Measured and (b) modeled relative required reduction for 138 monitoring stations used
for validation; (c) agreement between panels (a) and (b) based on their classes.
4.2. Validation Based on Phosphorus Concentrations Measured in Lakes
Figure 12 compares the phosphorus concentrations estimated according to Vollenweider and
Kerekes [12] with the seasonal mean values provided by the LLUR’s Lake Department for a total of
59 lakes. The mean absolute percentage error amounts to 39% and is relatively high at first sight.
However, some aspects have to be considered. First of all, the formula according to Vollenweider
and Kerekes only provides an estimate of the lake concentrations. Uncertainties can reach up to a
factor of 2. Furthermore, some lakes (e.g., Großer Ratzeburger See or Schaalsee) receive loads from
Mecklenburg-Vorpommern, which could not be taken into account. Finally, the measured seasonal
mean values are based on the period from March to October and only one seasonal mean value was
provided for each lake. In view of the uncertainties listed above, which could add up in unfavorable
cases, the result can be classified as satisfactory.
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Figure 12. Validation based on phosphorus concentrations measured in lakes.
5. Conclusions and Outlook
A deficit analysis according to [3] was performed for all inland surface waters in the Federal State of
Schleswig-Holstein. The results could be considered as successfully validated. According to the analysis,
60% of the subcatchments exceed the orientation values for total phosphorus. The phosphorus reduction
required for Schleswig-Holstein amounts to approximately 31% on average, which corresponds to
approximately 269 t/yr. These model results are consistent with the investigation carried out by
Obernolte and Trepel [24], in which the type-specific orientation values for total phosphorus are not met
in 68% of the water bodies in Schleswig-Holstein and a required reduction for phosphorus emissions
into rivers and lakes of approximately 30% is necessary [25]. Since a large part of phosphorus inputs
into surface waters in Schleswig-Holstein comes from agricultural diffuse sources, an implementation of
measures with regard to fertilization management as well as erosion control is conceivable. Nevertheless,
an increase in clarification efficiency in sewage treatment plants must not be out of consideration,
especially in urban areas and surroundings, where they are playing the major role as maximum
phosphorus emission path.
Generally, there is a need for further refinements and developments of the model combination,
which generated the results used in this paper, so that the deviations can be minimized for better
representation of the reality. This includes the use of actual and more accurate data, e.g., soil map
and emissions of sewage treatment plants as well as calculation at higher time resolutions, such as
on a daily or monthly basis. In the context of the deficit analysis, technically sound and plausible
methods for describing phosphorus retention processes, especially in lakes as well as deep and slow
rivers, should be developed. Furthermore, a new module for studying the impacts of possibly applied
measures should be implemented. This could benefit the planning of regional efficient measures,
which are indispensable with regard to achieving the quality objectives set by the WFD.
The methods of the deficit analysis presented in this paper are not limited to phosphorus or to
the Federal State of Schleswig-Holstein. Other substances, such as nitrogen, which was also modeled
statewide for Schleswig-Holstein [6], can be the next subject of the deficit analysis. Such a nitrogen
analysis is advantageous, especially in the context of the EU policy on marine protection. The described
deficit analysis can also be implemented for other federal states in Germany, e.g., North Rhine-Westfalia,
Mecklenburg-Vorpommern, etc., where the model combination GROWA-MEPhos was successfully
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applied [26,27]. In other European countries, such as Austria and Switzerland, other models [28,29] were
used to quantify nitrogen and phosphorus emissions to surface waters. With appropriate modification,
these results can also be used as input data for the deficit analysis.
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Abstract: The land use and land cover changes in rapidly urbanized regions is one of the main causes
of water quality deterioration. However, due to the heterogeneity of urban land use patterns and
spatial scale effects, a clear understanding of the relationships between land use and water quality
remains elusive. The primary purpose of this study is to investigate the effects of land use on water
quality across multi scales in a rapidly urbanized region in Hangzhou City, China. The results showed
that the response characteristics of stream water quality to land use were spatial scale-dependent.
The total nitrogen (TN) was more closely related with land use at the circular buffer scale, whilst
stronger correlations could be found between land use and algae biomass at the riparian buffer
scales. Under the circular buffer scale, the forest and urban greenspace were more influential to
the TN at small buffer scales, whilst significant positive or negative correlations could be found
between the TN and the areas of industrial land or the wetland and river as the buffer scales increased.
The redundancy analysis (RDA) showed that more than 40% variations in water quality could be
explained by the landscape metrics at all circular and riparian buffer scales, and this suggests that
land use pattern was an important factor influencing water quality. The variation in water quality
explained by landscape metrics increased with the increase of buffer size, and this implies that land
use pattern could have a closer correlation with water quality at larger spatial scales.
Keywords: stream water pollution; land use pattern; scale effect; redundancy analysis; urbanization
1. Introduction
Human activities have greatly affected the physical and chemical properties of water quality and
the stability of aquatic ecosystems at regional and even global scales [1]. The rapidly urbanized areas are
the places where human activities are the most concentrated and land use is changing drastically and,
not surprisingly, the most typical areas for water quality degradation [2,3]. The level of urbanization
in the world had reached 50% in 2008 and is expected to increase to 60% in 2030, and future urban
population growth will mainly occur in developing countries. For China, urbanization has entered a
period of rapid growth, and the percentages of the urban population to the total population were 19%,
26% and 57% in 1980, 1990 and 2016, respectively. During the process of urbanization, the rapidly
expanded built-up areas together with the gathered population and industries have huge impacts on
the original natural vegetation, soil environment and aquatic ecosystem. For example, the increased
impervious surfaces and land use transition during urbanization may have direct impacts on the
pollution concentrations in urban streams [4,5].
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The spatial distribution of land use could well represent human activity and intensity and is a key
factor affecting the quality of stream water in urbanized regions. Generally, industrial, mining and
arable land types have relative high pollution risks compared with the other land use types; in contrast,
forests and wetlands are sinks of potential pollutants in water bodies, while the riparian vegetation
buffer zone usually has a filtering and barrier effect on pollutants [6,7]. The significant changes
in regional land use and land cover caused by urbanization are mainly reflected in the increase of
impermeable surfaces such as buildings; asphalt or concrete roads; squares and the reduction of natural
underlying surfaces, e.g., woodlands and wetlands, with degraded capacities against pollutants [8,9].
Various types of impervious surfaces together with pervious surfaces form heterogeneous spatial
structures of land use in urbanized regions. The negative hydrological effects caused by this particular
land use form are mainly manifested by reduced soil infiltration and increased surface runoff, as well as
increased sediment and sources of pollutants [10,11]. From a long-term perspective, the regional
urbanization process is usually accompanied by the degradation of surface water quality and aquatic
ecosystems [12–14]. For streams, the common pollutants, e.g., nitrogen, phosphorus and heavy
metals, usually increased significantly with rapid urbanization, and it has been suggested that stream
water quality and aquatic ecosystems might be damaged if the proportion of impervious surfaces in
watersheds reach 10%–15% [15–18]. However, it is of limited reference value, especially for urban
planning and management, if the spatial pattern and scale are missing for a particular study on the
response mechanism of water quality to land use with only the statistical information provided [19,20].
The “disturbance-response” process of a stream system generally occurs in the regional context,
while the impact of land use on stream water quality depends on the spatial scale of the disturbance.
The stream system could be divided into four spatial scales, i.e., watershed, sub-catchment, riparian
zone and local area. It is generally suggested that water quality of a high-order stream is mainly
affected by a land use pattern in the upstream region, while water quality of a low-order stream
is primarily determined by the local land use patterns [21]. Numerous multiscale related studies
focused on the following categories—for example, the buffer zone versus the whole watershed [22–24],
comparisons of multiscale watersheds [25–27] and comparisons at different buffer widths. For regions
featured by a plain stream network or urban areas with complex underlying surfaces, varied buffer
scales are often applied to study the relationship between land use and water quality [28–30]. However,
the optimal spatial scale (in a correlation perspective) between land use and water quality still varies
on a case-by-case basis. The characteristics of stream watersheds, intensity of human interference
and data accuracy all have varying degrees of influences on multiscale studies about the relationship
between land use and water quality. The biomass and composition of algae is another important
indicator of stream water quality. At present, most of the studies about the feedback of biomass or the
community structure of algae on environmental factors are based on laboratory cultivation, ecological
simulation or field sampling [31,32]. However, studies about the impact of land use change-induced
water quality disturbances on the biomass and community structures of algae are still not adequate at
the regional scale [33,34].
Intense human activities in urbanized regions have led to changes in land use patterns, which can
greatly affect the physical and chemical properties of water bodies and the health of aquatic ecosystems.
Under the background of the rapid urbanization in China in recent decades, this study takes a typical
area in Hangzhou City, one of the most rapidly expanded megacities in China, as the study area.
We extracted the fine-resolution land use data of the study area using high-resolution remote-sensing
images. The relationships between water quality, including the algae biomass, and land use across
multiple spatial scales were analyzed with the support of field survey data. Our objectives were to
quantitatively address the following questions: (1) For typical urbanized areas, how does the land use
affect the water quality of urban streams? (2) What is the most influential landscape metrics correlated
with water quality? Additionally, (3) is there a spatial scale dependence between land use and water
quality in urbanized areas?
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2. Materials and Methods
2.1. Study Area
Hangzhou City is a rapidly urbanizing city in the Yangtze River Delta in China (Figure 1).
The study area is located in the west of Hangzhou, Zhejiang Province, which is a geographical unit that
transitions from the low mountains and hills in the south to the northern plains. There are two large
wetlands—the Hemu and Wuchang wetlands, in the study area, with intertwined stream networks.
The study area has been experiencing intense urbanization during the past decade, and there have
been increased contradictions between urban development and wetland protection in recent years.
The study area is in the subtropical humid monsoon climate zone. The mountainous area is mainly
composed by bedrock and residual slope deposits, and the plain area is mainly formed by Holocene
sediments. The study area is about 120.19 km2, with most of the areas as plain and low-lying lands.
The soils have been affected by human activities for centuries and can be categorized as anthrosols
(FAO–UNESCO Soil Map of The World, 1988). The background concentrations of the heavy metals Cd,
Pb, As, Ni, Cr, Zn and Cu in the plain area of the study area were 0.206, 38.2, 10.0, 41.1, 92.1, 110.0 and
40.8 (unit: mg/kg), respectively [35]. Except As, the concentrations of the other heavy metals were
slightly higher than the corresponding values of the 1st class natural background given in the Soil
Environment Quality Standard of China (GB15618-1995).
 
Figure 1. Locations of the study area.
2.2. Land Use Information Extraction
One cloudless SPOT 6 image obtained on 26 October 2014 was used to extract the land use data
over the study area. The SPOT 6 image had four multispectral bands and one panchromatic band with
1.5-m resolution. The ancillary data included ASTER DEM and field survey data.
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The land use data was extracted using the following steps: (1) projection conversion and geometric
correction of SPOT 6 image; (2) fusing the multispectral and panchromatic data using the Gram-Schmidt
method (the fused image had a spatial resolution of 1.5 m with blue, green, red and near-infrared
bands) and then (3) extracting the land use data by visual interpretation (Figure 2). The classification
accuracy was evaluated using a stratified random sampling with reference to the ground-truth data
collected in the field survey. The assessment results showed that the overall accuracy of the land use
classification was 93%. We adopted a two-level classification schema from the Chinese Standard of
Land Use Classification [36] and classified the lands into five Level I classes and 12 Level II classes
(Table 1).
 
Figure 2. Technical schema in the land use data extracted from SPOT 6 images.
Table 1. Land use classification scheme.
Level I Level II Description
1 Cropland 11 Cropland Cultivated land
2 Forest 21 Forest A large area dominated by trees
3 Water
31 River Natural-flowing watercourse and artificial canal
32 Lake and pond lake, reservoir and pond
4 Construction
land
41 Residential Houses and apartment buildings
42 Industrial Land and buildings used for manufacturing, logistics,warehouse and mining
43 Commercial Houses and buildings for businessman working, commercialretails, restaurants, lodging and entertainments
44 Public management and service Lands used for administration, public services and municipalutilities, education and research
45 Urban greenspace Parks and greenspace lands used for entertainments andenvironmental conservations
46 Road Paved roads including freeways, major and minor city roads
47 Under construction Under construction but not yet finished
5 Bareland 51 Bareland Bare soil and bare rock
2.3. Water Sampling and Buffer Zone Delineation
The water quality of streams during the high water period is affected by the dual effects of land
use, especially the construction land and cropland nonpoint sources, which could effectively reflect the
content and intensity of human activities in the regional context [37–40]. The water quality sampling
work at 25 stream sections was finished within one week when the stream flow was relatively stable
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during the local high-water period in June 2014 (Figure 3). The water quality parameters selected were
total nitrogen (TN); total phosphorus (TP) and soluble heavy metals arsenic (As), copper (Cu), lead (Pb),
chromium (Cr), cadmium (Cd), zinc (Zn), manganese (Mn) and nickel (Ni). The heavy metals selected
in this study are the major heavy metals concentrated in the western plain areas of Zhejiang Province.
Water samples were collected 0.3–0.5 m below the water surface from the middle of the stream using
a 250-mL organic glass hydrophore. At each sampling site, three parallel samples were collected to
avoid accidental error. The samples were stored in iceboxes during transport before water quality
measurements were carried out in the laboratory. TP and TN were determined using the alkaline
potassium persulfate digestion UV spectrophotometric method (GB11893-89, China National Standards)
and the ammonium molybdate spectrophotometric method (GB11894-89, China National Standards),
respectively. The heavy metal concentrations were determined using inductively coupled plasma
optical emission spectrometry (ICP-OES, Thermo Fisher Scientific, Waltman, MA, USA). In addition,
concentrations of chlorophyll a (TChla), including a chlorophyll a concentration of Cyanophyta
(ChlaCyan), a chlorophyll a concentration of Chlorophyta (ChlaChlo) and a chlorophyll a concentration
of Bacillariophyta and Dinophyta (ChlaBaci-Dino), were measured using a four-wavelength-excitation
chlorophyll fluorometer (PHYTO-PAM Fa. Walz, Effeltrich, Germany), and each sample was sampled
three times.
 
Figure 3. Spatial distribution of surface water quality monitoring sites. The left subfigure shows the
buffering schema, i.e., the circular buffer and riparian buffer, used in this study. The interval of the
neighboring buffers is 50 m. The circular buffer is a series of buffers around the sampling point with
radiuses ranging from 50 to 1000 m, and the riparian buffer is along the particular stream bank with
distances ranging from 50 to 300 m.
To explore the spatial scale effects of land use on water quality, two kinds of buffer scales were
utilized, i.e., the riparian buffer zone along a specific stream and the circular buffer zone around the
sampling point. In the literature, the buffer extent (width or radius) generally ranges from 50 to 1000 m,
even 2000 m, according to the topography or sampling density in a case-specific manner, and the
intervals between neighboring buffer zones are usually 50 to 100 m [28,41,42]. In this study, a series
of buffers with varying widths/radiuses were tested to screen the optimal buffering schema. For the
circular buffer scale, 20 buffering zones with radiuses ranging from 50 to 1000 m and an interval of
50 m were created around each sampling point. For the riparian buffer scale, six total buffering zones
with widths ranging from 50 to 300 m with an interval of 50 m were created for each specific stream
with a sampling point (Figure 3).
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2.4. Landscape Metrics
It is acknowledged that there are correlations between regional landscape patterns and the
hydrological, physical, chemical and biological indicators of a specific stream system [20,43–45].
We selected four categories of landscape metrics, i.e., fragmentation, dominance, connectedness and
aggregation and shape complexity, to study the sensitivity of water quality on land use patterns at the
class levels (Table 2).
Table 2. Description of the landscape metrics selected at the class levels.
Attributes Name (Abbreviation) Unit Description
Fragmentation
Edge density (ED) m/ha Total length of all edge segments divided bytotal area for the corresponding patch type
Patch density (PD) n/km2
Number of patches of the corresponding patch




Percentage of the landscape comprised of the
corresponding patch type




Mean patch perimeter divided by the minimum
perimeter of the corresponding land use area
Mean fractal dimension
index (FDMN) -
Sum of 2 times the logarithm of the patch
perimeter divided by the logarithm of the total
area for the corresponding patch type divided
by the number of patches
Landscape shape index
(LSI) -
Perimeter-to-area ratio for the corresponding





Assessing patch shapes based on the spatial
connectedness of cells within a patch
Cohesion index (COHE) - Indicates the physical connectedness of thecorresponding patch type
Aggregation index (AI) %
Number of like adjacencies involving the
corresponding class, divided by the maximum
possible number of like adjacencies involving
the corresponding land use type
2.5. Statistical Analysis
The correlations between the areas of each land use type and water quality at different spatial
scales were analyzed. The Shapiro-Wilk test showed that some land uses and water quality data
at certain buffering scales/sampling points did not follow the normal distribution, so we used the
Spearman rank correlation, a nonparametric rank-based method which makes no assumption about
the distribution of data, in the following analysis.
We also analyzed the relationships between water quality and land use patterns with a multivariate
approach. The detrended correspondence analysis (DCA) was applied to evaluate the gradient length
of the water quality data and revealed the existence of short gradients less than 3 standard deviations,
so the redundancy analysis (RDA) was utilized to explore the relationships among water quality
and land use pattern parameters, i.e., the species and environmental variables at the RDA context,
respectively. A Monte Carlo permutation test (499 permutations) was used to determine the statistical
validity of the RDA, and the significant explanatory variables were selected [46]. The RDAs were
performed using the CANOCO 4.5 program.
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3. Results
3.1. Land Use Patterns
As shown in the land use map of the study area (Figure 4), the forest land is concentrated in the
southern mountain area; the lake and pond scattered in the central part of the study area (mainly
concentrated in the Hemu and Wuchang wetlands) featured by a dense stream network, ponds and
broken forest plots; the cropland concentrated in the north-central area; the industrial land mainly
distributed in the north, west and south areas in a state of agglomeration and the large chunks of
residential land mainly scattered along the major traffic roads at the eastern and southern areas,
as well as the western area.
 
Figure 4. Land use map of the study area.
Figure 5 shows the average composition of land uses at each buffer scale. Overall, the ratios
of the pervious surface and impervious surface were roughly equal. The agricultural, forest and
residential lands were the dominant land uses. For each buffer zone, the buffer area and the areas of
each land use were calculated, respectively. We summed up the areas of each land use in all buffer
zones and calculated the ratios of the total areas of each land use to the total area of all the buffers.
The following are the results for each land use. The ratios of the total area of the agricultural, forest
and residential lands to the total area of all the buffers were 45% and 52% for the circular and riparian
buffers, respectively; the ratios of the three land uses were 16.2%, 13.3% and 19.6%, respectively, at the
riparian buffer scale, slightly higher than the corresponding ratios, i.e., 15.8%, 12.1% and 16.8% at the
circular buffer scale. Taking the road, under construction and industrial land uses as a whole, the ratios
were 25.5% and 20.8% for the circular and riparian buffers, respectively. The ratios of river, urban
greenspace, lake and pond and bareland were all about 25% at the circular and riparian buffer scales.
The commercial and public management and service had the smallest land areas, and the ratios at both
buffering schemas were less than 5%.
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Figure 5. Proportions of each land use at different buffer scales. The labels at the x-axis indicate
different buffer zones for the circular and riparian buffer scales, respectively. The initial character “C”
or “R” represents the circular or riparian buffer types, and the numerical values after that character
means the corresponding buffer radius. For example, “C50” means a circular buffer with a radius of
50 m around a sampling point. Hereinafter, the same.
3.2. Characteristics of Water Quality
The water quality analysis results of the sampling points are presented in Table S1 in the
Supplementary Materials. The statistical analysis of the water quality parameters of the 25 river
sections is shown in Table 3. The mean values of these parameters were compared with two Chinese
national standards of water quality, i.e., the Environmental Quality Standards for Surface Water
(EQSSW) (GB3838-2002, State Environmental Protection Administration of China) and the Sanitary
Standards for Drinking Water Quality (SSDWQ) (GB 5749-2006). According to the EQSSW, the water
quality is classified into five classes; the higher the class, the worse the water quality. Since Mn and Ni
are not listed in the EQSSW, we referred the corresponding thresholds listed in the SSDWQ.
The average concentrations of the TN and TP exceeded the Class V surface water concentration
limits, i.e., 2.0 and 0.4 mg/L for the TN and TP, respectively. For the TN, there were 16% and 80%
sampling points, except No. 19 (Class IV), that were Class V and beyond; for the TP, there were 12%,
24%, 8% and 52% sampling points in Class III, IV, V and beyond, respectively, except No. 25 (Class II).
The heavy metals at most of the sampling points were far below the surface water concentration limit
of Class I or the limits in the SSDWQ, except No. 16 with Cr in Class II and No. 3 with Mn over the
limits in the SSDWQ. Additionally, there were 40%, 84% and 92% sampling points that detected no Ni,
Cd and Zn, respectively; all sampling points detected no Cu.
The mean concentrations of ChlaCyan, ChlaChlo and ChlaBaci-Dino were 8.39, 63.56 and 25.04 μg/L,
respectively. The ChlaBaci-Dino in the Hemu and Wuchang wetlands were higher than the other areas.
The mean value of TChla was 96.99μg/L, a typical eutrophic water quality according to the Organization
for Economic Co-Operation and Development (OECD) eutrophication evaluation criteria [47]. It was
noted that there were 64% sampling points that detected no ChlaCyan.
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Table 3. Statistics of the stream water quality parameters. TN: total nitrogen and TP: total phosphorus.
Indicator Maximum Minimum Mean (Std.)
TN (mg/L) 31.69 1.34 6.46 (6.73)
TP (mg/L) 2.80 0.09 0.61 (0.62)
As (μg/L) 8.20 0.00 4.48 (2.28)
Cd (μg/L) 1.00 0.00 0.10 (0.27)
Cr (μg/L) 12.30 0.00 3.66(3.36)
Cu (μg/L) 0.00 0.00 0.00 (0.00)
Mn (μg/L) 676.40 0.00 30.40 (134.80)
Ni (μg/L) 1.70 0.00 0.32 (0.43)
Pb (μg/L) 5.40 0.00 1.98 (1.43)
Zn (μg/L) 2.00 0.00 0.13 (0.46)
ChlaCyan (μg/L) 1 130.43 0.00 8.39 (26.52)
ChlaChlo (μg/L) 2 233.29 0.00 63.56 (69.46)
ChlaBaci-Dino (ug/L) 3 138.74 0.00 25.04 (31.18)
TChla (μg/L) 4 328.84 2.08 96.99 (83.75)
1 ChlaCyan: chlorophyll a concentration of Cyanophyta. 2 ChlaChlo: chlorophyll a concentration of Chlorophyta.
3 ChlaBaci-Dino: chlorophyll a concentration of Bacillariophyta and Dinophyta. 4 TChla: total chlorophyll
a concentration.
3.3. Land Use Types and Water Quality
The correlation analysis showed that the nutrient concentration parameters, i.e., TN and TP, had
certain correlations with the land use area at different buffer scales (Table S3 in the Supplementary
Materials). Under the circular buffer scale, the TN had significant positive correlations with land areas
of industrial, road, urban greenspace and commercial land uses, respectively. Specifically, the TN had
significant positive correlations with commercial and urban greenspace land use areas at relatively
small buffer scales ranging from 50–100 m and 50–400 m, respectively. The TN also had significant
positive correlations with the industrial land use areas at relatively large buffer scales (450–1000 m),
whilst the TN significantly positively correlated with the road areas at all buffer scales (50–1000 m).
On the contrary, the TN had negative significant correlations with the areas of forest, lake and pond
(hereafter referred to as wetland) and river land uses. For forests, the significant correlations could be
observed at buffer scales ranging from 50–250 m, while, for the river as well as wetland, the ranges
were 450–1000 m and 700–1000 m, respectively (Figure 6). Compared with the TN, there were less
land uses that significantly correlated with the TP. At relatively large buffer scales, e.g., 650–750 m
and 550–1000 m, the TP showed significant positive correlations with the areas of residential and
industrial land uses, respectively, while, at small buffer scales (e.g. 50–100 m), the TP had significant
positive correlations with commercial land areas (Figure 7). Under the riparian buffer scales, the TN
was significantly negatively correlated with the forest areas, while the TP was significantly positively
correlated with the areas of urban greenspaces.
The correlation analysis between the algae biomass and land use areas showed that the TChla
and ChlaBaci-Dino had significant correlations with land uses at certain buffer scales (Table S4 in
the Supplementary Materials). Under the riparian buffer scales, the TChla had significant positive
correlations with the areas of river, wetland, industrial, urban greenspace, road and under construction
land uses (Figure 8); the ChlaBaci-Dino had significant positive correlations with the areas of river,
wetland and residential land uses (Figure 9). Under the circular buffer scale, the ChlaBaci-Dino showed
significant positive correlations with the areas of forest, river and wetland at the ranges of 100–300 m,
50–1000 m and 150–1000 m, respectively, as well as negative correlations with the urban greenspace
and road areas at the ranges of 650–1000 m and 150–1000 m, respectively. In addition, we found that
the areas of wetland and road both had significant positive correlations with the ChlaChlo. Since most
of the sampling points detected no Cyanophyta, no further analysis was carried out for this parameter.
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Figure 6. Correlations between TN and the areas of particular land uses under the circular and riparian
buffer scales at different spatial scales based on a Spearman’s rank correlation analysis. The one-asterisk
(two-asterisk) superscripts denote above 90% (95%) confidence levels. Note that only the land uses that
significantly correlated with the TN were shown.
 
Figure 7. Correlations between TP and the areas of particular land uses under the circular and riparian
buffer scales at different spatial scales based on a Spearman’s rank correlation analysis. The one-asterisk
(two-asterisk) superscripts denote above 90% (95%) confidence levels. Note that only the land uses that
significantly correlated with the TP were shown.
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Figure 8. Correlations between TChla and the areas of particular land uses under the circular and
riparian buffering scales at different spatial scales based on a Spearman’s rank correlation analysis.
The one-asterisk (two-asterisk) superscripts denote above 90% (95%) confidence levels. Note that only
the land uses that significantly correlated with TChla were shown.
 
Figure 9. Correlations between ChlaBaci-Dino and the areas of particular land use types under the circular
and riparian buffering scales at different spatial scales based on a Spearman’s rank correlation analysis.
The one-asterisk (two-asterisk) superscripts denote above 90% (95%) confidence levels. Note that only
the land uses that significantly correlated with the ChlaBaci-Dino were shown.
The heavy metal concentrations also showed significant correlations with the areas of different
kinds of land uses (Table S5 in the Supplementary Materials). For example, Cr and Ni had significant
positive correlations with the area of industrial land, Mn and Ni both showed significant positive
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correlations with the areas of road and urban greenspace, As and Mn had significant positive and
negative correlations with the agricultural land area, respectively and Cr and Pb had similar correlations
with residential land areas; in addition, Pb also had significant positive correlations with the areas
of wetland as well as the residential land uses and a significant negative correlation with the under
construction land area. Since most of the sampling points did not detect Cd, Cu and Zn, no further
analysis on these heavy metals was carried out.
3.4. Land Use Patterns and Water Quality
We did a RDA at several typical buffer scales, i.e., 100, 500 and 1000 m, for the circular buffer and
200 m for the riparian buffer, respectively. The percentages of variance explained by the ordination axis
are shown in Table 4. The RDA ordinations showed that there were statistically significant relationships
between water quality and different numbers of explanatory variables, i.e., 5, 9 and 15 at 100, 500 and
1000-m circular buffer scales, respectively; at each scale, the landscape metrics could explain 39.5%,
71.7% and 80.9% of the variations in water quality, respectively. For the 200-m riparian buffer scale,
there were statistically significant relationships between water quality and nine explanatory variables,
and 60.1% of the variation in water quality could be explained by these variables. More than 40%
water quality variation was explained by the first two axes, in which the first axis explained about
twice as much as the second axis.
Table 4. Variations in water quality explained by land uses and landscape metrics at different buffer
scales in the redundancy analysis (RDA).
Scales
Explained Variation (%) Explanatory Variables Selected
(p < 0.05)
Axis 1 Axis 2 All Axes
100-m circular




buffer 43.9 25.2 71.6




buffer 47.4 23.7 80.9
21AI, 21CONTIG, 21FRMN, 21LSI,
21SHMN, 31LPI, 32ED, 32LSI,
32PLAND, 42COHE, 42CONTIG,
42PLAND, 46ED, 46LPI and
46PLAND
200-m riparian
buffer 38.2 20.3 60.1
32ED, 32PD, 32LSI, 32PLAND, 42AI,
42CONTIG, 46AI, 46CONTIG and
46SHMN
Notes: Landscape metrics include the edge density (ED), patch density (PD), percentage of landscape (PLAND),
largest patch index (LPI), mean shape index (SHMN), mean fractal dimension index (FDMN), landscape shape index
(LSI), contiguity index (CONTIG), cohesion index (COHE) and aggregation index (AI). The land use metrics refer to
the following land use types, i.e., 11 (cropland), 21 (forest), 31 (river), 32 (wetland), 42 (industrial) and 46 (road).
The p-values were derived from Monte Carlo permutation tests (499 permutations) of all of the canonical axes.
Figure 10 shows ordination diagrams derived from the RDA using water quality variables and
significant explanatory variables for the four typical buffer scales. Under all scales, the first axis
represents variables related with eutrophication, which was mainly related to the industrial land use.
The second axis consistently displayed a gradient of nutrients, which was mainly positively correlated
with roads and negatively correlated with wetlands. Particularly, the LPI and PLAND of roads were
positively correlated with the TN and TP, whilst negatively correlated with ChlaBaci-Dino at 100, 500 and
1000-m circular buffer scales. Under 500 and 1000-m circular buffer scales, the PLAND of industrial
land use was positively correlated with the TN and TP; except the TN and TP, the landscape metrics
COHE and CONTIG were also positively correlated with the TChla and ChlaChlo. The CONTIG and
AI of the road and industrial land uses were positively correlated with the TP, TN, TChla and ChlaChlo,
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whilst negatively correlated with the ChlaBaci-Dino at 200-m the riparian buffer scale. The SHMN of the
roads was negatively correlated with the TP, TN, TChla and ChlaChlo.
 
 
Figure 10. Biplots of water quality parameters (represented by dark blue lines) and landscape metrics
(represented by red lines) within the circular buffers of 100 m (a), 500 m (b) and 1000 m (c) and the
riparian buffer of 200m (d) according to the redundancy analysis (RDA). The length of the arrow
represents the standard deviation of variables in the sorting space, and the direction indicates the
change of gradient direction. The cosine values of the arrow and axis represent the correlation.
The PLAND and LPI of the rivers were positively correlated with the ChlaBaci-Dino, whilst negatively
correlated with the TN and TP at 100, 500 and 1000-m circular buffer scales. The PLAND, LSI and ED
metrics of the wetlands were positively correlated with the ChlaBaci-Dino, while negatively correlated
with the TN and TP at the 1000-m circular buffer scale and 200-m riparian buffer scale, respectively.
The PLAND of the forest land use was negatively correlated with the TN, TP, TChla and ChlaChlo,
and the LSI was positively correlated with the ChlaBaci-Dino but negatively correlated with the TN
and TP at the 500-m circular buffer scale. The FRMN, SHMN and LSI metrics of the forest land use
were positively correlated with the ChlaBaci-Dino, ChlaChlo and TChla, but the AI and CONTIG were
negatively correlated with these three water quality parameters at the 1000-m circular buffer scale.
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4. Discussion
4.1. Water Pollution in Urbanized Areas
The land use pattern in the study area was mainly dominated by the urbanization process.
The proportion of the impervious surface area was over 50% if adding up all the buffer zones used
in this study—of which, the proportions of the residential, under construction, road, industrial,
commercial and public management and service land uses decreased in turn (Figure 4). The less
proportion of the commercial, as well as the public management and service land use, areas, compared
with that of the residential land, suggested that the study area was still in the suburban urbanization
process. It has been acknowledged that the early stages of rapid urbanization are often the beginning
of the accelerated deterioration of urban surface water environments [48]. In the context of rapid
urbanization, the TN and TP in stream water usually originated from industrial, living and agricultural
activities [49,50]. The sampling data showed that the variations of water quality data were relatively
large, and the concentrations of TN and TP were much higher than the Class V thresholds defined in
the EQSSW (Table 3), a typical heavily polluted stream water environment.
4.2. Effects of Land Uses Types on Stream Water Quality
4.2.1. Nutrient and Heavy Metal Concentrations
The construction land area was an important factor to explain the change of TN concentration
in stream waters (Figure 6). Under the circular buffer scale, the industrial, commercial, road and
urban greenspace land uses were the primary sources of nitrogen pollution, whilst the areas of forest,
wetland and river had significant negative correlations with the TN, showing effective degradation
and purification effects on nitrogen pollution [23,51–54]. If only considering the TN, more than 80%
sampled streams were beyond Class V, and this could be closely related with the densely distributed
industrial land in this region, and further, the associated pollution might have exceeded the pollution
load capacity of local aquatic ecosystems.
Compared with the TN, the TP had relative weak correlations with particular land uses. We found
the TP had significant correlation with the industrial land area but no significant correlations with
the area of forest, as well as wetland (Figure 7). This suggests that the TN and TP might have varied
sensitivities to land use patterns, and the TN might be a more sensitive indicator of land use changes.
We suggested that the TN might be more heavily influenced by human activities coupled with specific
land use patterns, while the TP might be more controlled by strong point source emissions and had
relative weak correlations with land use changes [55,56].
There was uncertainty in the relationships between the cropland area and concentrations of the
TN and TP. The cropland area negatively correlated with the TN and TP, but neither was statistically
significant, so it was not an appropriate factor that can be closely related to the eutrophication of water
quality in this study area, despite in some cases where the cropland area was proved to be a promising
predictor [57,58]. More specifically, this uncertainty could be closely related with local topography,
cultivation practices and fertilizer usages [59–61]. The densely distributed stream network, including
numerous ponds, made this study area more like a wetland from the functional perspective, and this
kind of special geographical environment may have greatly weakened the pollution concentration
coming from agriculture.
Generally, the construction land is the main source of heavy metal pollution, while the forest
and wetland could absorb and promote the transformation of heavy metals [58,62]. In this study,
we found significant positive correlations between heavy metals (e.g., Ni) and the areas of industrial,
road and urban greenspace land uses, including significant negative correlations with the forest area at
certain buffer scales. Similar to the cases of the TN and TP, there were also uncertainties in correlations
between heavy metals and the cropland area, and both positive and negative correlations could be
found (e.g., As and Mn). It was noted that there were relationships hard to interpret between certain
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heavy metals and some specific land uses (e.g., wetland and residential land uses); we suggested that
this might be connected with the regional background sources [63,64].
The urban greenspace is a kind of urban construction land with special ecological significance,
but we found that the area of urban greenspace, similar to the road, usually had significant positive
correlations with the TN, TP and Mn at multiple buffer scales. Considering that the study area was still
in the process of rapid urbanization, large parts of the greenspace distributed along with the road and
traffic facilities, so it could be a main sink of vehicle pollutant emissions.
4.2.2. Algae Biomass
The TN and TP showed close relationships with the algae biomass (Table S2 in the Supplementary
Materials), as shown by the positive correlations with the TChla and ChlaChlo, respectively. However,
the relationship between the algae biomass and land use pattern was still not straightforward.
For example, it was not surprising that the TChla positively correlated with the areas of construction
lands, i.e., the industrial, road, urban greenspace and under construction land uses, at the riparian
buffer scales (Figure 8). However, our results showed that the TChla positively correlated with the
wetland areas, which was against the common consensus that the wetlands, e.g., stream, as well as
lake and pond, could reduce the concentration of the TN and TP. It was suggested that, except for the
concentrations of the TN and TP, the structure and growth of algae can also be affected by multiple
factors, e.g., the ratio between the TN and TP, water pH and dissolved oxygen [65,66].
It was noted that the ChlaBaci-Dino was not sensitive to the TN and TP (Table S2 in the Supplementary
Materials), whilst it showed significant negative correlations with the areas of construction lands,
i.e., road and urban greenspace, and significant positive correlations with the forest and wetlands
areas (Figure 9). In terms of spatial distribution, the ChlaBaci-Dino in the central part of the study area
(Hemu and Wuchang wetlands) was relatively higher (Figure S1 in the Supplementary Materials).
We suggested that this anomaly might be caused by the specific community structure of the ChlaBaci-Dino
in the study area [67]. The wetlands in the study area were mainly composed of the stream network
and cropland with closed ponds at the interior, and the impact of this complex land use composition
on the structure and stability of the algae community still needs further study.
4.3. Effects of Land Use Patterns on Stream Water Quality
The land use patterns could explain more than 40% variation in water quality at all spatial scales
(Table 4). This confirmed that land use patterns had a strong impact on water quality in the study area.
For example, we found that the TN and TP were positively correlated with landscape metrics of the
PLAND, LPI, CONTIG, COHE and AI of the road and industrial land uses, whilst negatively correlated
with the PLAND and LPI of the wetland and river land uses in the RDA (Figure 10). The literature also
suggested that the PLAND, LPI and AI are influential metrics on water quality [38,43,68,69].
We found that the larger ED, or higher LSI of the wetland, both correlated with a larger ChlaBaci-Dino
at the 1000-m circular buffer scale. In addition, the higher LSI, SHMN and FDMN or lower AI and
CONTIG of the forest were also positively correlated with the ChlaBaci-Dino (Figure 10). This suggested
that the ChlaBaci-Dino biomass may have close relationships with the complexity and fragmentation
characteristics of land use composition, and it emphasized the importance of the spatial structure of
land use in this kind of study.
It was noted that the percentages of the explained variations of water quality by the CONTIG
and COHE (connectedness); PLAND and LPI (dominance) and SHMN, FAMN and LSI (complexity)
were very close. This finding might be helpful in water quality management practices, in that different
kinds of compositions of landscape metrics could have similar explanation capabilities in water
quality variations.
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4.4. Influence of Spatial Scale on Land Use-Water Quality Relationships
Our results showed that the response characteristics of stream water quality to land use were
spatial scale-dependent. Under the circular buffer scale, the land use was more closely related with the
TN, but the corresponding buffer scales varied with particular land uses (Figure 6). The forest and
urban greenspace were more influential to the TN at small buffer scales, and there was a tendency that
the correlations (positive) between the TN and industrial land area increased, whilst the correlations
(negative) generally decreased with the areas of wetland and river as the buffer scales increased.
This suggests that the TN and TP could be partially mitigated by a more rational spatial arrangement
of the lands of industry and forest or wetlands [70,71]. We also found strong correlations between land
use and algae biomass at the riparian buffer scales (Figure 8), and this implies that the riparian buffer
zone could play a key role in the conservation of aquatic ecosystems [72].
The land use patterns also showed scale effects on the water quality in the study area. The variation
in water quality explained by the landscape metrics increased with the increasing of the spatial scale,
and the total explained variation was up to 80% at the 1000-m circular buffer scale (Table 4). It means
that the land use pattern could have continuously improving explanatory capabilities on the water
quality, and this finding is consistent with other studies [25,29,68]. In this study, the maximum buffer
width was 1000 m to avoid overlap with the neighboring buffer zones, but it would be worth it to
explore what would be the relationship if the buffer scale further increased if data allowed.
5. Conclusions
The construction land area was an important factor to explain the variation of the TN concentrations
in stream water. At the circular buffer scales, the industrial, commercial, road and urban greenspace
land use areas significantly positively correlated with the TN; whilst the forest, wetland and river
land use areas had significant negative correlations with the TN. The response characteristics of the
stream water quality to land use were spatial scale-dependent. Under the circular buffer scale, the TN
was more closely related with the land use status, but the corresponding buffer scales varied with
the particular land use types. The forest and urban greenspace were more influential to the TN at
small buffer scales, whilst significant positive or negative correlations could be found between the TN
and the areas of industrial land or the wetland and stream as the buffer scales increased. Therefore,
it might be possible to more quantitatively manage the water environment by identifying the particular
buffer scales that closely relate with specific water quality parameters, for example, a more rational
spatial arrangement of the industry land at larger spatial scales and the forest at smaller spatial scales
to mitigate the TN and TP. In addition, there were more relevant correlations between the land use and
algae biomass at the riparian buffer scales, and this suggests that the riparian buffer zone could play a
key role in the conservation of aquatic ecosystems.
The land use pattern was an important factor influencing the water quality. The variations in
water quality explained by landscape metrics were greater than 40% at all circular and riparian buffer
scales. The increased landscape metrics of dominance and connectedness and aggregation of the
industrial and road land uses, as well as the decreased landscape dominance metrics of the wetland
and river, were correlated with the increased TN and TP. The land use pattern showed a scale effect on
the water quality. The variation in water quality explained by the landscape metrics increased with the
increasing of the buffer size, and it implies that the land use pattern could have a closer correlation
with the water quality at larger spatial scales. This suggests that more attention should be paid to the
landscape patterns at relatively larger spatial scales in water environment management practices.
Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/4/1123/s1,
Figure S1: Spatial variation of the (a) TN, (b) TP, (c) TChla, (d) ChlaCyan, (e) ChlaChlo and (f) ChlaBaci-Dino. The range
of the corresponding concentration values were classified into six classes based on the natural breaks method.
Table S1: Water quality analysis results of the sampling points. Table S2: Correlation coefficients between the
stream nutrient concentration, heavy metals and algal biomass based on a Spearman’s rank order correlation
analysis. Table S3: Correlations between the TN/TP and land uses at different spatial scales based on a Spearman’s
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rank correlation coefficient. Table S4: Correlations between the TChla, ChlaChlo, ChlaBaci-Dino and land use at
different spatial scales based on a Spearman’s rank correlation coefficient. Table S5: Correlations between heavy
metal concentrations and land uses at different spatial scales based on a Spearman’s rank correlation coefficient.
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Abstract: Water quality forecasting is increasingly significant for agricultural management and
environmental protection. Enormous amounts of water quality data are collected by advanced
sensors, which leads to an interest in using data-driven models for predicting trends in water quality.
However, the unpredictable background noises introduced during water quality monitoring seriously
degrade the performance of those models. Meanwhile, artificial neural networks (ANN) with
feed-forward architecture lack the capability of maintaining and utilizing the accumulated temporal
information, which leads to biased predictions in processing time series data. Hence, we propose
a water quality predictive model based on a combination of Kernal Principal Component Analysis
(kPCA) and Recurrent Neural Network (RNN) to forecast the trend of dissolved oxygen. Water
quality variables are reconstructed based on the kPCA method, which aims to reduce the noise from
the raw sensory data and preserve actionable information. With the RNN’s recurrent connections, our
model can make use of the previous information in predicting the trend in the future. Data collected
from Burnett River, Australia was applied to evaluate our kPCA-RNN model. The kPCA-RNN
model achieved R2 scores up to 0.908, 0.823, and 0.671 for predicting the concentration of dissolved
oxygen in the upcoming 1, 2 and 3 hours, respectively. Compared to current data-driven methods like
Feed-forward neural network (FFNN), support vector regression (SVR) and general regression neural
network (GRNN), the predictive accuracy of the kPCA-RNN model was at least 8%, 17% and 12%
better than the comparative models in these three cases. The study demonstrates the effectiveness of
the kPAC-RNN modeling technique in predicting water quality variables with noisy sensory data.
Keywords: water quality; machine learning; recurrent neural network; PCA
1. Introduction
Surface water quality has a strong dependence on the nature and extent of agricultural, industrial
and other anthropogenic activities within a region’s catchments [1]. The reliable prediction of water
quality is crucial in order for decision-makers to improve water quality management and protection
activities [2]. However, forecasting the temporal variation of water quality parameters for surface river
system can be a significantly challenging task owing to rapidly changing environmental conditions
and insufficiently historical data records [3].
Dissolved oxygen (DO) content is one of the most vital water quality variables as it directly indicates
the status of the aquatic ecosystem and its ability to sustain aquatic life [4]. Rapid decomposition of
organic materials, including manure or wastewater sources, can quickly take the DO out of water
in few hours, resulting in deficient DO levels that can lead to stress and death of aquatic fauna [5].
For example, DO levels that remain below 1–2 mg/L for a few hours can result in large fish kills.
In pond management, an aeration system can quickly increase dissolved oxygen levels if the decreasing
of dissolved oxygen in the water can be predicted. Hence, short-term predictions of DO are critical in
delivering good water quality management [6].
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Various mechanism models have been applied for predicting the concentration of DO [7].
The mechanism model considers many factors such as physical, chemical, and biological factors
affecting the change of water quality. The common mechanism models include the BASINS model
system [8], the MIKE model system [9], and the QUAL2K model system [10]. However, it is often
challenging to simulate the target water quality systems when lacking adequate monitoring data or
background information [11]. Consequently, those models are not likely to be able to be generalized
without significant parameter adjustment [12].
Data-driven models have received increasing attention in predicting the concentration of DO
based on the sensory data. For example, in the study proposed by Zhang [13], a multi-layer feedforward
neural network (FFNN) is designed for predicting the trend of dissolved oxygen of the Baffle Creek
in Australia. In their approach, a mutual information-based feature selection strategy is introduced
to pick up the relevant water quality variables for DO forecasting. Antanasijević et al. [14] tested the
effectiveness of applying general regression neural network (GRNN) models for the forecasting of DO
in the Danube River, Europe. In their experiments, 19 water quality parameters, five different data
normalization methods, and three input selection techniques were tested to find the best combination.
In addition, Li et al. [15] evaluated the performance of support vector regression (SVR) for the
prediction of DO concentration based on multiple water quality parameters. The SVR was optimized by
the particle swarm optimization algorithm and achieved superior performance than linear regression
models. Though various data-driven models have been tested in predicting the trend of DO, most
existing models lack the mechanisms in processing temporal data. Under these circumstances, seasonal
or diurnal patterns within the water quality data are hard to be captured [16].
Apart from model architectures, the quality of input data also has an enormous influence on the
data-driven model’s performance [17]. The high-frequency data collected by sensors are prevalent in
building water quality forecasting models. However, random errors generated by the environment,
instruments or network transmission are unavoidable when monitoring water quality variables [18,19].
Though techniques such as z-score and min-max are used in preprocessing input data for data-driven
models [14], those techniques aim to rescale the numeric range of water quality variables instead of
reducing sensor noise. Accordingly, the unwanted noise would be accepted by the data-driven models,
which increases the challenges for generating accurate predictions for water quality variables.
In this paper, we propose a water quality predictive model based on Kernel Principal Component
Analysis (kPCA) and Recurrent Neural Network (RNN) to solve the above issues. Our work differs
from other comparative approaches in the following two aspects:
• Kernel Principal Component Analysis (kPCA) is implemented to reconstruct the input water
quality data. Instead of feeding the water quality sensor data into the data-driven models directly,
we pick up the top-ranked principal components as the new inputs. Meanwhile, the dropped
principal components are expected to contain background noise. In this way, the reconstructed
inputs only have useful information included.
• A recurrent neural network (RNN) is designed to capture the temporal variations within water
quality variables and utilize the historical changing patterns as a guide for predicting water
quality in the future.
This study aims to evaluate the predictive accuracy of the kPCA-RNN model by comparing it
with three data-driven methods discussed above. The evaluation is undertaken on a case study of DO
concentrations in Burnett River, Australia.
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2. Material and Methods
2.1. Study Area and Monitoring Data
2.1.1. Overview
The Burnett River is located on the southern Queensland coast and flows into the coral sea of
the South Pacific Ocean. Cultivation of sugar cane and small crops are important land uses in this
region. The total area of the catchment is about 33,000 km2. Figure 1 illustrates the location and
extent of the catchment. Time series physiochemical water quality variables analysed in this study
were obtained by a YSI 6 Series sonde sensor near the Bundaberg Co-op Wharf (Figure 1) [20]. Water
quality variables such as temperature, electric conductivity (EC), pH, dissolved oxygen (DO), turbidity,
and chlorophyll-a (Chl-a) are recorded with 1 h time interval for 5 months in 2015 (Table 1).
Figure 1. Burnett River catchment area and the monitoring site. This monitoring site is part of the
Queensland Government’s water quality monitoring network [21].
Table 1. Water quality data from 1 June 2015 to 31 October 2015.
Variables No. of Data Unit Min Max Median Mean SD 1 CV 2 (%)
Temperature 3672 ◦C 16.1 27.9 21.0 21.4 2.3 11
EC 3672 uS·cm−1 613.0 49,150.0 45,750.0 44,712.1 3566.8 8
pH 3672 7.5 8.4 7.9 7.8 0.1 2
DO 3672 mg·L−1 5.2 13.0 6.8 6.9 0.9 13
Turbidity 3672 NTU 2.6 63.0 8.2 9.5 4.7 50
Chl-a 3672 μg·L−1 0.1 137.6 2.6 3.5 3.6 102
1 standard deviation; 2 coefficient of variation.
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2.1.2. Water Quality Statistical Analysis
As demonstrated in Table 1, Chl-a and turbidity have larger variability than other water quality
variables (CV > 50%). In the case of turbidity, this is due to extreme weather events [22]. The variability
of Chl-a concentration can be affected by the discharge of river, temperature, and salinity variation.
The high variability in turbidity and Chl-a are caused by a small number of observations with high
values (Figure 2). Additionally, outliers of EC tend to have lower measurement values. These outliers
can be caused by variations in river flow of other characteristics of the catchment. Ignoring those
variations may cause serious information loss.
Figure 2. Data distribution for six water quality variables.
Figure 3 illustrates the changing patterns of DO both within a day and over a consecutive number
of days. It is obvious that the concentration of DO follows a similar daily pattern, which makes it
possible to predict the changing of DO. However, when tracking the concentration of DO in a larger
time scale, it is plain to see that the mean value of the concentration of DO is increasing incrementally
in the first half of the month and reach the peak value around 21 September. After keeping the
high-level concentration for a few days, the DO level decreases gradually till the end of the month.
This situation happens when unexpected activities are happening, such as heavy rainfall, excessive
algae, and phytoplankton growth. In these circumstances, the predictive models should capture the
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daily temporal pattern when forecasting future DO concentration. Moreover, the model should be
robust so it can have stable prediction performance at different time steps.
Figure 3. The concentration of DO measured in October 2015. The orange line describes the overall
trend of DO concentration in this month. The green shape is an example of the daily pattern of DO
concentration.
Figure 4 depicts the autocorrelation of DO for 48 hourly time steps over two days. The plot shows
the correlation after the 26th lag is not statistical significance. It means that, in order to predict the
trend of DO concentration, the information in the previous 26 h is the most important. This result is
also supported by the fact that the concentration of DO follows a daily pattern (Figure 3).
Figure 4. Partial autocorrelation of DO. The concentration of DO is collected hourly.
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Hence, by both considering the partial autocorrelation results and the trends of DO under different
time scales, we choose to use the data from 24 historical time steps as the input for our predictive
model. In this way, the input can cover the information from the previous 24 h, which indicates the
complete daily pattern of the DO concentration.
2.2. kPCA-RNN Model Description
2.2.1. Kernel PCA Based Input Abstraction
Principal component analysis (PCA) is routinely applied for linear dimensionality reduction
and feature abstraction [23]. The diagonal of the correlation matrix transforms the original principal
correlated variables into principal uncorrelated (orthogonal) variables called principal components
(PCs), which are weighed as linear combinations of the original variables. The eigenvalues of the PCs
are a measure of associated variances, and the sum of the eigenvalues coincides with the total number
of variables.
The standard PCA only allows linear dimensionality reduction. However, the multivariate water
quality data have a more complicated structure which cannot be easily represented in a linear subspace.
In this paper, kernel PCA (kPCA) [24] is chosen as a nonlinear extension of PCA to implement nonlinear
dimensionality reduction for water quality variables. The kernel represents an implicit mapping of the
data to a higher dimensional space where linear PCA is performed.
The PCA problem in feature space F can be formulated as the diagonalization of an l-sample








where Φ(xi) are centred nonlinear mappings of input variables xi ∈ Rn. Then, we need to solve the
following eigenvalue problem:
λV = ĈV,
V ∈ F, λ ≥ 0. (2)
Note that all the solutions V with λ ≥ 0 lie in the span of Φ(x1), Φ(x2), ..., Φ(xl). An equivalently
problem is defined below:
nλα = Kα, (3)
where α denotes the column vector such that V = ∑li=1 αiΦ(xi), and K is a kernel matrix which satisfies
the following conditions:
∫∫
K(x, y)g(x)g(y)dxdy > 0,∫
g2(x)dx < ∞,
(4)
where K(x, y) = ∑∞i=1 αiψ(x)ψ(y), αi ≥ 0. Then, we can compute the kth nonlinear principal component
of x as the projection of Φ(x) onto the eigenvector Vk:




αki K(xi, x). (5)
Then, the first p < l nonlinear components are chosen, which have the desired percentage of data
variance. By doing this, the complexity of the original data series can be greatly reduced.
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2.2.2. Recurrent Neural Network
Recurrent Neural Networks (RNN) have gained tremendous popularity over the last few years
because of their capability in handling unstructured sequential data. In contradistinction to the
feed-forward neural network, RNN has the information travelling in both directions. Computations
derived from the earlier input are fed back into the network, which is critical in learning the nonlinear
relationships between multiple water quality variables.
The general input to an RNN model is a variable-length sequence x = {x1, x2, ..., xT} where
xi ∈ Rd and d represents the dimention of xi. At each time step, RNN maintains its internal hidden
state h, which results in a hidden sequence of {h1, h2, ..., hk}. The operation of an RNN at time step t
can be formulated as:
ht = f (wxhxt + whhht−1), (6)
where f () is an activation function, wxh is the matrix of conventional weights between an input layer x
and a hidden layer h, and whh is the matrix between a hidden layer h and itself at adjacent time steps.
The output of RNN is computed by:
yt = whyht, (7)
where why is the matrix of weights between the hidden layer h and output y.
As exhibited in Figure 5, the structure of the RNN model across time can be expressed as a deep
neural network with one layer per time step. Because this feedback loop occurs at every time step
in the series, each hidden state contains traces not only of the previously hidden state, but also of all





























Input/Output at Time Step t
RNN's Hidden State at Time Step t
Wxh Why Weight Matrix within RNNWhh
Figure 5. Recurrent neural network for predicting DO.
Compared to the transitional feed-forward neural network, the recurrent structure in RNN can
preserve the sequential information in its hidden state. In this approach, the input information can
be spanned many time steps as it cascades forward to affect the processing of each new example.
The features of RNN networks are especially suitable for processing time series water quality data
because of the following reasons: Firstly, water quality data are periodically collected from different
sensors and the previous values have strong relationship with the following changing. Secondly,
the pattern of many water quality variables can only be recognized when enough historical data are
involved and analysed.
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In the proposed water quality predictive model, we apply the RNN structure with the LSTM
cell [26]. To predict the concentration of DO at time step t + 1, the input time series include data in
previous m time steps. Additionally, each time step has n water quality variables. Consequently, each
input of the RNN model can be interpreted as a m × n matrix. The explicit hyperparameters of our
RNN model will be outlined in the following Section 3.2.
2.3. Model Evaluation
We compared the kPCA-RNN model with the following three machine learning methods:
1. Feed-forward neural network (FFNN). FFNN has been broadly adopted for water quality analysis
due to its capability in capturing nonlinear relationships within the short-term period [13].
2. General regression neural network (GRNN). GRNN [27] is a type of radial basis function neural
network that has good nonlinear approximation ability and fast convergence speed. It has been
widely applied in short-term water quality forecasting [14,28].
3. Support vector regression (SVR). SVR is a classic machine learning technique which can map
inputs into higher dimensional space and interpret the problem as a linear regression [29].
The following performance indicators were applied to evaluate the predictive results. Those
are the mean absolute error (MAE), the coefficient of determination (R2), the root mean square error







| fi − f̂i| (8)
R2 = 1 − ∑
n
i=1( fi − f̂i)2













, m = |0.9 < f̂i
fi
< 1.1| (11)
where fi, f̂i, n, and m represent the observed value, the predicted value, the number of observations,
and the number of predictions within a factor of 1.1 of the observed values, respectively. Additionally,
fi = 1n ∑
n
i=1 fi.
2.4. Workflow of Predicting DO
Figure 6 depicts the workflow of predicting the concentration of DO by using the kPCA-RNN
model. There are two key steps in this workflow: applying the kPCA to denoise and reconstruct input
data and implementing the RNN model to forecast the trend of dissolved oxygen in future time steps.
Firstly, the kPCA method is implemented on the tabulated water quality data (Table 1) to create
corresponding principal components. The principal components with less importance are dropped
to reduce the background noise in the original water quality dataset. Consequently, the remaining
principal components are selected as new inputs for the predictive model.
Next, the input data are formed to m × n matrix as we explained in Section 2.2.2. After training
and testing the RNN model, the concentration of DO in the upcoming time steps can be estimated.
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Figure 6. Workflow for predicting DO by applying the kPCA-RNN model. The dotted box highlights
the key components of this proposed workflow.
The kPCA-RNN model described in Figure 6 differs from most existing DO forecasting models in
the following aspects:
1. Instead of using the sensor data directly, the kPCA method is implemented to the water quality
sensor data to construct new inputs based on principal components. This step can help reduce
the background noise and keep the most useful information for DO forecasting tasks.
2. The recurrent neural network is applied to process the time series water quality data. The recurrent
structure offers a powerful way of capturing the temporal patterns across a period of time, which
is critical in forecasting the changing of DO concentration in the future.
3. Model Application
3.1. Applying kPCA on the Water Quality Data
We applied the kPCA method to the water quality dataset (Table 1) and obtained five principal
components (Table 2).
Table 2. Descriptive statistics of five principal components.






Five principal components (Table 2) are ordered by their corresponded eigenvalue. The first
principal component is the linear combination of all the variables that have a maximum variance,
so it accounts for as much variation in the data as possible. After that, each succeeding component,
in turn, has the highest variance possible under the constraint that it is orthogonal to the preceding
components. The cumulative variance proportion of the first four principal components is 94.8%.
This indicates that, retaining only the first four principal components, one can explain 94.8% of the
full variance.
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Figure 7 demonstrates the correlation scores between each water quality variable and a principal
component (PC). The value at each cross point represents the correlation between two different items
which are named on the left and bottom of the figure. This figure shows how each water quality
variable contributes to each PC and also gives one the insight into how each PC can represent the
information contained in different water quality variables.
Figure 7. Correlations between water quality variables and principal components.
As has been pointed out, the first principal component (PC1) has the highest correlation (dotted
box, Figure 7) with variables like temperature, pH and turbidity. The three dotted boxes in line 5 (PC1)
highlight the highest correlation scores one got from the corresponding water quality variables (listed
in the bottom axis). Furthermore, the second principal component (PC2) has the highest correlation
(dotted box in line 6) with the remaining variables EC and Chl-a. This indicates that, by utilizing only
principal components PC1 and PC2, most information involved in those five water quality variables
can be presented. Furthermore, PC3 and PC4 also have a strong correlation with EC, pH, and Turbidity
(solid box). On the contrary, PC5 has a low value of correlation coefficient to all water quality variables,
which means it carries much noise information [31]. Accordingly, we accept the first four principal
components as new inputs. The kPCA method can reduce the input size by 20% while still keeping the
most valuable information.
3.2. RNN Hyperparameters Settings
One challenge of building a neural network model is optimizing the hyperparameters for
predictive accuracy [32]. Generally, different neural network settings are required to achieve the
promising results for different forecasting tasks. Hence, we need to choose proper neural network
parameters for forecasting DO concentration in three different predictive horizons.
190
Water 2020, 12, 585
Three RNN models were designed to predict the next one, two, and three hours of DO concentration
independently. Each RNN model has various parameters and they all accept four months of data
(2928 samples) for training and one month of data (744 samples) for testing. Based on the partial
autocorrelation analysis in Section 2.1.2, data from the previous 24 time steps were accepted as the
model’s input when predicting the concentration of DO in each future step.
The hyperparameters of the three RNN models were defined in Table 3.
Table 3. Experiments settings.
Model Settings
Experimental Cases
1 h Ahead 2 h Ahead 3 h Ahead
No. of Hidden Layers 1 2 3
No. of Hidden Units 40 30 20
Recurrent Cell LSTM 1 LSTM 1 LSTM 1
Optimizer Adam 2 Adam 2 Adam 2
No. of Historical Time Steps 24 24 24
No. of Training Data 2928 2928 2928
No. of Testing Data 744 744 744
1 Long short-term memory [26]; 2 Adam [33].
3.3. Results and Discussion
Figure 8 illustrates the forecasting of DO concentration during October 2015 under three different
predictive horizons. The upper part of each subfigure compares the actual measurements and
predictions of the DO concentration at each time index. In all the three subfigures, over 90% of
the predictions are located in the F1.1 range. This means that the proposed kPCA-RNN model can
capture the moving average of the DO concentration. By learning information from the previous 24
time steps, the model can avoid most of the severe bias estimations.
The model yields predictions with R2 value of 0.908 for 1 h ahead forecasting in Figure 8a. For 1 h
ahead prediction, there is no time gap between the model’s inputs and the prediction. In order to predict
DO concentration at a specific time step, the model can learn all the historical measurements until the
previous hour. Thus, the proposed kPCA-RNN reaches the highest accuracy for 1 h ahead forecasting.
Similarly, our proposed model achieves R2 value of 0.823 for 2 h ahead forecasting in Figure 8b.
When increasing the predictive horizon, the model does not predict what will happen after the last
true measurement. Instead, the model needs to take a further step to generate the prediction. This
usually happens when the model acts as an early warning system so there can be enough time for
delivering management activities based on the forecasting results. In this circumstance, the model can
only utilize what has been measured already to make the prediction. Hence, the prediction accuracy
decreases slightly in this case.
In Figure 8c, the model obtains R2 value of 0.671 for 3 h ahead forecasting. As we discussed above,
it becomes more challenging when one increases the predictive horizon, while, in this case, around
93% prediction results are still within ± 10% range of the original observations (FA1.1). This gives us
confidence that the proposed kPCA-RNN model can still yield promising estimations. As we discussed
in Section 1, the rapidly changing of DO concentration in a few hours can put aquatic life under high
stress. Hence, the promising predictions in a few hours ahead are significant in early warning and
changing management activities.
In addition, we also listed the RMSE value at each time step for all the three experimental
cases (lower part of each subfigure in Figure 8). This offers us a detailed insight into the prediction
performance of the proposed kPCA-RNN model. The RMSE figures clearly indicate that our model
has a stable performance accuracy at most of the time steps. This is critical in applying the model in
processing the real-world water quality sensor data.
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(a) 1 h Ahead DO Concentration Prediction.
(b) 2 h Ahead DO Concentration Prediction.
(c) 3 h Ahead DO Concentration Prediction.
Figure 8. 1, 2 and 3 h ahead predicting for the concentration of DO. In the upper part of each subfigure,
the grey shadow, solid line and dotted line represent the FA1.1 range, DO observations and predictions,
respectively. The lower part of each subfigure describes the RMSE value at each time step.
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As can be seen, most biased estimations happened between 21 October 2015 and 29 October 2015,
where there was a strong fluctuation of DO concentration. In the water monitoring reports published
by the Queensland Government, there was a large amount of discharge for total nutrients, dissolved
and particulate nutrients during that period of time. On the contrary, the discharge in the previous
months was low. It indicates that the trend of concentration of DO was changing more frequently
and heavily in October. However, the kPCA-RNN model is trained based on the concentration of DO
obtained from historical months with regular DO change. Consequently, there are some predictions
below the high points of the observations; for example, the predictions around 22 October 2015. Hence,
it is necessary to involve extra water quality data to cover a longer time period.
We additionally compared the performance of the kPCA-RNN model with three models stated in
Section 2.3. The same data set described in Section 2.1.1 was applied in all cases. For FFNN, we set the
same neural network size as in the kPCA-RNN model. For GRNN, the standard deviation is set to
10 for the high dimensional inputs. For SVR, the Radial Basis Function kernel (RBF) is taken as the
nonlinear kernel. The corresponding results are listed in Table 4.
Table 4. Performance comparison with the FFNN, SVR and GRNN.
Predictive Models
Evaluation Criteria
MAE R2 RMSE FA1.1
1 h Ahead Prediction
kPCA-RNN Model 0.149 0.908 0.208 0.995
FFNN 0.175 0.893 0.224 0.989
SVR 0.219 0.810 0.299 0.962
GRNN 0.263 0.727 0.355 0.944
2 h Ahead Prediction
kPCA-RNN Model 0.211 0.823 0.288 0.973
FFNN 0.258 0.757 0.338 0.958
SVR 0.314 0.594 0.437 0.890
GRNN 0.295 0.648 0.403 0.926
3 h Ahead Prediction
kPCA-RNN Model 0.303 0.671 0.394 0.926
FFNN 0.455 0.358 0.550 0.756
SVR 0.358 0.515 0.478 0.858
GRNN 0.320 0.562 0.450 0.910
The kPCA-RNN models offer the best performance in all three of the prediction cases (Table 4).
For example, in the 1 h ahead prediction, 99.5% of the predictions are within the FA1.1 range, which
demonstrates that the model has a stable accuracy for most predictions.
Specifically, the kPCA-RNN model has 8%, 17% and 40% improved performance on the RMSE
than the FFNN in all three of the cases, respectively. Similarly, the kPCA-RNN model achieves 43%,
52% and 21% improved performance on the RMSE over the SVR. Compared to GRNN, our proposed
model gains 41%, 29% and 12% performance improvement on the RMSE scores. The FFNN, SVR and
GRNN are ineffective in predicting the changing of DO concentration with 2 or 3 h predictive horizon
because their model structures are not designed to handle time series data and the temporal pattern
cannot be efficiently captured.
Hence, the kPCA-RNN model can perform as an early warning predictor for DO in application
areas such as aquaculture ponds. By providing the DO significant changing alarm, farmers can consider
appropriate actions to maintain the DO on a suitable level for the health of the aquatic ecosystem.
4. Conclusions
To summarize, the kPCA-RNN model was able to successfully predict the trend of DO in the
following 1 to 3 h. We evaluated our model based on water quality data from Burnett River, Australia
and compared it with the FFNN, SVR and GRNN methods. The results demonstrate that our method
193
Water 2020, 12, 585
is more accurate and stable to the alternative methods, especially when the predictive horizon is
increasing. Furthermore, as a data-driven modeling method, the kPCA-RNN model is not limited to a
specific hydrological area and can be extended to predict various water quality variables.
For future work, inputs can be improved to include extra information such as rail fall and cover
more extended periods of time. In addition, the water quality predictive model can be extended to
support predicting multiple water variables simultaneously.
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Abstract: Optimal nutrient pollution monitoring and management in catchments requires an in-depth
understanding of spatial and temporal factors controlling nutrient dynamics. Such an understanding
can potentially be obtained by analysing stream concentration–discharge (C-Q) relationships for
hysteresis behaviours and export regimes. Here, a classification scheme including nine different
C-Q types was applied to a total of 87 Nordic streams draining mini-catchments (0.1–65 km2).
The classification applied is based on a combination of stream export behaviour (dilution, constant,
enrichment) and hysteresis rotational pattern (clock-wise, no rotation, anti-clockwise). The scheme has
been applied to an 8-year data series (2010–2017) from small streams in Denmark, Sweden, and Finland
on daily discharge and discrete nutrient concentrations, including nitrate (NO3−), total organic N
(TON), dissolved reactive phosphorus (DRP), and particulate phosphorus (PP). The dominant nutrient
export regimes were enrichment for NO3− and constant for TON, DRP, and PP. Nutrient hysteresis
patterns were primarily clockwise or no hysteresis. Similarities in types of C-Q relationships were
investigated using Principal Component Analysis (PCA) considering effects of catchment size, land
use, climate, and dominant soil type. The PCA analysis revealed that land use and air temperature
were the dominant factors controlling nutrient C-Q types. Therefore, the nutrient export behaviour
in streams draining Nordic mini-catchments seems to be dominantly controlled by their land use
characteristics and, to a lesser extent, their climate.
Keywords: water quality; concentration–discharge relationship; export behaviour; hysteresis; PCA
1. Introduction
The need for nutrient load reduction from both agricultural and non-agricultural lands to avoid
harmful impacts on groundwater and surface water resources, including eutrophication and hypoxia
in aquatic ecosystems, is widely recognised [1]. The Baltic Sea is among the most heavily degraded
Water 2020, 12, 1776; doi:10.3390/w12061776 www.mdpi.com/journal/water197
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marine ecosystems worldwide, due in part to excessive nutrient loads [2]. Nordic countries in the Baltic
region also suffer from nutrient pollution issues and their management requires better understanding
of the nutrient sources [3].
Understanding the temporal and spatial mechanisms of nutrient dynamics as well as a diversity
of factors controlling the transfer of nutrients to surface waters is essential for setting targets for water
quality thresholds and providing catchment-scale non-point nutrient pollution mitigation options [4–6].
However, nutrient pollution is particularly difficult to manage, as controlling factors include complex
hydrological and biogeochemical processes and relationships between nutrient sources, forms, and
their transport to surface waters [6–11]. Among the relevant spatial controls of nutrient dynamics, we
can mention the distribution and area of land use pressures on water quality, erodibility, and leaching
sensitivity for sediment and nutrients, available water for transport, and hydrological connectivity
which is related to geology, land use, topography, and climate [12–14]. Discharge and nutrient
concentrations are basic stream measurements for quantifying nutrient export from catchments and
are needed for obtaining an integrated understanding of stream hydrological and biogeochemical
processes [15]. Moreover, assessments of the temporal variability of controls on nutrients transported
by streams and their drivers, including agricultural land use/management, hydro-meteorological
variables, and nutrient pathways [16–18] are important for designing water quality management
strategies [19].
Understanding the complexity of catchment-scale spatial and temporal mechanisms of nutrient
dynamics and loads is difficult and demanding [5,17]. Many studies have investigated the relationship
between discharge (Q) and concentration (C) to characterise the temporal and spatial variability of
nutrient loads and several indicators have been suggested [20–37]. Some earlier studies have proposed
that relationships between C and Q can be described using log-linear relationships. These relationships
can be chemo-static, i.e., constant C across all Q values, or chemo-dynamic with either a positive
relationship defined as enrichment where C increases with Q or dilution when C decreases with
increasing Q [20–22,25,26,32].
Given that a log-linear relationship between C and Q often does not sufficiently capture the
variability of the data, some researches have suggested splitting concentration–discharge (C-Q) curves
at the median flow to analyse the C-Q relationships during low and high flows separately [36,37].
Hysteresis patterns in C-Q relationships have also analysed to identify time lags between C and Q
during runoff events [29,38]. Hysteresis patterns can either be clockwise (higher concentrations at the
rising limb compared with the falling limb of the hydrograph) or anticlockwise (lower concentrations
at the rising limb compared with the falling limb of the hydrograph).
When developing typologies describing similarities in catchment solute exports, there is a need for
including both spatial and temporal controlling factors. To this end, a classification scheme for deriving
typologies from low-frequency (e.g., monthly) water quality data distinguishing between nine different
C-Q relationship types, defined as combinations of export behaviour and the rotational pattern of the
hysteresis has been developed [35]. To be able to better represent catchment and substance-specific
export characteristics, they used C-Q relationships with hydrograph segmentation where C-Q curves
were split at an automatically derived optimal segmentation discharge, and introduced separate C-Q
models for rising and falling hydrograph limbs. Assessing export behaviour and rotational pattern
of the hysteresis based on water quality data in mini-catchments seems promising to gain more
knowledge about C-Q dynamics and their spatial controls. The importance of mini-catchments is due
to the intimate connection between terrestrial and aquatic ecosystems. This is of great significance for
water resource management because small headwater streams markedly influence the downstream
water quality [39].
Therefore, the main objectives of our study were to explore mini-catchment similarity in C-Q
relationships for different N and P forms and to identify spatial and temporal controls on in-stream
nutrient concentrations. We hypothesised that development of a mini-catchment typology can assist
in informing stakeholders on the expected impacts of climate change, land use change, and nutrient
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management for the resulting nutrient losses and eutrophication impacts. To address these objectives,
we investigated daily discharge and discrete nutrient (nitrate, organic N, dissolved reactive P, and
particulate P) concentration data collected over an 8-year period from 87 small streams in Denmark,
Sweden, and Finland.
2. Materials and Methods
2.1. Data and Study Sites
Discharge and nutrient concentration data were obtained from a total of 87 Nordic streams draining
catchments with a size ranging from 0.1 km2 to 65 km2 in Denmark, Sweden, and Finland (Figure 1).
An 8-year daily record (2010–2017) of stream discharge and weekly to bi-weekly concentration
measurements for nitrate (NO3−), total organic N (TON calculated as total N minus NO3−), dissolved
reactive phosphorus (DRP) and particulate P (PP defined as total P minus DRP) were available. We used
56 stations in Denmark, 13 in Sweden, and 18 in Finland (Table 1, Table S1).
 
Figure 1. Locations of the mini-catchments investigated in the study.
Table 1. Numbers of stations and total number of nutrient monitoring concentrations for N (nitrate and
total organic N) and P forms (dissolved reactive P and particulate P) per year for streams in Denmark,




Number of Nutrient Concentration Observations
per Year per Station






Max Min Max Min
Denmark 56 104 276 55 47 105 265 60 44
Sweden 13 186 209 143 16 186 209 143 16
Finland 18 123 200 57 37 120 192 52 36
The Danish data were extracted from the national monitoring database (ODA) at Aarhus
University [40]. The Swedish data on agricultural catchments were extracted from the river flow
199
Water 2020, 12, 1776
monitoring programs for small agricultural catchments [41]. Data on forested (non-agricultural)
catchments were obtained from the Swedish Integrated Monitoring programme [42]. The Finnish data
were extracted from the hydrological database of the Finnish Environment Institute (SYKE) [43]. Mean
annual precipitation in the study region ranges from 513 mm to 763 mm (standard reference period
1971–2000) and mean daily air temperature between −0.42 ◦C and 8.84 ◦C (standard reference period
1971–2000). The climatic characteristics with a resolution of a 0.5 degree grid (50 km) were derived
from a database provided by the Swedish Meteorological and Hydrological Institute (SMHI). Land use
data were reported as percentages of agriculture (including arable and grassland used for agriculture)
and nature (including forested and naturally vegetated land) and were derived separately for each
catchment in Denmark [44], Sweden [41,42], and Finland [45,46] (Table S2). As built up areas and open
water areas (watercourses, ponds, lakes, etc.) are not included, land use values do not necessarily sum
to 100%. Soil characteristics were derived from the 1:5000000 scale FAO Digital Soil Map of the World
(DSMW). Soils were reclassified into 6 classes (Table S3) based on percentages of sand, till, moraine,
sediment, gravel, and organic soil.
2.2. Analysis of Concentration–Discharge (C-Q) Relationships and Classification
We classified nine types of concentration–discharge (C-Q) relationships based on export regime
and hysteresis [35] (Figure 2). We distinguished three export regimes: enrichment (increase of C with
Q), constant (no significant relationship between C and Q) and dilution (decrease of C with Q), and three
hysteresis patterns: clockwise, no hysteresis, and anticlockwise. An export regime showing enrichment
is likely the result of solute mobilisation due to large element storage such as nitrate leaching from
arable soils and mobilisation of legacy nutrients in the catchment [25,47]. A constant export regime
may be indicative of a similar element distribution, fixed source areas, or concurrent hydrological
and biogeochemical processes [26,37,48]. In contrast, dilution regimes are caused by source limitation
such as a decrease in the number of point sources or exhaustion of catchment pools [25]. Clockwise
hysteresis may be related to a fast response to flushing or erosional processes while anticlockwise
hysteresis may be caused by delayed transport processes from, e.g., groundwater and upstream parts
of the catchment [33].
C-Q relationships were specified according to a power-law model (Equation (1)):
C = aQb (1)
where C is concentration, a a coefficient with units of concentration/discharge, Q discharge, and b is a
unitless exponent representing the slope of the log-transformed C-Q relationship. All models were fit
using R-3.6.1 [49] using the nlsLM function in minpack.lm [50]. To better represent specific export
characteristics at catchment scale, we used an automatically derived optimal segmentation discharge
and separate C- Q models for rising and falling hydrograph limbs [35]. We estimated parameters for
four different C-Q models depending on whether the chemical measurement was made on a rising or
falling limb of the hydrograph and if flow was higher or lower than the optimal segmentation value.
We identified export regimes on the basis of modeled concentrations (N = 200, 100 each for rising and
falling limb based on power-law models) considering high/low flow quantiles and hysteresis. Modeled
rather than observed concentrations were used for classification and better comparability between
catchments with differing chemical sampling frequencies.
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Figure 2. Schematic of the concentration–discharge (C-Q) classification considering both export regime
and hysteresis pattern resulting in 9 types of C-Q relationships. Hysteresis patterns include: clockwise
(concentration (C) at the rising limb (r) is higher than at the falling limb (f)), no hysteresis (no difference
in concentrations at the rising and falling limbs), and anticlockwise (concentration at the falling limb
is higher than at the rising limb). Export regime includes: enrichment (concentration increases with
discharge) and constant (concentration does not change with discharge) and dilution (concentration
decreases with discharge—lower C at high (hQ) than at low discharge (lQ)). Modified from [35].
The analysis of hysteresis patterns was based on discretization of runoff events in long-term
daily discharge time series into rising and falling hydrograph limbs. Runoff events were defined as
consecutive time periods when daily discharge exceeded base flow using the function base flows in
the R package hydrostats [51]. To define rising and falling limbs of the hydrograph, we considered
rising limbs as the periods between the day with the lowest discharge before an event until the peak
flow of the event and falling limbs as the days after peak flow until the lowest flow after the discharge
event. Clockwise hysteresis was identified by higher concentrations on the rising limb. Anticlockwise
hysteresis was identified by higher concentrations on the falling limb. When there were no significant
differences in concentration between the rising and falling limbs of the hydrograph, we assumed that
there was no hysteresis. We classified C-Q types using these models (Equation 1). Hysteresis patterns
were assessed by comparing concentrations on the rising and the falling limb using the Kruskal-Wallis
test (p-value ≤0.05). To investigate whether hydrological regime has any significant importance for
export regime, linear correlations (R2) between base-flow index (BFI) and the exponent of the C-Q
relationships for NO3–, TON, DRP, and PP were calculated. The BFI was defined as the sum of base
flows divided by the total flow [52] using the function base flows in the R package hydrostats [51].
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2.3. Links between C-Q Types and Catchment Characteristics
C-Q types and catchment behaviour were separately related to climatic characteristics (mean daily
climate norms for precipitation and air temperature between 1971–2000), catchment area, land cover
(agriculture and nature), and soil types (Table S2) in each catchment. To investigate similarity C-Q
relationships and to explore dominant influences on the respective groupings, multivariate analyses of
the C-Q relationships and catchment controls for each of the N and P forms were performed using
Principal Component Analysis (PCA) [53]. PCA is a statistical technique for reducing the dimensionality
of large datasets to increase interpretability while simultaneously minimising information loss [54].
It uses an orthogonal transformation to convert a set of observations of possibly correlated variables into
a set of values of linearly uncorrelated principal components that successively maximise variance [55].
We used a PCA Biplot to simultaneously display information on the observations (C-Q types for each
N and P form) and the variables (catchment characteristics) [53]. Two-dimensional Biplots represent
the information contained in two of the principal components and are an approximation of the original
multidimensional space [54]. Biplots typically display the first two principal component axes because
the first principal component (PC1) always is the direction in space along which projections have the
largest variance and the second principal component (PC2) is the direction, which maximizes variance
among all directions orthogonal to the first [56].
3. Results
3.1. Classification of C-Q Relationships for Nutrient Forms
The results for NO3− in the Nordic region showed enrichment in 64% of the catchments (Figure 3
and Table 2), a constant relationship for 24% of the catchments, and dilution accounting for the
remaining 12% (Figure 3 and Table 2). Country-specific analysis for NO3− showed enrichment
dominated in both the Danish (70%) and the Swedish (77%) mini-catchments (Figure 3). In the Finnish
mini-catchments, dilution was also of high importance (39%) (Figure 3). The dominant NO3− hysteresis
patterns in the region were no hysteresis (48%) and clockwise (42%), while anti-clockwise occurred
in only 10% of the catchments (Table 2). The Danish mini-catchments showed primarily clockwise
hysteresis patterns (50%), whereas the no hysteresis pattern was most prevalent in the Swedish (62%)
and Finnish (56%) mini-catchments (Figure 3). The regional results for TON differed from those of
NO3−; a constant C-Q regime type was the dominant behaviour (60%), followed by dilution (24%) and
enrichment (16%) (Figure 3 and Table 2).
Country specific analysis of TON showed constant behaviour dominated in both the Danish (73%)
and the Swedish (46%) mini-catchments (Figure 3). However, in the Swedish mini-catchments, dilution
also was of high importance (39%) (Figure 3). In the Finnish mini-catchments, enrichment (56%) was
the dominant behaviour (Figure 3). The dominant regional TON hysteresis pattern was no hysteresis
(66%), followed by clockwise (31%) and anti-clockwise (3%) (Table 2). The dominant hysteresis pattern
was no hysteresis in Denmark (71%) and Sweden (85%), while the clockwise pattern dominated in
Finland (56%) (Figure 3).
The regional DRP C-Q results showed dominance of constant behaviour for a total of 59% of the
mini-catchments but with a high number of catchments showing dilution behaviour (33%) and very
few showing enrichment (8%) (Figure 3 and Table 2). National patterns for DRP were similar with
dominance of constant behaviour (Figure 3). The dominant hysteresis patterns for DRP in the region
were clockwise (50%), followed by no hysteresis (47%) and anti-clockwise (3%) (Table 2). Clockwise
hysteresis patterns prevailed in Denmark (54%), whereas no hysteresis prevailed in Sweden (54%) and
Finland (56%) (Figure 3).
202
Water 2020, 12, 1776
 
Figure 3. C-Q relationship types (T1–T9) characterising mini-catchments in three Nordic countries:
Denmark, Sweden, and Finland, including nitrate (NO3−), total organic N (TON), dissolved reactive
P (DRP), and particulate P (PP), considering export regime (enrichment, constant, and dilution) and
hysteresis patterns (clockwise, anticlockwise, and no hysteresis).
Similar to DRP, C-Q regional relationships for PP were dominated by constant behaviour (69%),
followed by dilution (20%) and enrichment (11%) (Figure 3 and Table 2). No major national differences
could be seen for PP C-Q behaviour (Figure 3). The dominant regional hysteresis pattern for PP in
the region was clockwise (53%) followed by no hysteresis (44%) and anti-clockwise (3%) (Table 2).
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In the Danish mini-catchments, no hysteresis pattern was clearly the most prominent (59%), whereas
clockwise hysteresis dominated in Sweden (54%) and Finland (89%) (Figure 3). Further information on
C−Q relationship types for nutrient forms is provided in supporting material Table S4.
Table 2. Results on the percentage of mini-catchments in three Nordic countries: Denmark, Sweden,
and Finland, considering export regime (enrichment, constant, and dilution) and hysteresis patterns
(clockwise, anti-clockwise, and no hysteresis) including nitrate (NO3−), total organic N (TON), dissolved
reactive P (DRP), and particulate P (PP).
Nutrient
Form
Catchments Categorized Based on Export Regime or Hysteresis Pattern (%)
Export Regime Hysteresis Pattern
Enrichment Constant Dilution Clockwise No Hysteresis Anti-Clockwise
NO3
− 64 24 12 42 48 10
TON 24 60 16 31 66 3
DRP 8 59 33 50 47 3
PP 11 69 20 53 44 3
The relationships between hydrological regime measured as BFI and export regime for NO3–,
TON, DRP, and PP were also investigated (Figure S1). Export regime for all four nutrient forms shows
significant relationships to the base-flow (BFI) index (Figure S1). Although statistically significant
relationships were obtained for NO3−, TON, DRP, and PP, the explanatory power of the linear regression
was often low. The influence of hydrological regime was strongest for TON (R2 = 0.45 ) and less so for
PP (R2 = 0.11 ), DRP (R2 = 0.27), and NO3− (R2 = 0.13 ).
3.2. Associations between C-Q Types and Catchment Characteristics
Bi-plots showing C-Q relationship types and catchment parameters for each of NO3–, TON, DRP,
and PP are presented in Figure 4. Further information on each PCA is provided in supporting materials
Table S5.
In the PCA analysis for NO3−, PC1 explained 45.2% of the variance, whereas PC2 explained
15.8% (Figure 4A). The most important catchment characteristics for NO3− are land use type and air
temperature; for example, enrichment (T1, T2, and T3) is mainly related to agricultural percentage
cover and higher air temperature (Figure 4A). In the case of constant and dilution behaviour (T4–T8)
they are principally related to percentage natural land cover and lower air temperatures. However,
soil type and annual precipitation also seem to be important parameters in case of the two dilution
behaviours T7 and T9 (Figure 4A).
For TON, the PCA analysis showed that PC1 explains 41.9% of the variance (agriculture and air
temperature) and PC2 explains 16.7% of the variance (catchment area and precipitation) (Figure 4B).
Other important explanatory parameters for TON are low annual precipitation for enrichment types
T1 and T2, whereas the constant (T6) and the dilution type (T9) are related to catchments having
high annual precipitation. In case of the enrichment type (T3) larger catchment size is a dominant
controlling parameter and the dilution types (T7 and T9) are related to catchment soil type (Figure 4B).
The most important catchment characteristics for DRP are land use types and air temperature,
which were related to PC1 that explained 41% of the variance. PC2, which was related to precipitation
and catchment area explained 16% of the variation (Figure 4C). However, precipitation also seems to
influence enrichment types T1 and T2 and the constant type (T4) (Figure 4C).
As for PP, PC1 explained 40.8% and PC2 17.3% of the variance (Figure 4D). The most important
catchment characteristics are land use types and air temperature for PC1 and catchment area for
PC2. The regime types T1 and T2 are positively related and T8 is negatively related to catchment
area. The constant regime types T4, T5, and T6 are related to a mixed-signal of catchment land
use dominance.
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4. Discussion
4.1. Classification of C-Q Relationships for Nutrient Forms
The classification of C-Q relationships obtained from low-frequency concentration data in Nordic
mini-catchments according to export regime and hysteresis patterns provided insight into catchment
behaviour and nutrient export patterns. We found a broad range of C-Q types in the catchments,
whereby all C-Q types occur for all nutrient forms investigated with the exception of C-Q type 3
(i.e., enrichment in combination with anti-clockwise hysteresis) which does not occur for DRP and
PP (Table 2). The complete range of C-Q types in our study might be ascribed to the fact that
only statistically significant patterns of enrichment and dilution over the entire discharge range are
considered, while other patterns, which might show non-statistically significant enrichment or dilution,
are summarised as constant. Furthermore, the mini-catchments are very heterogeneous, including
upland and lowland catchments with contrasting hydro-climatic conditions, topography, and land use
and soil types.
Similar to an earlier Finnish study [25], enrichment behaviour (T1, T2, T3) occurs commonly
in catchments with large and relatively homogeneous element stores for nutrients, indicating
transport-limited export. As for NO3−, enrichment dominated in all countries, suggesting that
high amounts of NO3– in agricultural catchment soils are readily available for leaching. This finding is
consistent with other studies that showed enrichment for NO3– in catchments having a high proportion
of agricultural areas [24,35,37,57]. The clockwise hysteresis pattern, which dominated the smaller
Danish catchments, also points to a fast transport of NO3− from soils to streams, which might be linked
to the dominance of tile-drained arable fields situated near to stream channels [58].
For TON, the differences in response behaviour—constant in Denmark (73%), constant (43%), and
dilution (43%) in Sweden and enrichment in Finland (56%)—might be explained by differences in
catchment sources and pathways. Finnish mini-catchments also had a clockwise hysteresis pattern,
while no hysteresis characterised the majority of Danish and Swedish mini-catchments. This suggests
that the source areas for TON in Finland might be tightly linked to riparian peatlands, whereas
in Denmark and Sweden TON might be transported from more distant soil sources. Enrichment
of TON (T3) can probably also be seen in streams draining dense livestock catchments with high
manure and slurry inputs [35]. Constant behaviour of TON (T4, T5, T6) can result from reciprocal
interactions between different drivers such as simultaneous enrichment and dilution in different
parts of a catchment. Constant behaviour cannot be ascribed to the dominant spatial controls in the
catchments [35]. Nevertheless, our results contrast with another study [47] evaluating variation in C-Q
slopes derived from long-term low frequency N and P measurements that showed strong chemostatic
behavior due to saturation and agricultural legacy effects.
Dilution behaviour (T7, T8, T9) commonly occurs in catchments with source-limited export,
e.g., due to relatively low nutrient storage in non-agricultural catchments. For instance, a general
association between bog (wetland) land cover and dilution caused by denitrification for NO3– is
consistent with other studies [59,60]. Additionally, high volumes of available water for transport in
wet catchments may cause dilution of TON [35,37]. Dilution behaviour can also be described by the
dilution of downstream agricultural or natural or urban sources by runoff from upstream, more natural
parts of the catchments.
For both DRP and PP, constant behaviour dominated in all mini-catchments in all countries,
suggesting the existence of legacy P sources. For PP, the constant behaviour can possibly be explained
by tight connection of legacy sources with the streams, e.g., stream banks can be a major source of
PP [59,61]. For DRP, in one-third of the mini-catchments a dilution pattern was observed (Table 2).
The dilution behaviour of DRP and PP can be ascribed to natural sources or (down-stream) point
sources, which is consistent with other studies [35,37]. Dilution of DRP in catchments with a high
percentage of agricultural land may indicate source-limited mobilisation of legacy stores in the
catchments. The dilution pattern for DRP may also be attributed to point sources such as scattered
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households since these are often constant throughout the year and hence become diluted during
high-flow periods.
A clockwise hysteresis pattern was found, principally for DRP and PP (Table 2). Clockwise
hysteresis (T1, T4, T7) is a sign of fast responses of particulate and solute export to runoff events [33] and
shows a close relationship or high connectivity between sources and receiving streams. This emphasises
the importance of understanding the contribution of mini-catchments to P mobilisation [62,63].
Clockwise hysteresis of DRP and PP is associated mostly with a small percentage of natural land cover
in the catchment points towards a strong influence of fast and highly connected transport pathways and
point sources. The importance of artificial drainage as shortcuts of P exports has been demonstrated in
many previous studies of water and nutrient losses in agricultural catchments [64,65]. Unfortunately,
no detailed information about the occurrence of artificial drainage systems was available for this
study. Therefore, the impact of artificial drainage on DRP and PP hysteresis patterns remains to be
investigated. Anti-clockwise hysteresis (T3, T6, T9) can be explained by delayed transport processes
due to the transport time within soils, the transport time between source areas and the catchment
outlet as well as in-stream processing [33]. No significant association between the hysteresis patterns
of N forms and catchment characteristics were found in this study. However, the hysteresis patterns
documented for N forms might be explained by retardation of flow in soils, denitrification in wetlands,
and the spatial differences in N losses within the catchment, triggering different response times between
runoff events and N concentrations at the catchment outlets.
The contrasting behaviour of N and P can further be attributed to differences in nutrient sources
such as a stronger influence of non-point sources on N than on P that generally originates from point
sources [35]. Furthermore, differences in chemical properties and thus transport pathways might result
in more homogeneous mobilisation of N from the entire catchment, P being predominantly mobilised
from critical source areas with a high potential for surface runoff and a high connectivity with the river
network [66,67].
4.2. Associations between C-Q Types and Catchment Characteristics
Associations between nutrient signals in different C-Q types and catchment characteristics are
generally explained by a mixture of factors within the catchments related to source/pathways (i.e.,
extent and distribution of nutrient storage), soil properties (e.g., organic or mineral soils), and land use
(cropping systems, agricultural intensity), hydrogeology (i.e., The available water for transport and
hydrological connectivity), and climate (e.g., role of snow melt) and human impacts through drainage
and point source discharges.
A conceptual understanding of the potential controls on in-stream nutrient concentrations
underlying the C-Q classification (Figure 2) can be associated with catchment characteristics (Figure 4).
Our multivariate analysis revealed an obvious association between C-Q classification and land use,
which loaded strongly on PC1 for all nutrient forms. Catchment having the highest proportion of
agricultural land showed dominance of enrichment types for NO3−, whereas dilution types were
dominant for catchments having high proportions of natural land (forest or mixed types of natural
vegetation) (Figure 4). These findings confirm the results of a study that aimed to elucidate the patterns
and driving factors behind the N fluxes in a set of catchments in Uruguay and Denmark, which differ
in land use and hydro-climatic conditions [68].
Average air temperature was found to be a co-driving parameter with land use for the different
C-Q types and this is in line with air temperature being a strong controlling factor for mineralization of
organic matter in soils, length of growing season, crop yield, and hence for removal of nutrients with
harvest. Annual precipitation was important for TON, giving rise to constant or dilution types (T6 and
T8) when it is high and enrichment types (T1–T3) when it is low (Figure 4B). This suggests different
mechanisms for TON transport across the Nordic region as it can be supply-limited in wetter catchments
but is transport-limited in drier catchments. Annual precipitation exerted an opposite control on DRP
C-Q relationships as higher values were linked to enrichment types and lower values to dilution types
207
Water 2020, 12, 1776
(Figure 4C). This pattern can possibly be explained by high legacy P stores in agricultural catchments
and the impact of snow and soil frost in the drier, more northerly regions of the Nordic countries.
In Nordic catchments, snowmelt can contribute high amounts of water (up to 70%) to the annual
runoff depending on the local annual climate. Snow and soil frost may affect C-Q relationships in several
ways. In colder Nordic regions, snow accumulates from late autumn and melts in late spring and early
summer. This leads to groundwater dominated discharge minima in February–March and snowmelt
dominated runoff maxima in April–May. As the concentration of dissolved nutrients in streams
depends partly on groundwater discharge, such conditions may strongly affect C-Q relationships and
lead to a prevalence of dilution and anticlockwise C-Q types. Frozen soils often have low infiltration
capacity [69]. Much of the snow melting on top of frozen soils discharges to streams with no or minimal
soil contact, and this leads to low concentrations or dilution of all nutrient forms studied here [70].
On the other hand, snow melting on unfrozen soils can infiltrate and generate runoff of pre-event
water. In such cases, concentrations of both dissolved and particulate bound nutrients might increase
with runoff, just as in rain-generated hydrologic events.
Other studies have also looked at potential links between C-Q parameters and catchment
characteristics. In most cases, correlations were poor [24,57] but these works evidenced relationships
with catchment area, land use, and lithology. Similar to our study, a study in larger catchments in
Scotland [35] did not identify any dominant spatial controls on stream nutrient concentration response
with changes in flow. However, using C-Q typologies to classify catchments based on their export
behaviour could still be used as part of a decision support system for the improvement of monitoring
design and for spatially targeting of catchment scale mitigation measures. For example, in the spatial
targeting of measures, application of transport mitigation measures (e.g., constructed wetlands) may
be appropriate for catchment/nutrient combinations showing enrichment export regimes [71], while
source mitigation measures may be more useful for catchment/nutrient combinations characterised
by dilution export regimes [72]. Further, for enrichment export regimes, a higher frequency of
water chemistry sampling may be appropriate compared with constant (medium-frequency) and
dilution-type catchment/nutrient combinations [73].
The development of catchment typologies based on solute export behaviour and hysteresis could be
useful for the transfer of information from data-rich to data-poor catchments [74], for impact assessment
of climate, environmental and management changes on water quality and for parameterisation
of water quality models [35]. However, finding the association between the typology presented
here and catchment characteristics, e.g., topography, geology, and land use may be challenging
owing to the complexity of different responses to both spatial and temporal mechanisms [5,14].
Within-catchment heterogeneity may also affect the links between catchment characteristics and C-Q
relationships [23,32,75].
4.3. Evaluation of Methodology
Evaluating the limitations and uncertainties of water quality studies may contribute to increased
awareness among watershed managers and policy makers, which in the end may contribute to more
informed decisions. All catchment studies have limitations as well as technical and conceptual
uncertainties that must be addressed. One potential limitation of this study is that catchments have
a rapid response to precipitation inputs and sub-daily hydrographs were not available. However,
the typology presented here is related to seasonal hysteresis patterns not the short terms brehavior
during individual runoff events.
Uncertainties arise from many sources. These could include the way that export regime and
hysteresis patterns are conceptualized and statistically tested, the mathematical functions relating
concentrations to discharge may be an over-simplification of reality, the breakpoints assigned for
modelling concentrations for different discharge quantiles, and how catchment characteristics are
assumed to influence hydrological and nutrient flow processes. Within all of these issues there are
also multiple interactions that may further contribute to uncertainties, and it is very difficult if not
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impossible to address all such issues. Further, uncertainties in input data such as soil map classifications,
land use map classification, flow and concentration data could also contribute to uncertainties that
will propagate to the final classification. In our study, we assumed that the reclassified soil, land use
classes, and concentration data had no uncertainties, but in reality their uncertainty will affect the
correlation between the different soil classes, land use classes, concentration data, and the C-Q types of
the catchments. However, it may be possible to reduce the uncertainty in classification by obtaining a
better understanding of the mini-catchments relative to soil types, land use types and hydrogeology
(e.g., tile drainage) and their respective C-Q types. Thus, for a better representation of areas influencing
in-stream water quality, it might be appropriate to investigate C-Q types in even smaller catchments
(i.e., few hectares) with relatively homogeneous characteristics throughout.
PCA is a good data summary tool when the patterns of interest can be projected onto linear,
orthogonal components. However, PCA also has limitations that must be considered when interpreting
the output: the underlying structure of the data must be linear, patterns that are highly correlated
may be unresolved because all PCs are uncorrelated, and the goal of PCA is to explain the maximum
amount of variance and not necessarily to find clusters [76]. The method of selecting input data for
PCA analysis is also an important factor to consider when interpreting the results.
5. Conclusions
Our work demonstrates the use of a novel nutrient concentration (C) and discharge (Q) (C-Q)
classification [35] on 8 years of water quality data from 87 Nordic mini-catchments situated in Denmark,
Finland, and Sweden. The dominant export regimes for nitrogen (N) were enrichment for nitrate and
constant for total organic N. For phosphorus (P), both particulate P and dissolved reactive P were
characterised by a constant export regime. Clockwise rotational hysteresis patterns dominated for
nitrate, dissolved reactive P and particulate P, whereas a no hysteresis pattern dominated for total
organic N.
As expected, our results showed that catchment land use exerted a dominant control on the
C-Q types. Nutrient export behaviour in streams draining Nordic mini-catchments is determined by
catchment land use characteristics and, to a lesser extent, by climate. All of these factors are important
elements to be considered in future surface water nutrient management plans.
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Abstract: Diffuse nitrogen (N) pollution from agriculture in groundwater and surface water is a major
challenge in terms of meeting drinking water targets in many parts of Europe. A bottom-up approach
involving local stakeholders may be more effective than national- or European-level approaches for
addressing local drinking water issues. Common understanding of the causal relationship between
agricultural pressure and water quality state, e.g., nitrate pollution among the stakeholders, is
necessary to define realistic goals of drinking water protection plans and to motivate the stakeholders;
however, it is often challenging to obtain. Therefore, to link agricultural pressure and water quality
state, we analyzed lag times between soil surface N surplus and groundwater chemistry using a
cross correlation analysis method of three case study sites with groundwater-based drinking water
abstraction: Tunø and Aalborg-Drastrup in Denmark and La Voulzie in France. At these sites, various
mitigation measures have been implemented since the 1980s at local to national scales, resulting in a
decrease of soil surface N surplus, with long-term monitoring data also being available to reveal the
water quality responses. The lag times continuously increased with an increasing distance from the
N source in Tunø (from 0 to 20 years between 1.2 and 24 m below the land surface; mbls) and La
Voulzie (from 8 to 24 years along downstream), while in Aalborg-Drastrup, the lag times showed
a greater variability with depth—for instance, 23-year lag time at 9–17 mbls and 4-year lag time at
21–23 mbls. These spatial patterns were interpreted, finding that in Tunø and La Voulzie, matrix flow
is the dominant pathway of nitrate, whereas in Aalborg-Drastrup, both matrix and fracture flows
are important pathways. The lag times estimated in this study were comparable to groundwater
ages measured by chlorofluorocarbons (CFCs); however, they may provide different information to
the stakeholders. The lag time may indicate a wait time for detecting the effects of an implemented
protection plan while groundwater age, which is the mean residence time of a water body that is a
mixture of significantly different ages, may be useful for planning the time scale of water protection
programs. We conclude that the lag time may be a useful indicator to reveal the hydrogeological
links between the agricultural pressure and water quality state, which is fundamental for a successful
implementation of drinking water protection plans.
Keywords: lag times; link indicator; nitrate; agriculture; drinking water; DPLSIR framework
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1. Introduction
The leaching of nitrate from intensive agricultural areas is one of the greatest threats to clean
drinking water resources in Europe and the rest of the world. The groundwater and drinking water
standard of nitrate is set to a maximum of 50 mg NO3−/L in the European Union (EU), following the
recommendations of the World Health Organization (WHO) [1]. This level is set to protect infants
from the acute condition called blue baby syndrome (methemoglobinemia) [2,3]. However, recent
studies have reported that long-term exposure to drinking water containing nitrate below the current
standard is suspected to have chronic adverse effects [3–6]. For instance, studies have consistently
reported that risks of colorectal cancer, thyroid disease, and central nervous system birth defects are
strongly associated with ingestion of drinking water nitrate [3]. The EU has issued a series of directives,
guidelines, and policies over the last decades to set the requirements of the drinking water standards
(i.e., Drinking Water Directive) and to protect the drinking water resources (e.g., Water Framework
Directive, Groundwater Directive, Nitrate Directive, and Directive on the Sustainable Use of Pesticides).
Each country in the EU has implemented these legislations in their national laws differently, due to
adjustment to local politico-socio-economic-agri-hydrogeological conditions [7,8]. The Drinking Water
Directive primarily focuses on large water supplies. Small water supplies in rural areas have been
given less attention, resulting in worse cases of drinking water quality [9,10].
The Organization for Economic Co-operation and Development (OECD) has proposed a bottom-up
approach that integrates multiple local and regional stakeholders, such as farmers, citizens, drinking
water suppliers, policy-makers, and scientists, as an effective approach for addressing local issues in
relation to drinking water security, rather than the most common top-down approach at the national
and EU level [11]. Research has also shown that the success of water protection plans depends on the
social, technical, financial, and political capacity of the stakeholders and institutional arrangements,
such as policies and regulations [12–15]. In addition, non-regulatory tools, such as training, information
campaigns, education, or voluntary programs, have been shown to be effective in increasing the
engagement of stakeholders and consequently lead to the successful implementation of water protection
programs [12].
Common understandings of the cause and effect relations between the agricultural pressure and
drinking water state may be a fundamental step in finding common and achievable goals among
stakeholders and in planning drinking water protection programs [8,16,17]. However, the cause–effect
relations are often difficult to identify. A long lag time between the use of fertilizer and its effects
on water quality is often considered to be one of the reasons for unclear correlations between the
agricultural pressure and water quality state [8,18,19]. When authorities and farmers implement
mitigation measures (e.g., catch crops, set-aside, and buffer zones) as part of water protection planning,
they may have to wait multiple decades to observe the effects on the water quality in some geological
settings. Consequently, it may be inevitable that farmers become less engaged in water protection
programs, unless they are well-informed in advance. In addition, information that is key to evaluating
the cause–effect relations is monitored and managed by different institutions and government bodies [8].
Therefore, it is often difficult to gather coherent information to understand the complexity of the system.
The hydrogeological system that links the agricultural and drinking water systems may be the
first-order control on regulating the relationships between these two systems; however, its importance
has often been neglected in communication among stakeholders and the development of water
protection plans. For example, the Driving force–Pressure–State–Impact–Response (DPSIR) framework
is one of the most widely used conceptual frameworks in integrated water resource management to
explain the causal relationships between society and the environment [20–25]. The DPSIR describes
the feedback among social and economic developments, including the driving forces (D); pressures (P)
on the environment; state (S) of environmental changes; impacts (I) on ecosystems, human health, and
society; and a societal response (R) [26,27]. Under this framework, however, there is no component to
explain the relationships between pressure and state, which may vary from site to site. The DPSIR
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framework has previously been criticized for not addressing the dynamics of the system, and others
have argued that there should be a focus on the links between the nodes of the DPSIR [22–25].
In this study, therefore, we proposed a new component, named “Link”, for the DPSIR framework
in order to better explain the interactions between pressure and state, called DPLSIR (Figure 1).
Furthermore, we suggested the lag time between agricultural pressure (i.e., nitrate inputs from the
agricultural system) and water state (i.e., nitrate concentrations in the hydrogeological system) as a
key link indicator. The contaminant of interest is nitrate. The objectives of this study are to evaluate a
cross-correlation function analysis as a simple methodology for estimating lag times using data from
three case study site in Europe (two in Denmark and one in France) and then to investigate controls of
the temporal scale and spatial heterogeneity of lag times to better characterize the hydrogeological link
between agricultural pressure and water quality state.
2. Conceptual Framework
2.1. The DPLSIR Framework
The DPLSIR framework focuses on the understanding of underlying controls for the relationships
between pressure and state (Figure 1). Pressure, in this study, is the amount of agricultural stress
released from the agricultural system. We define the agricultural system as the zone where all
agricultural activities occur, and this zone is physically defined by the zone above the bottom of the
soil layer (e.g., plough layer; Figure 2). The state is the quality of the water in the hydrogeological
system. The hydrogeological system is defined by the entire zone below the soil layer through which
water and contaminants move (Figure 2). In the hydrogeochemical system, various biogeochemical
reactions may change the concentrations of nitrate. Nitrate reduction can occur both in the soil layer
and below the interface between the oxic and reduced zones, where the reduction capacity—the
amount of nitrate-reducing material, such as pyrite and organic carbon—is high (Figure 2). In some
places, this interface can be several meters thick, developing in an anoxic nitrate-reducing zone. Link
provides information about these hydrological and biogeochemical processes that are responsible for
the release, retention, and transport of water, as well as contaminants. In this study, we focused on
transport of water and contaminants—how and how fast nitrate moves through the hydrogeological
system. Further research may require reviewing and developing indicators to parameterize release
and retention of contaminants in the hydrogeological system.
 
Figure 1. DPLSIR framework proposed in this study, including driving forces (D); pressures (P) on the
environment; the link (L) between pressure and state; the state (S) of environmental changes; impacts
(I) on ecosystems, human health, and society; and a societal response (R).
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Figure 2. Conceptual understanding of the vertical distribution of nitrate from the agricultural system
to the hydrogeological system and pathways in the hydrogeological system. The agricultural system is
represented by the pressure indicators and the hydrogeological system is described by the link and
state indicators. The reduction capacity is defined as the sum of solid nitrate-reducing compounds, e.g.,
pyrite and organic matter.
2.2. Link: Flow Pathways and Lag Time
Lag times not only quantify the delay time between the pressure stress and state response, but also
reveal primary pathways of water and contaminants [28]. To recharge groundwater, water primarily
flows vertically via matrix flow pathways and/or preferential flow pathways (Figure 2). This water
eventually emerges in the surface water. Matrix flow is a pathway through pore spaces in the soil
matrix. The lag times of matrix flow can be long (years to decades). Preferential flow is a pathway
via macro-pores in soils and fractures in bedrock, bypassing a dense or less permeable matrix [29,30].
The macro porous spaces in soils can be created along root channels, soil fauna channels, cracks (i.e.,
freeze–thaw and wetting–drying), fissure, or soil pipes [29]. Preferential flow may be transiently
active; however, it can deliver a significant quantity of contaminants with a very short time delay
(hours to weeks) [31,32]. Therefore, the groundwater table and groundwater chemistry of matrix
flow-dominated systems will exhibit relatively small variations and slow changes over time compared
to those of preferential flow-dominated systems.
3. Materials and Methods
3.1. Case Study Sites
The three case study sites are intensive farming areas with groundwater-based drinking water
abstraction. The first case study site is Tunø Island in Denmark (Figure 3). Tunø is a small island (area:
3.5 km2) located in the Kattegat Sea, between the North Sea and the Baltic Sea (Table 1). The main part
of the subsurface of the island consists of clay-rich glacial deposits of Quaternary origin. However, in
the northeastern part, where drinking water abstraction wells are located, Quaternary sandy deposits
dominate the near-surface layers and contain an aquifer vulnerable to pollution (Figure 3). The
groundwater is the sole source of drinking water and there is only one public water supply system,
which produces approximately 10,000 m3/year of water for around 100 inhabitants and tourists.
During the 1970s, the farmers in the area around the drinking water abstraction wells changed
from mixed conventional farming to intensive vegetable production, mainly the production of leeks,
cabbages, and onions. This change in farming practice led to high inputs of mineral fertilizers. Since the
mid-1980s, Denmark has adopted the EU directives on legislation at the national level to protect water
resources, including groundwater [33]. On top of these national-level regulations, in Tunø, additional
water protection plans have been implemented since 1989, mainly because high levels of nitrate were
218
Water 2020, 12, 2385
detected in the abstraction wells (≈150 mg NO3−/L). From 1989, the central part of the recharging area
of the abstraction wells was set as a protection zone, and in 1991, this area was extended to more than
double the size to cover the major parts of the recharge area (shaded with green in Figure 3). In this
inner action area as well as one field at the western border of this area, all agricultural activity has
been banned, and the land has been converted to set-aside with permanent grass. In the outer part of
the recharge area (total protection area), fertilizer application has been regulated to the level of the
economical optimum application of nitrogen for crop production (circled area in Figure 3).






Study area (km2) 0.25 9.92 115










10,000 1.5 million 20 million
Number of consumers 100 26,000 400,000
Water protection plans
and activities









Contaminant of concern Nitrate Nitrate and pesticides Nitrate and pesticides
The second case study site is Aalborg-Drastrup in Denmark (Figure 3). The case study area is in
northern Jutland. In the area, thin layers of glacial sand and clay till deposits of Quaternary origin
overlie a fractured Maastrictian limestone reservoir. Like Tunø, groundwater is the only source of
drinking water. There are well fields belonging to a public water supply system and several privately
owned wells. The wells in the well field were constructed between 1958 and 2005, and the well field
produces 1.5 mm3 year−1 of water distributed to around 26,000 consumers in the Aalborg area (Table 1).
The groundwater in the Aalborg-Drastrup case study area is one of the most vulnerable aquifers
to nitrate pollution in Denmark because of absent or thin protecting clay layers above the chalk aquifer
with a low nitrate reduction capacity in the majority of the recharging area, except in the northernmost
part where thick layers of marine clay overlay the chalk (Figure 3). At the same time, there are intensive
dairy and pig farms in the area, as well as arable farms. During the 1980s, the water authorities
realized that the drinking water abstraction was threatened by pollution of nitrate from the agricultural
production. Like Tunø, therefore, additional water protection plans were introduced. Since 2001, a
series of mitigation measures were implemented, including setting a protection zone (afforestation)
close to the abstraction wells, limiting nitrate leaching from zero to less than 50 mg/L of nitrate, and
banning the use of pesticide.
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Figure 3. Maps of the three case study sites: Tunø Island, Denmark (a); Aalborg-Drastrup, Denmark
(b); and La Voulzie, France (c).
The third case study site is the La Voulzie catchment area (drainage area: 115 km2) in France
(Table 1). The catchment is located about 70 km southeast of Paris. The catchment is primarily
underlain by massive limestone (Figure 3). The aquifer is one of the main resources in the water supply
system (Ile-de-France) and a very important drinking water source for Paris. Eau de Paris is a public
organization in charge of managing water resources for Paris. The catchment provides 20 mm3/year of
water, which is equivalent to 10% of Eau de Paris’s resources, to about 400,000 people. The catchment
covers 15 rural municipalities with about 100 farmers (including one organic farmer). The area is
intensively used by agriculture—90% of the surface area is cultivated, 40% of which is planted with
wheat (in rotation with other cereals, rape seed, and sugar beet).
The highest potential nitrogen (N) leaching was achieved in the late 1980s. The agricultural action
program was launched in 1991 for the watershed (Fertimieux) to limit high concentrations of nutrients.
A change in fertilizer use occurred in the late 1990s in France. This change is attributed to the beginning
of environmental awareness and anticipation of the Common Agricultural Policy in 1992. The nitrate
concentrations in springs, which is raw water for drinking water production, have been relatively
invariant at approximately 55–70 mg NO3−/L for the last two decades.
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3.2. Materials
For all three study sites, three types of historical data were collected to carry out the study: (1) N
surplus, (2) groundwater chemistry, and (3) groundwater age. N surplus (or N balance) is used as
an environmental indicator [34,35] and it has also been applied in many EU member states including
Denmark and France. Furthermore, studies have reported that N surplus is a good indicator to explain
N leaching from the soil and nitrate pollution in groundwater [36–39]. Methods and input data to
calculate N surplus differ among the EU member states [40]. This study compared the temporal
variability of agricultural N pressure and groundwater state of each case study site, not across the
sites; therefore, the methodological differences would not affect the lag time analysis. N surplus is
calculated with respect to farm gate (i.e., farm gate N surplus) or to soil surface (i.e., soil surface N
surplus). In this study, soil surface N surplus was the primary agricultural N pressure indicator (unit:
kg N/ha/year). N surplus of each case study site was calculated according to the member state’s
standard method, but in principal, soil surface N surplus calculates the differences between the annual
quantity of N entering the soil and the annual quantity of N leaving the soil surface by harvested crops.
For Tunø and La Voulzie, the soil surface N surplus at the relevant catchment scale was used and
for the Aalborg-Drastrup site; both soil surface and farm gate N surpluses at the regional level were
used. The water chemistry data were time series of nitrate in any type of water, e.g., soil pore water
and groundwater. The annual average concentration of nitrate in water was used as a water quality
state indicator (unit: mg NO3−/L). The groundwater age data were measured or simulated values
of residence times and/or water ages (unit: year). A few studies have reported chlorofluorocarbon
(CFC) reduction in reduced groundwater [41,42]; hence, in this study, we only collected data of oxic
and nitrate-reducing groundwater. In this study, we did not conduct extra measurements. Instead,
we focused on existing data available from public databases and reports, where the data have been
collected and reported following the national regulations and official guidelines at the time of collection.
3.2.1. Tunø Island, Denmark
For the Tunø study sites, input data to calculate soil surface N surplus at field scale were available;
therefore, this was calculated for the period from 1975 to 2018 at the 345 m2 outer protection area. A
time series of modeled annual atmospheric N deposition is publicly available at the municipality scale
(2006–2016) [43]. Time series of the main crop type and fertilization were constructed for Tunø for the
period of 1975–2018, at the field scale. Recent data (2010–2018) on the main crop type are available from
the Ministry of Environment and Food, Danish Agricultural Agency [44], while older data from the
Tunø study site were reconstructed from information on crop rotations obtained from reports [45,46].
Information on the use of fertilizer was based on reported values [46].
In Denmark, all the groundwater chemistry data are registered in the national borehole database,
JUPITER, and are managed by the Geological Survey of Denmark and Greenland. The data are publicly
available. Therefore, nitrate data for both Danish case study sites were obtained from JUPITER [47]. In
Tunø, groundwater ages were determined at seven monitoring points using the CFC method [48].
3.2.2. Aalborg-Drastrup, Denmark
Soil surface N surplus at regional scale (1990–2018) was used for the Aalbog-Drastrup site, and
the detailed method and input data for the calculations are described in Windolf et al. [49]. Hansen et
al. [50] reported farm gate N surplus of Denmark at the geo-region scale for the period of 1950–2007.
Between 1990 to 2007, the soil surface N surplus was offset by 39 kg/ha/year on average compared to
the farm gate N surplus; therefore, the soil surface N surplus for the Aalborg-Drastrup site before 1990
was estimated from the farm gate N surplus by subtracting the offset.
Within the action areas of the Aalborg-Drastrup site, monitoring wells that are part of the national
groundwater monitoring program are located (Figure 3). The groundwater chemistry of these wells
has been monitored regularly since 1989, and groundwater age was also determined using the CFCs
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method [51]. The groundwater chemistry and groundwater age data were extracted from JUPITER
and the report [51].
3.2.3. La Voulzie, France
For the La Voulzie site, the N surplus calculated at the University of Tours was used, with
detailed description of the calculation being found in Poivert et al. [52]. The methods for N surplus
calculation of Denmark and France are similar. The N surplus for the study area was extracted from
an online tool available for France (Cassis-N; https://geosciences.univ-tours.fr/cassis/login) [52,53].
The concentrations of nitrate were collected by the water company “Eau de Paris” at the “La Voulzie”
springs. Water chemistry has been monitored since 1927. The water chemistry was monitored 1–4
times per year before 1986 and then every month after 1986. In this study, we focused on three sampling
points: top, main, and bottom springs, which are naturally under pressure (Figure 3). The main spring
is the primary source of drinking water produced at the water company, and its volume represents
45% of the total volume of the drinking water production. The top spring collects water in the top
limestone layer over the thin clay layer that is situated about 5 m below the land surface (Figure 3).
The bottom spring and the main spring collect water in a ≈10 m thick limestone layer situated below
the thin clay layer (Figure 3). The average depth of the three wells is 14 m, and the groundwater table
at the main spring is 1 m below the land surface.
3.3. Lag Time Estimations
The lag time between soil surface N surplus (x) and annual average concentrations of nitrate in
water (y) was calculated using a cross-correlation method (CCF) using a correlation coefficient function
of Matlab. The CCF method assumes a linear dependency of two variables, i.e., soil N surplus and
nitrate concentrations, and the lag time is the time difference between a soil surface N surplus peak
and a nitrate concentration peak. The lag times were calculated for a range of time lags (k; year); for
example, a correlation between x at time t and y at time t + k was calculated. The range of k was from
0 to 50 years. The CCF provides two main results: (1) the strength of the correlations between x and
y (correlation coefficient, r), and (2) the significance of the correlation (p-value). The strength of the
correlation varies between 0 (no correlation) and ±1 (strong correlation). The highest r and statistically
significant k-year was defined as lag time.
4. Results
4.1. Time-Series of Surface Soil N Surplus and Water Chemistry
Figure 4a shows the soil surface N surplus at the field scale calculated in this study and the farm
gate N surplus at the geo-regional scale of Tunø Island [50]. When the protection plans were first
introduced, the soil N surplus at the field scale from the agricultural system in the inner action area
decreased to the input from the atmospheric deposition, as no other input and no harvest occurred
from those fields (yellow circles in Figure 4a). No manure was applied in both the inner and the outer
protection area. The soil N surplus at the field scale of the total protection area was averaged at 35 kg
N/ha/year before the protection plan period (1975–1990) and was averaged 12 kg N/ha/year after that
(1991–2018; gray bars in Figure 4a). The farm gate N surplus at the geo-regional scale peaked around
the mid-80s (≈90 kg N/ha/year) and has decreased since then (≈40 kg N/ha/year), which is explained
by the effects of the national N regulations [50]. The farm gate N surplus at the geo-regional scale was
much higher than the soil surface N surplus at the field scale (Figure 4a). The discrepancy may be
because of stricter regulations implemented at the local scale.
As a result of the intensified agriculture, the nitrate concentrations in groundwater and drinking
water increased up to >100 mg NO3−/L in the 1980s (Figure 4d). As the protection plans set in, nitrate
concentrations in soil pore water and groundwater started to respond. The annual average concentrations of
nitrate of soil pore water (1.2 m) in the inner protection area decreased nearly to zero almost instantaneously
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(Figure 4b). The annual average concentration of nitrate in shallow groundwater (<9 m deep) started
to decrease a few years after the protection plans (Figure 4c) and those in the deeper groundwater
slowly decreased down to ≈10 mg NO3−/L over the past two decades (Figure 4d). The annual average
concentration of nitrate of groundwater in the outer protection area also decreased over time, but the
concentrations were still relatively high (50–100 mg NO3−/L; Figure 4e).
 
Figure 4. Overview of the nitrogen (N) surpluses and annual averages of nitrate concentrations in
the soil pore water and groundwater of Tunø Island, Denmark. (a) The soil surface N surplus at the
field level of the inner protection area and in the total protection area are shown in yellow circles and
gray bars, respectively. The black arrows and dotted vertical lines show the years that the mitigation
measures were implemented. The horizontal red line is the drinking water standard for nitrate (50
mg/L). The annual average concentrations of nitrate in soil pore water (circles), shallow groundwater
(squares), and deep groundwater (squares) in the inner action area are shown in (b–d), respectively.
Those of groundwater in the outer protection zone (triangles) are shown in (e). (f) shows the annual
average nitrate concentrations of nine (**** n = 9; dots) monitoring points where the cross-correlation
function (CCF) analysis could not be conducted due to either small variabilities of nitrate concentrations
or an insufficient data length (* Hansen et al. [50]).
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In terms of Aalborg-Drastrup, the two regional N surpluses, the soil surface and the farm gate, are
shown in Figure 5a. These regional scale data do not precisely represent the impact of the mitigation
measured implemented at the local level; however, they may be a good proxy to estimate the overall
trend of agricultural N pressure of the study area. The soil surface N surplus decreased from 159 kg
N/ha/year in 1990 to 83 kg N/ha/year in 2018. In this period, the annual input of manure was at a stable
level of approximately 104 kg N/ha/year, while the input of mineral fertilizer decreased from 139 to 70
kg N/ha/year, as mitigation measures for higher utilization of N in manure were implemented, e.g.,
higher manure storage capacity and increased manure application in spring and summer rather than
in the period with higher leaching in autumn and winter.
 
Figure 5. Overview of regional N surpluses and annual averages concentrations of nitrate in
groundwater of Aalborg-Drastrup. The soil surface N surplus and farm gate N surplus at the
regional scale (* Hansen et al. [50]) are shown in (a). The annual average concentrations of nitrate of
shallow (filter interval< 20 m), middle (filter interval between 20 and 40 m), and deep groundwater (filter
interval deeper than 40 m) are shown in (b–d), respectively. Those of groundwater with insufficient
data and no temporal variability are shown in (e). The annotations in the figure are the same as those
of Figure 4. ** number of groundwater wells.
In the monitoring site of the Aalborg-Drastrup (Figure 3), the annual average concentrations of
nitrate of groundwater varied within a wide range (1–200 mg NO3−/L), and their temporal variability
also was heterogeneous (Figure 5b–e). The groundwater in shallower depth (filter interval < 20
m) showed the greatest temporal variability, and the nitrate concentrations showed peaks around
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2000–2010 and decreased over time (Figure 5b). The groundwater measured between 20–40 m intervals
showed relatively damped responses (Figure 5c). In some monitoring points, the nitrate concentrations
peaked around 2010 and slowly decreased over the past 10 years (e.g., 34. 1743 in Figure 5c). While
nitrate of groundwater in the deeper intervals (>40 m) were relatively low, i.e., <10 mg NO3−/L, in some
groundwater wells, the concentrations continuously increased over the entire monitoring period (e.g.,
34. 1663 in Figure 5d). At 14 monitoring points, either the groundwater was in reduced conditions, the
nitrate concentrations were temporally invariant, or the nitrate concentrations showed only increasing
trends (Figure 5f).
In the La Voulzie catchment area, the soil surface N surplus at the catchment scale was highest
around the mid-80s (≈77 kg N/ha/year) and then decreased to ≈55 kg N/ha/year around 1990 (Figure 6a).
Over the past 30 years, the soil surface N surplus ranged between 15 and 66 kg N/ha/year (Figure 6a).
The groundwater chemistry has been monitored since 1927. Until the 1960s, the annual average
concentrations of nitrate of groundwater and spring waters ranged between 20 and 25 mg NO3−/L,
but the level continuously increased up to 50–110 mg NO3−/L until 1993 (Figure 6b). The nitrate
concentrations of the top spring decreased back to approximately 74 mg NO3−/L around 2000 and
then were temporally invariant for the last 20 years at this level (Figure 6b). Those of the main and
bottom springs also were relatively stable at around 55 mg NO3−/L for the last 30 years (Figure 6b).
The monthly data revealed that the nitrate concentrations of all three springs did not show any
seasonality—standard deviations of all the nitrate measurements between 2000 and 2014 were 2.8 (top
spring), 2.2 (main spring), and 1.8 (bottom spring).
 
Figure 6. Overview of the soil surface N surplus (a) and annual average concentrations of nitrate of
groundwater (spring) of La Voulzie (b). The figure annotations are the same as those of Figure 4.
4.2. Lag Time between Agricultural Pressure and Groundwater Quality State
Table 2 summarizes the results of the lag time analysis of the case study sites and water chemistry.
For the Tunø site, at the 15 points with statistically significant results, the soil surface N surplus showed
strong correlation with the annual average concentrations of nitrate in water. For example, except
for the deepest groundwater, the correlation coefficients were higher than 0.76 and the results were
statistically significant (p < 0.005) in all the cases (Table 2). For the deepest well (monitoring point 100.
109), which is in nitrate-reducing conditions, the correlation coefficient was 0.53, and it was statistically
significant (p < 0.05; Table 2). The lag times progressively increased with an increasing depth (Figure 7a
and Table 2). For instance, the soil pore water measured at 1.2 m below the land surface and showed
lag times of 0–2 years, while the deep wells (deeper than 10 m) showed lag times of 5–16 years.
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Soil pore water (3
points) 1989–2007 (130–142) 35 (69) - 0–2 (0.75–0.85) **
100. 118 (4.92 m) 1994–2007 (20) 16 (14) 7.3 (0.1) 5 (0.81) **
100. 118 (6.72 m) 1993–2010 (30) 44 (54) 7.8 (1.9) 5 (0.85) **
100. 118 (6.92 m) 1994–2007 (26) 49 (59) 6.8 (3.9) 5 (0.82) **
100. 116 (8.07 m) 1993–2010 (28) 9.8 (13) 5.5 (0.2) 3 (0.76) **
100. 110 (9.1 m) 1989–2010 (44) 87 (30) 6.7 (1.2) 4 (0.76) ** 15
100. 112 (9.2 m) † 1989–2010 (40) 176 (38) 3.7 (1.1) 9 (0.86) ** 15
100. 37 (11 m) 1989–2017 (50) 77 (43) 3.7 (1.8) 5 (0.87) **
100. 117 (11.7 m) 1993–2010 (30) 100 (50) 4.6 (2.3) 6 (0.78) **
100. 38 (12.5 m) 1978–2010 (53) 118 (34) 5.3 (1.1) 8 (0.78) ** 21
100. 59 (14.5 m) 1985–2017 (76) 44 (19) 2.3 (1.9) 10 (0.88) **
100. 111 (15.8 m) † 1989–2010 (40) 100 (26) 0.2 (0.2) 16 (0.77) ** 22
100. 109 (16.25 m) 1989–2010 (40) 24 (13) 0.2 (0.2) 20 (0.53) * 26
Aaborg-Drastrup, Denmark
34. 1737 (1–9 m) 1989–2018 (45) 43 (19) 1.9 (1.7) 3 (0.78) ** 21
34. 1744 (9–17 m) 1989–2019 (46) 119 (15) 8.2 (0.9) 16 (0.78) ** 23
34. 1745 (9–17 m) 1989–2019 (44) 95 (18) 8.7 (0.7) 23 (0.48) * 20
34. 1647 (10–16 m) 1988–2018 (45) 69 (18) 0.4 (0.3) 12 (0.90) ** 22
34. 1739 (11.5—19.5 m) 1989–2019 (45) 88 (18) 6.8 (0.8) 9 (0.73) ** 16
34. 1738 (12.5–20.5 m) 1989–2019 (42) 158 (27) 6.8 (1.6) 12 (0.94) ** 16
34. 1055 (15–40 m) 1986–2019 (18) 38 (4.5) 4.5 (1.1) 26 (0.84) **
34. 1742 (16–24 m) 1989–2019 (45) 53 (8.4) 5.7 (0.6) 10 (0.83) ** 30
34. 1736 (18–21 m) 1989–2018 (44) 50 (7.3) 4.7 (1.6) 28 (0.76) ** 19
34. 1706 (21–33 m) 1988–2017 (46) 8.1 (4.8) 6.2 (2.2) 4 (0.78) ** 8
34. 1743 (21–24 m) 1989–2019 (44) 106 (14) 8.6 (0.9) 25 (0.91) ** 26
34. 1736 (26–29 m) 1989–2018 (44) 34 (5.3) 3.4 (0.4) 29 (0.92) ** 30
34. 1743 (36–39 m) 1989—2018 (43) 69 (13) 7.5 (0.5) 29 (0.96) ** 40
34. 1646 (38–50 m) 1988–2019 (45) 57 (12) 5.2 (0.3) 29 (0.88) ** 28
34. 1663 (47–62 m) 1987–2019 (17) 26 (12) 3.2 (2.5) 28 (0.86) **
34. 1664 (49–64 m) 1987–2018 (20) 16 (7.8) 2.4 (2.5) 35 (0.98) **
34. 1736 (51–54 m) 1989–2018 (43) 9.3 (3.7) 0.7 (0.5) 29 (0.82) ** 48
34. 1662 (56–74 m) 1987–2018 (15) 11 (6.2) 0.8 (0.3) 29 (0.86) **
34. 1743 (61–64 m) 1989–2019 (42) 18 (2.6) 3.4 (0.3) 42 (0.91) ** 46
34. 2364 (61–73 m) 2003–2019 (12) 5.5 (1.9) 1.2 (1.3) 38 (0.95) **
34. 2365 (66–78 m) 2002–2019 (14) 3.0 (1.2) 1.1 (2.1) 38 (0.76) *
La Voulzie Catchment, France
Top spring 1928–2014 (456) 66 - 8 (0.78) ** −
Main spring 1927–2014 (469) 47 9.2 15 (0.70) ** −
Bottom spring 1927–2014 (463) 43 9.9 24 (0.83) ** −
* Statistically significant at p < 0.05; ** p < 0.005; † outer protection zone.
In the Aalborg-Drastrup site, at 21 of the 35 monitoring points, the nitrate concentrations in
groundwater showed significant correlations with the surface soil N surplus at the regional scale
(Table 2). Except for one monitoring point (34. 1745 in Table 2), the correlation coefficients were higher
than 0.73 and they were statistically significant (p < 0.005). Like Tunø, the lag times roughly increased
with an increasing depth; however, they showed a greater variability (Figure 7 and Table 2). For
example, at the filter interval between 21–33 m (34. 1706), 4 years of lag year was estimated. In the
deeper part of the groundwater (>40 m), the lag times also varied between 29 to 42 years.
In the La Voulzie catchment area, the soil surface N surplus and the annual average concentrations
of nitrate of all three springs showed strong (r = 0.70–0.83) and statistically significant correlations
(p < 0.005). The lag times estimated for the top, main, and bottom springs were 8, 15, and 24 years
(Table 2).
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Figure 7. Groundwater ages (chlorofluorocarbon (CFC) measurements) and lag times (CCF statistical
estimates) of groundwater in (a) Tunø and (b) Aalborg-Drastrup. The intervals of the intake filters are
on the y-axis.
4.3. Groundwater Age
For the Danish case study sites, groundwater age data were collected to compare them with the lag
time analysis results. In Tunø, groundwater age data are available at five monitoring points in the inner
action area and at two points outside the inner action area [48]. Like the lag time, the groundwater
age of the Tunø groundwater linearly increased with an increasing depth (Figure 7a). However, the
groundwater ages for the same depth were 6–14 years longer than the lag times estimated in this study
(Figure 7a). In the Aalborg-Drastrup site, like lag times, groundwater ages varied widely with depth
(Figure 7b). For instance, young groundwater (<10 years old) was found at 21–33 m below the land
surface, while old groundwater (≈20 years old) was found in the near surface groundwater (Figure 7b).
Like in Tunø, the groundwater ages were relatively longer than the lag times calculated in this study.
5. Discussion
5.1. Methodological Evaluation of the Lag Time Estimation and Data Requirements
Lag times may be one of the key pieces of information for developing water protection programs
and setting achievable goals [54–57]. Various models have been developed to estimate the lag times
between mitigation measures and the water quality changes [55–59]. Most models are process-based
and provide comprehensive views of the system. Modelling is applicable both data-rich and data-poor
sites [55]. However, these models often require scientific and technical training to use them. Therefore,
these tools may not be readily available for many stakeholders. Furthermore, such models are
often based on various assumptions; therefore, building trust on the modeling results may require
considerable efforts. Studies have reported that involving the stakeholders in the modelling processes
improve the acceptable of the modeling results [55]. This study selected the CCF analysis, which is
based on direct measurements. This method is a simple, intuitive, and easy-to-use method for the
stakeholders. Such measurement-based methods require good quality and quantity of data [55], and
we also found that the CCF analysis may provide meaningful and statistically significant results if the
following conditions are satisfied.
First, continuous, long-term monitoring data on both the agricultural pressure and groundwater
state should be available. Obviously, the time series of the data must be sufficiently long to document
the cause and effect relations between the pressure and state. For example, in La Voulzie, both
agricultural pressure and groundwater state data were available for nearly a century and could thus
fully cover the changes in agricultural pressure and the groundwater state responses (Figure 6). For
the two Danish sites, regional long-term farm gate N surplus data indicated the trends in agricultural
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pressure, confirmed by overlapping more recent soil surface balances. These long-term data allowed
statistical analysis and the results of the CCF analysis were statistically significant. However, links
between regional N-surplus pressure data and effects on resulting levels of nitrate leaching should
be subject to further research [40]. Supplementary analyses of more detailed historical, agricultural
pressure data [60] for the local Parishes covering both of the two Danish sites showed that the farm gate
N surplus levels for both Tunø (represented by the Parish of Tunø) and Aalborg-Drastrup (represented
by the two Parishes of Dall and Navling) were about 20% and 10% lower than the regional balances
shown in Figures 4 and 5, respectively, but with similar decadal trends. This confirms the validity of
the current analyses. Furthermore, the local data confirmed the high decrease in N surplus pressure
for Tunø after the 1980s, as well as historical trends back in time similar to the regional results. For
Aalborg-Drastrup, the agricultural pressure according to local agricultural N-surplus followed the
regional trend after 1980 but was significantly higher before 1980. Thereby, the value of localized data
about links between agricultural pressures and lag time in groundwater quality was supported.
Second, particularly for evaluating the effectiveness of the mitigation measures, the time series
should capture the changes in pressure and state. For instance, in Tunø, at some sampling points,
groundwater monitoring had started a few years after the protection plans were implemented (Figure 4f).
The nitrate concentrations in those wells already decreased below 10 mg NO3−/L, and they were
relatively invariant over time. With these time series, the CCF analysis cannot produce statistically
meaningful results.
Third, in cases of the groundwater state, only oxic groundwater should be considered because
nitrate is redox-sensitive. In nitrate-reducing and/or -reduced conditions, nitrate concentrations
decrease not only because of the changes in the inputs from the agricultural system, but also because
of biogeochemical reactions (denitrification to gaseous N compounds) in the subsurface. If the
denitrification reactions dominantly control the nitrate concentrations in groundwater, the correlations
between the agricultural pressure and groundwater state might not be strong or statistically significant.
For example, in Tunø, the deepest groundwater (100. 109) was nitrate-reducing, the CCF analysis
estimated weak correlations, and one of the pressure indicators showed an insignificant result (Table 2).
These results are attributed to its nitrate-reducing condition. In this well, oxygen was nearly depleted,
but its nitrate concentrations were much lower (approximately 25 mg NO3−/L) than the overlying part
of the groundwater (44–170 mg NO3−/L), indicating that nitrate had begun to be reduced. Therefore,
to evaluate the effects of agricultural activities, including mitigation measures, on the groundwater
quality, the role of nitrate reduction reactions in the hydrogeological system should be excluded.
5.2. Hydrogeological Control of Lag Times
The hydrological system determines the pathways between a source (i.e., agricultural soil) and
a sink (i.e., groundwater) and the travel speed of the contaminants through the pathways. All the
hydrogeological systems, however, have complex networks of flow pathways, and this complexity
has been a major challenge in communication among stakeholders, water authorities, and scientists.
To develop a water protection program with local stakeholders, it may be more important to identify
the most dominant pathways of water and nitrate transport, rather than to fully understand the
complexity of the hydrogeological system. By targeting the primary pathways, the efficiency of the
mitigation measures may be increased [19,61]. The main role of the link indicators is to reveal the
primary pathways of the site so that the stakeholders can develop action plans and set achievable goals.
Tunø is a sandy aquifer underlain by Quaternary glacial deposits, where heterogeneous geology and
flow pathway network are expected. However, our data showed that lag times and groundwater ages
linearly increased with an increasing depth at this site (Figure 7a). These results imply that the signals
of the agricultural pressure are propagated downward, predominantly via matrix flow (i.e., diffusion
and dispersion through the porous medium) to groundwater. In a matrix flow-dominated system,
the groundwater state may respond to the agricultural pressure slowly, which is consistent with the
relatively long lag times of the Tunø site.
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The Aalborg-Drastrup site is underlain by limestone. Limestone aquifers are also well known
for their complexity and anisotropy of flow networks because both matrix flow via porous medium
and preferential flow via fractures play a key role in transporting water and contaminants [62]. This
complexity may explain why the lag time and residence times heterogeneously varied with depth.
When preferential flow via large fractures is the dominant pathway, the agricultural pressure signals
will rapidly propagate to groundwater, and consequently young groundwater and short lag times
can be found at deep depths in this case (Figure 7b). Conversely if matrix flow via porous medium or
macroscale fractures plays a more important role in delivering water and nitrate, the groundwater
state responses will be significantly delayed. At the Aalborg-Drastrup site, we observed both patterns
and these observations imply that both pathways may be active. In this case study site, mitigation
measures that target rapid (i.e., preferential flow) and slow (i.e., matrix flow) pathways will be needed.
La Voulzie is also underlain by limestone. A previous study using multiple tracers in this
area revealed that, at this site, nitrate transport mainly occurs through matrix flow on a long-term
timescale [63]. Consistent with this, the lag times of nitrate were 8–24 years (Table 2) and the monthly
water chemistry data showed no seasonal variations. At this site, therefore, a long-term water protection
program will be necessary. Furthermore, the results also show that the lag time variability among the
springs may be explained by the hydrogeological structure of the subsurface. At the top spring, the
estimated lag time is shorter than those of the other two springs. These differences may be because
the top spring is located above the relatively impermeable clay layer (Figure 3), while the other two
are located below it. Therefore, the top spring may receive water that circulates only within the top
limestone layer. In sum, we conclude that the link indicators may be useful for better understanding
of how water and nitrate move through the hydrological system and selecting the best mitigation
measures. The underlying hydrogeology is the primary control of the relations between the agricultural
pressure and groundwater state. Therefore, the hydrogeological system should be well-characterized
in the context of the objectives and the spatial and temporal scales of the water protection programs.
5.3. Link Indicators: Groundwater Age vs. Lag Time
The time lags between pressure and state can also be estimated through groundwater age
measurements using environmental tracers such as CFCs, 3H/3He, and noble gases (Ar, He, Kr, Ne,
and Xe) if the contaminant is highly soluble [64–68]. Nitrate is primarily transported as solutes and
behaves conservatively in the oxic zone; therefore, the groundwater age may be a useful indicator for
estimating the time lag of groundwater state responses. Indeed, previous studies of groundwater ages
and groundwater chemistry have successfully documented the changes of nitrate concentrations in
groundwater chemistry as responses to the changes of regulations or agricultural practices at decadal
scale [64–68].
Our results show that the lag times estimated using the statistical CCF method were shorter than
the measured CFC groundwater ages in Tunø. Such differences could be attributed to uncertainties
associated with each measurement; however, in principle, lag time and groundwater age represent
two different hydrological timescales. Lag time measures the time difference between a pressure peak
and a state peak; therefore, it quantifies how fast a water parcel or an input signal moves through a
groundwater system [69]. In other words, lag time is transit time. Comparatively, groundwater age is
the mean residence time of the water; therefore, it is related to water mass movement and the volume
of the groundwater. If the lengths of pathways of a hydrogeological system are identical, its lag time is
half of the mean residence time [70]. However, such hydrogeological systems do not exist. The lengths
of pathways are greatly different, even for a relatively homogeneous system; therefore, some signals
can propagate through the system via short pathways (i.e., short lag time), while the rest take longer
pathways (i.e., long residence time). In other words, water can be contaminated quickly, but it will
take much longer to remediate it.
When the lag time and groundwater age are used as link indicators in communications with
stakeholders, it is important to make a distinction between these two link indicators and to assess the
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limitations of each indicator. The CCF method is a statistical analysis tool and it does not provide
process-based understandings of the lag time between the agricultural pressure and groundwater state.
The lag time is controlled by the interplay between hydrological and biogeochemical processes [71],
which potentially results in an unclear correlation between the agricultural pressure and groundwater
state and in highly uncertain estimations of lag times. Therefore, lag time results should be carefully
examined on the basis of good understandings of the hydrogeological system.
The groundwater age is the mean age of the exiting waters at the monitoring point in the aquifer,
and it does not provide information about the age distribution by itself. Information about the age
distribution, however, may be critical to identifying the sources and timing of the contamination [72]
and to estimating the time span of the water protection plans. If the ages of a water body show a
normal distribution, for example, then it will take twice as long as the mean residence time to replace
all the waters in the water body. However, it is well documented that groundwater is a mixture of
waters with vastly different ages, often displaying a skewed distribution with a long tail or a bimodal
distribution (e.g., [72,73]). Several models and multiple tracers methods are available to estimate
the distribution of water ages, and different methods may predict different distribution patterns
(e.g., [66,72,74]). Therefore, when using the groundwater age as a link indicator, the age distribution
and limitations associated with the employed method should be provided.
5.4. Lag Time as a Criterion for the Selection of Pressure and State Indicators
Because different stakeholders have different interests, they focus on different aspects of drinking
water protection plans. For example, farmers may be interested in the effects of the implemented
measures on their fields. For the field level evaluation, the spatial scale of the agricultural N pressure
(i.e., N surplus) will be essential. For example, the farm gate N surplus at the geo-regional scale of the
Tunø case study site did not show the effects of the local mitigation measures, whereas soil surface
N surplus at the field scale showed instantaneous reduction (Figure 4a). Indeed, many EU member
states have adopted N surplus (or N balance, N budget) at the field level as an advisory or regulatory
tool [40]. For instance, the Danish agriculture and Food Council works on a fertilizer planning system
that precisely calculates the soil surface N balance and surplus on individual fields of the farmer, giving
the farmer the opportunity to take this soil surface N surplus into account when the farmer plans
the application of mineral and manure nitrogen to his or her crops. Therefore, farmers can readily
calculate N surplus at the field scale.
In combination with the soil surface N surplus, soil pore water chemistry may be useful to
evaluate the effects of mitigation measures at the field scale because of its short lag time. Our results
show that nitrate in soil pore water responds to the agricultural pressure almost instantaneously
(lag time between 0 and 2 years; Table 2) and the strength of their correlation was strong (0.75–0.85;
Table 2) in Tunø. Indeed, the soil pore water chemistry, which is generally referred to as N leaching,
is one of the most widely monitored parameters for scientific, monitoring, and regulatory purposes
in order to quantify N losses from the agricultural system to the hydrogeological system [36,75–77].
Several methods have been developed, and the advantages and limitations of each method are well
documented (e.g., [75,78,79]). Because of the spatial heterogeneity and temporal variability of soil
pore water chemistry, establishing monitoring networks and obtaining representative values for N
leaching will be costly and labor-intensive; however, nitrate in soil pore water collected below the root
zone directly measures the amount of nitrate loss after the complex interplay between agricultural and
biogeochemical N cycles in the soil layer. Furthermore, farmers or citizens can be part of the monitoring
procedure; therefore, this may contribute to increasing the transparency of the indicator. We strongly
recommend developing a sampling protocol to account for the spatial and temporal variability of the
soil pore water chemistry that can document the link between N surplus and nitrate concentration in
soil pore water.
On the other hand, water companies and authorities may be more interested in the changes
in the quality of drinking water resources that likely integrate signals from the entire catchment or
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recharging area. In order to do this, N surplus may be calculated for the area of interest, i.e., catchment
or recharging area, and nitrate concentrations in oxic groundwater can be used as a water quality state
indicator. To specifically evaluate the effects of the mitigation measures, oxic groundwater should be
focused upon because the effects of naturally occurring N reduction reactions are negligible in oxic
conditions. In addition, our results of all three case study sites showed that the lag times generally
increased with an increasing distance from the N source (e.g., depth or flow pathways). Therefore,
oxic groundwater close to the N source may be most effective for rapid communication with the
stakeholders. It is equally important to select representative locations for oxic groundwater monitoring
because the groundwater chemistry and lag time responses can be spatially heterogenous. Therefore,
monitoring programs should be carefully established to document the spatial and temporal variability
of the site.
6. Conclusions
This study investigated lag times as a link indicator to better understand the cause–effect relations
between agricultural N pressure and groundwater quality state using data from the three case study
sites. We showed that the cross-correlation (CCF) analysis of soil surface N surplus and annual average
concentrations of nitrate in water can be a simple and useful method to determine the lag times
between agricultural N pressure and groundwater quality state if long-term pressure and state data are
available. Furthermore, the spatial patterns of lag time distribution revealed the dominant pathways
of water and nitrate, which then provide valuable information for the selection of mitigation measures.
Groundwater age is another useful link indicator to estimate the timescale of the water quality state
responses to the agricultural pressure, particularly in data-limited circumstances. However, lag time
represents transit time while groundwater age measures residence time; thus, these two should be
distinguished in communication with the stakeholders.
Altogether, we concluded that the link indicators investigated under the DPLSIR framework can
illustrate some of the potential for enhancing the communication of uncertainties and complexity
between the agricultural pressure and groundwater state. When dealing with groundwater and
agriculture-related issues, the link between the pressure and state is important for the responses
(in terms of measures and policies) adopted by authorities that are to be accepted and used by
farmers. If there is a common understanding of the link among the stakeholders, then decisions
and water protection plans might be easier to implement. Knowledge exchange on the link between
decision-takers (farmers) and decision-makers (policymakers and water work) should be one of the
first steps when developing water protection plans in the future.
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